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ABSTRACT

Heavy metal contamination of soil and groundwater has been a concern in water supply
and public health in many countries where the water supply system draws primarily from
groundwater. In the present study, mixed maghemite-magnetite nanoparticles have been
used as adsorbents for Cr(VI), As and Cd(II) removal. From the study, it is apparent that
the removal of Cr(VI ), Cd(II) and As(V) by mixed iron oxide nanoparticles depends on
pH, temperature, contact time, solid/liquid ratio and initial concentration of heavy metals.
The results showed that Cr(VI) adsorption on mixed maghemite-magnetite was
dependent on solution pH between 3 and 6. Theoretical multiplet analyses in X-ray
photoelectron spectroscopy (XPS) study showed that during Cr adsorption, the amount of
maghemite increased from 70 to 89%. Fe(II) was transformed into Fe(III) by the redox
reaction and Cr(VI) species were reduced to Cr(III) species. In arsenic removal study, it
was found that the percent of maghemite also increased for As(V) and As(III) adsorption.
At the same time, the percentage of magnetite was reduced for both cases. Thus, a redox
reaction occurred on the mixed magnetite-magheamite surface when arsenic was
introduced. In cadmium removal study, adsorption capacity of mixed maghemitemagnetite for Cd(II) ions increased with an increase in the pH of the adsorbate solution.
The results showed that 0.8 g/L of 20-60 nm maghemite-magnetite particles removed up
to 1.5 mg/L Cd. The XPS surveys confirmed that As, Cr(VI) and Cd(II) ions may
undergo oxidation-reduction reactions upon exposure to mixed maghemite-magnetite, or
may be fixed by complexation to the oxygen atoms in the oxyhydroxy groups. The
investigation of transport and chemical states analysis during arsenic removal by
ii

monolith slag from nickel smelting revealed that slag was efficient in arsenic removal,
attaining equilibrium sorption capacities in the range of 1000-1054 µg/g for an initial
arsenic concentration of C0 = 10 mg/L. Column studies showed the sorption of arsenic by
smelter slag (a waste material) was complex and involved both chemisorption and
physical sorption. Sorption capacities for As(V) were significantly higher for Ni smelter
slag. Raman spectroscopy and XPS results demonstrate that the As reacted with a large
proportion of the slag in the experiment. Thus, further investigation would be necessary
to evaluate the applicability of mixed iron oxide loaded particles for subsurface
remediation at field scale.

Key Words:

Arsenic, chromium, cadmium, adsorption, mixed magnetite-maghemite,

nanoparticles, Thermodynamics.
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CHAPTER 1
INTRODUCTION

1.1Background

Groundwater contamination by heavy metals is a major concern in soil and water
environments. Among heavy metals, arsenic (As), chromium (Cr) as well as cadmium
(Cd) cause widespread surface and groundwater contamination. Evidence of chronic
arsenicosis has been found in populations ingesting arsenic-contaminated drinking water
in southwestern Taiwan (Chen et al. 1985), Bangladesh (Smith et al. 2000), Chile
(Borgono and Greiber, 1971), India (Mandal et al. 1998), the United States (U.S. EPA,
2001), Mexico (Cebrian et al. 1983), Argentina and Canada (Hindmarsh et al. 1977).
Chromium (VI) is found widely in groundwater in North America and elsewhere. It is
considered a very toxic ion. Bartlett et al. (1976) reported that Cr(VI) species is known
to be more toxic than its trivalent oxidation state. According to Fendorf et al. (1997),
Cr(VI) is very toxic to living organisms, is corrosive and a strong oxidant and more
mobile in soils than arsenate. These authors further reported that chromium(VI) causes
multiple effects after large single doses, including cytotoxicity and direct tissue damage,
immune effects such as contact dermatitis in humans and also causes cancer in animals
and humans after prolonged exposures. Again, another contaminant is cadmium (Cd2+)
which is a toxic heavy metal. Sharma (2008) found its harmful effects on fauna, flora and
human beings. Geologic formations, such as soil and bedrocks, are primary sources of
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arsenic and chromium contamination in soil-water environment in many parts of the
world.

Sanchez et al. (1999) noted that high concentrations of these heavy metals in subsurface
or groundwater can constitute long-term health risks to ecosystems and humans. They
reported that metals exist in soils and sediments in various fractions, chemical species or
forms, namely: adsorptive, exchangeable, carbonate-bound, oxide-bound, organic matterbound and detrital forms or crystal lattice metals. These geochemical forms of heavy
metals in the subsurface affect their solubility, which directly control their mobility, the
risk of ground water pollution and bioavailability. Kanel et. al. (2006) and Sanchez et al.
(1999) explained that heavy metal ions are toxic to living organisms and non-degradable
as well as persistent in the subsurface. Therefore, the elimination of heavy metal ions
from aqueous environment is very essential to protect public health. Exposure to heavy
metals, even at trace level, is considered to be a risk for human beings (Mohan et
al. 2007). Huge amounts of metals-contaminated water have been released to the
environment as a result of industrial activities. According to the EPA and the WHO,
human exposure to toxic heavy metals can cause many infections and diseases (e.g.
cancer). Negative health impacts from these toxic metals have become major issues,
making it necessary for scientists and engineers to develop innovative, economical
approaches to treat surface water as well as groundwater. According to Blowes et al.
(2000), the distribution of heavy metals in subsurface and surface water has been
extensively investigated in recent years because of the need for information about
the levels and controls of As, Cr(V) and Cd(II) concentrations and the association
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of heavy metals with sediments. Kocar et al. (2012) have noted that the motivation for
these heavy metal contamination studies has been for various purposes such as
investigations of trace metal insufficiencies in diets;

heavy metal pollution,

accumulation in surface water and groundwater as well as in marine organisms.

To remedy arsenic, chromium and cadmium contamination, several methods are used
including precipitation, electrochemical reduction, adsorption, ion exchange, solvent
extraction, nano-filtration and reverse osmosis ( Mayo et al. 2006; and Hu et al. 2004).
Fendorf et al. (1997) demonstrated that a monodentate complex, a bidentate-binuclear
complex, and a bidentate-mononuclear complex could be formed when As and Cr were
reacted with iron oxides. These authors found that extended X-ray absorption fine
structure spectroscopy (EXAFS) provided direct evidence for inner sphere adsorption of
arsenate and chromate on goethite. Adsorption of arsenic and chromium on different
adsorbents such as iron, iron oxide, iron coated sand, and iron coated activated carbon (
Petrusevski et al. 2002), and granular ferric hydroxides (Driehaus et al. 1998) have also
been investigated. Natural ores and minerals, namely kaolinite (Guha et al. 1990),
feldspar (Prasad, 1994), magnetite (Shipley et al. 2009), hematite and maghemite
(Tuutijarvi et al. 2009) have also been used for the adsorption of arsenic though not as
extensively as other materials. Arsenic, chromium and cadmium in groundwater can be
removed using nanoparticles and currently, a lot of research is being conducted in the
field scale. However, their use is limited due to high operation costs and technical
difficulties. Increasingly, stringent environmental regulations pertaining to discharges
containing heavy metals necessitate the development of technically and economically
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feasible processes for the removal of arsenic, chromium and cadmium from waste stream,
groundwater as well as from subsurface water.

Many published papers have demonstrated that iron compounds have a high affinity for
the adsorption of arsenic, chromium and cadmium compound. Mayo et al. (2006) and Hu
et al. (2004) reported that magnetite nanoparticles are potential adsorbent for arsenic and
chromium removal in drinking water and are therefore suitable for treating arsenic and
chromium contaminated water. Among these processes, the application of mixed
magnetite-maghemite-goethite iron oxides, iron compound loaded slag and nano scale
mixed magnetite-maghemite in the remediation of contaminated water is a promising
area of research. Adsorption by these reactive media is also an emerging process in site
remediation. The surface properties of iron oxides are key factors in the adsorption of
heavy metals. Electrostatic attraction and redox reactions among iron oxides, arsenic,
chromium or cadmium species accelerate the removal of these metals from aqueous
solution. The application of these reactive oxides in permeable reactive barriers (PRB)
can lead to the removal of heavy metals (As and Cr) from groundwater. To improve
understanding of As, Cr and Cd removal mechanisms and to extend the use of different
iron oxides in subsurface remediation, extensive research was needed. Thus, the
investigation of these mixed iron oxides for the removal of heavy metals from the
subsurface was necessary to define their scope for the development of site remediation
technologies. In this study, mixed magnetite-maghemite, or mixed magnetite-maghemitegoethite with other iron minerals were considered for the use in the design of permeable
reactive barrier for groundwater remediation.
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1.2 Objectives of the study

The broad objective of this research was to select the best reactive medium for subsurface
remediation. The specific objectives of the study are : (i) to determine the mechanism of
Cr(VI), As and Cd(II) adsorption on mixed magnetite-maghemite iron oxides particles;
(ii) to analyze the kinetics of cadmium(II) uptake by mixed maghemite- magnetite
nanoparticles; (iii) to investigate the performance of mixed maghemite-magnetite
nanoparticles in Cr(VI) removal by examining adsorption kinetics, reaction mechanisms
and associated thermodynamic parameters and finally, (iv) to investigate the application
of fayalite-mixed iron oxide loaded Ni smelter slag for As(V) removal.

Sorption kinetics was studied to improve our understanding of controlling kinetics and
the governing mechanisms (e.g., surface versus intraparticle diffusion) of sorption. This
study investigated the effect of contact time, pH, solid/liquid ratio and temperature on the
adsorption and distribution coefficient of heavy metal on mixed γ-Fe2O3-Fe3O4 surfaces.
The study also included the investigation of the application of fayalite-mixed iron oxide
loaded Ni smelter slag for subsurface remediation technology as well as the calculation
of the rate constants, removal capacity and contaminant transport over time for As(V)
removal in the fayalite-mixed iron oxides (magnetite-maghemite-goethite) loaded Ni
smelter slag columns simulating PRB.
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Surface analytical techniques were performed to assess bonding in iron oxides as well as
in contaminant adsorbed iron oxide to evaluate sorption mechanisms. XRD, SEM and
Raman spectroscopy were conducted to evaluate oxide species and secondary minerals
on mixed iron oxides surfaces. The identification of the chemical states of the adsorbed
Cr using XPS and Raman analyses during the removal of As and Cr(VI) from aqueous
solution by mixed maghemite–magnetite nanoparticles was another objective of this
study. Fe and Cr are both transition elements. Thus, multiple analysis of Cr or As loaded
iron oxides in XPS data produced additional information in the field of geochemistry.
Moreover, theoretical multiplet analysis or multiplet splitting of Fe 2P XPS spectra of
fresh mixed iron oxide and contaminant adsorbed mixed iron oxides as well as bonding in
contaminant adsorbed iron oxides were also investigated to evaluate sorption
mechanisms. Mineralogy of pure and adsorbed Ni smelter slag as well as reactive slag
effectiveness for arsenic removal was also determined in this study.

1.3 Contribution of the thesis

The work described in this study involved batch and column laboratory experiments as
well as theoretical analysis using different models. Mixed magnetite-maghemite (Fe3O4γ-Fe2O3) nanoparticles are potential adsorbents for arsenic, chromium and cadmium
removal in water and are therefore suitable for treating heavy metal contaminated water.
The study investigated the adsorption mechanism of arsenic, chromium and cadmium
ions on mixed magnetite-maghemite nano or different scale particles. This is one of the
very few studies that have, to date, examined arsenic, chromium or cadmium removal
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from aqueous solution by mixed magnetite-maghemite nanoparticles. Although magnetite
and maghemite can separately remove greater amounts of these metals from aqueous
solution than the mixture (Shipley et al. 2009; and Lim et al. 2009), it is probably more
realistic and practical to investigate the removal efficiency of the mixture because of the
common association of the two minerals in nature. In addition, most commercial grade
‘magnetite or maghemite’ nanoparticles used in field scale remediation of heavy metal
contamination would likely be a mixture of magnetite and maghemite or hematite
because of slight oxidation during storage or shipping.

Electrostatic attraction and

oxidation-reduction between heavy metal and mixed magnetite-maghemite-goethite are
the postulated mechanisms for removal from aqueous solutions. Specific adsorption
(chemisorption) and nonspecific adsorption (electrostatic attraction) were investigated to
determine the application of crystalline iron oxides for As, Cr and Cd anion ligand from
aqueous phase. The key contributions of this research are as follows:

a) This thesis suggests that arsenic adsorption involved the formation of weak arseniciron oxide complexes at the magnetite-maghemite surface. The relative content of the
Fe(II) decreased for As(V) and As(III) loaded magnetite-maghemite sorbent indicating
oxidation on mixed surface as well as increase in maghemite from 30.1% to 47.2%.
Again, smaller amounts (41.5% to 32.2%) of Fe(III) decreases on As(V) loaded
magnetite-maghemite sorbent in magnetite spectra indicating a decrease in magnetite
content on mixed magnetite-maghemite sorbent.
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b) Although many previous researchers have looked at Cr(VI) removal by adsorption,
very few studies have focused on the removal by mixed maghemite-magnetite. This
thesis, however, did not delineate the mechanisms occurring in the surface and bulk
adsorbent. In the present study, the nature and stability of the adsorbate-adsorbent
interaction at the surface scale were determined. The outcomes of this study would
benefit the water and wastewater industry in three aspects: (i) control and mitigation of
Cr(VI) by adsorption processes; (ii) treatment of Cr(VI) contaminated wastewater; and
(iii) remediation of Cr(VI) contaminated groundwater. The identification of the chemical
states of the adsorbed Cr using XPS and Raman spectroscopy analyses during Cr(VI)
removal by mixed maghemite–magnetite nanoparticles was also a major contribution of
the study. The Raman and XPS data confirm that electrostatic attraction and oxidation–
reduction reactions are the main mechanisms for the removal of Cr(VI) from aqueous
solutions. Fe and Cr are both transition elements. Thus, it is clear that multiplet analysis
of Cr(VI) loaded mixed iron oxides in XPS data has produced additional geochemical
information and identified the sorption mechanisms. From the Raman study, it may be
inferred that, in addition to adsorption reactions, diffusion reactions were also important
during the removal of Cr(VI) by mixed iron oxides.

c) This thesis identified the adsorption kinetics and distribution or diffusion models of
Cd(II) removal by mixed iron oxide nanoparticles (γ-Fe2O3-Fe3O4). Results from this
study can be used to evaluate the utility of mixed maghemite-magnetite nanoparticles for
heavy Cd removal at the field scale. In this study, theoretical multiplet analysis of the Cd
adsorbed γ-Fe2O3-Fe3O4 was also a novel contribution to the literature on XPS studies.
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However, no published study has, to date, investigated the effect of contact time, pH,
solid/liquid ratio and temperature on the removal and distribution coefficient of Cd on
mixed γ-Fe2O3-Fe3O4 surfaces.

d) Investigation was also be carried out to evaluate the applicability of mixed iron oxide
particles for the construction of permeable reactive barriers. To date, not a single reactive
barrier containing mixed FeO has been installed to remediate Cr/As from sub-surface.
The principal aims of the work were to experimentally investigate the adsorption
capacity and rate of heavy metals onto the mixed iron oxides loaded Ni-smelter slag
sorbent in column systems. The study also reveals the extent to which existing
mathematical models for contaminant transport can determine the experimental data
and thereby serve as an aid in understanding experimental phenomena and to assess
the potential utilization of fayalite-mixed iron oxide loaded Ni smelter slags as permeable
reactive subsurface barrier media in remediation of heavy metal contamination in
groundwater. This study can also help to develop a new reactive medium for barriers that
is used to reduce the severe contamination of soil and groundwater.

1.4 Organization of the thesis

This thesis consists of seven chapters and one appendix. Chapter 1 contains background,
objectives and contribution of the thesis.
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Chapter 2 discusses the literature review including the surface chemistry of iron oxides,
the adsorption process of different iron oxides, heavy metals (e.g. As, Cr and Cd) in
subsurface and iron oxides containing permeable reactive barriers (PRBs) etc. The
characteristics of iron oxide particles in aqueous solution and background study of heavy
metal adsorption on different iron-oxides are also discussed in this chapter.

Chapter 3 deals with As(III) and As(V) ions removal from aqueous solutions by
adsorption on magnetite-maghemite nanoparticles. This chapter discusses different
isotherms’ models and determines As(III) and As(V) ions maximum adsorption capacity
(mg/g) and Gibbs free energy (∆G0, kJ/mol) by using Langmuir’s model. The results of
the X-ray photoelectron spectroscopy (XPS) studies for the determination of surface
composition after adsorption are also included in this chapter. Finally, it concludes that
arsenic species is removed by magnetite-maghemite nanoparticles through the formation
of weak complexes on the surface of the magnetite.

Chapter 4 discusses chemical states in XPS and Raman analysis during removal of
Cr(VI) from contaminated water by mixed maghemite–magnetite nanoparticles. This
chapter deals with instrumentation for XPS and Raman spectroscopy, temperature, the
retention time, adsorption isotherms as well as thermodynamic parameters and the
adsorption rate constant (kad) of mixed maghemite-magnetite nanoparticles. This chapter
also interprets theoretical multiplet analysis of the fresh and Cr adsorbed γ-Fe2O3-Fe3O4
mixture particles.
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Chapter 5 deals with the effect of contact time, pH, solid/liquid ratio and temperature on
the adsorption and distribution coefficient of Cd on mixed γ-Fe2O3-Fe3O4 surfaces.
Adsorption kinetics study and the intraparticle diffusion model are also discussed in this
chapter. Moreover, multiple linear regression modelling for the Cd adsorption data, an
investigation of the elemental composition and chemical oxidation states of surface as
well as near-surface species using X-ray Photoelectron Spectroscopy (XPS) are
interpreted in this chapter.

Chapter 6 contains a feasibility study regarding the application of fayalite-mixed iron
oxide loaded Ni smelter slag as reactive medium in PRB. This chapter discusses kinetics,
transport and implications of slag for subsurface remediation. The mineralogical
investigation of fresh and As reacted slag as well as arsenic migration through columns is
also included in this chapter.

Chapter 7 provides conclusions and recommendation for future studies and engineering
application of the magnetite-maghemite-goethite particles in arsenic, chromium and
cadmium ions removal.

The appendix contains different thermodynamic parameter calculations; column
parameters at different pH as well as controlled thermodynamic condition; and the table
of results obtained from surface analysis.
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CHAPTER 2
LITERATURE REVIEW
2.1 Iron oxides
Aerobic weathering of surface magmatic rocks in both water and soil environment
generates the formation of Fe(III) and Fe(II) oxides. Iron is in the trivalent state in the
most common compounds. Most iron oxides have low solubility in aqueous solution and
a high energy of crystallization (Cornell et al. 2003). They make only minute crystals in
the environment. Thus, iron oxides have high specific surface areas.

Hematite (α-Fe2O3) is found more in aerobic soils of subtropical, mediterranean and
humid to sub-humid tropical. It’s color is red if finely divided and black or grey if
coarsely crystalline. The magnetic behaviour of hematite depends on crystallinity/
particle size and the extent of cation substitution. Hematite is less soluble than magnetite
or maghemite. Acidity constants (pKa1 and pKa2) of hematite are 8.86 and 10.1 (Cornell
et al. 2003).

Magnetite (Fe3O4) is a black color. It is a ferromagnetic mineral containing both Fe(II)
and Fe(III). It is responsible for the magnetic properties of rocks. This mineral contains
two different cation sites in the structure such as (a) tetrahedral occupied by Fe(III) and
(b) octahedral occupied by Fe(III) and Fe(II) that form the basis for two interpenetrating
magnetic sub-lattices. According to Cornell et al. (2003), the surface hydroxyl groups,
arising from adsorption of water or from structural OH, are the functional groups of iron
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oxides. Charge on the iron oxide surface is established by the dissociation (ionization) of
the surface hydroxyl groups. According to Cornell et al. (2003), the acidity constant of
magnetite, pKa1 is 5.6. Thus, at pH values smaller than 5.6, dominant functional groups of
iron oxide surface would be Fe2+ or FeOH+. Thus, iron oxide would attract negatively
charged heavy metal species at low pH.

Maghemite (γ-Fe2O3) is a red-brown and ferromagnetic mineral. It is iso-structural with
magnetite, but with cation deficient sites. It exists in soil as a weathering product of
magnetite and as the product of heating other Fe oxides in the presence of organic matter.
It is widespread in soils of tropical and subtropical regions. It contains a structure similar
to that of magnetite but differs from magnetite in that all or most Fe is in the trivalent
state. According to Tuutijarvi et al. (2009), maghemite has a point of zero charge at pHpzc
7.5 and the more acidic the condition the more positive was the surface charge of the
maghemite surface. Thus, maghemite can adsorb negative species at acidic pH.
Hydrothermal magnetite deposits are found at many locations around the Pacific basin,
Chile, Peru, Central America, Australia, Sweden and Japan (Guilbert and Park, 1986) and
Brazil (Faria et al. 1997 and Dana, 1997). Under anoxic conditions, magnetite (Fe3O4) is
topotactically oxidized by protons in water to create maghemite (γ-Fe2O3):

Fe3O4 + 2 H+

γ-Fe2O3 + Fe2+ + H2O ………………….. (2.1)
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According to Faria et al. (1997), this reaction is strongly affected by solution pH and
although rapid at low pH, is likely to be negligible for pH greater than 7. In nature, most
iron oxides are found in mixed forms.

Cornell et al. (2003) reported that Goethite (α-FeOOH), one of the most
thermodynamically stable iron oxides, is a common mineral form under oxidizing
conditions as a weathering product of iron bearing minerals. It can adsorb heavy metal
species from aqueous solutions (Sanchez et al. 1999). It exists in the soil as the most
common Fe-O mineral because of its high thermodynamic stability.

2.2 Surface Chemistry of Iron Oxides

The surface charge of different iron oxides is dependent on the medium’s pH. Moreover,
natural particles hold surface charge from structural substitutions and disorder (referred
to as intrinsic surface charge) and reactions with ionic species in aqueous solutions
(referred to as adsorption reactions). Cornell et al. (2003) described that these adsorption
reactions follow two procedures such as adsorption reactions with proton or hydroxyls
(e.g. from water molecules dissociation) and adsorption with other ions or ligands in
solution. The central ions of different iron oxides perform as Lewis acids and share their
structural OH against other ligands. Under dry condition, surface Fe atoms can be
unsaturated and surface Fe atoms act as Lewis acids because they carry unoccupied
atomic orbitals. Moreover, they undergo reaction with Lewis bases (electron pair donor)
in aqueous system. During adsorption, the water molecules dissociate and result in a
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surface covered with OH- groups coordinated to the underlying Fe-atoms. These hydroxyl
functional groups are chemically reactive entities at the surface of the iron oxide solid
particles in aqueous environment. They contain a double pair of electrons together with a
dissociable hydrogen atom which allow them to react with acid and base. According to
Cornell et al. (2003), the Fe-O surface charge depends on the dissociation of the surface
hydroxyl groups. They further reported that adsorption or desorption depends on solution
pH represented by the following dissociation reactions:

…………………………………… (2.2)

…………………………………….. (2.2a)

The charge on the solid particles that exists as a result of the ionization of the surface
hydroxyl group is balanced by a layer of counter ions of opposite charge located in the
aqueous solution. The surface charge together with the layer of counter ions in the
solution phase is defined as the electrical double layer (EDL). The separation of charges
in the EDL generates the development of a difference in potential between the surface
and the solution. This depends on solution pH and temperature. Positively or negatively
charged surface can be generated because of adsorption or desorption reactions
happening on the iron oxide surface. Most iron oxides have a point of zero charge (pzc)
in the pH range 6-10 (Sposito, 1984). Thus, positive, negative and neutral functional
groups can coexist on the surface of Fe-O.
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2.3 The adsorption process of different iron oxides

The adsorption process of different iron oxides involves interaction of the contaminant
with the adsorbent i.e. Fe-O with surface OH- groups. Cornell et al. (2003) explained that
the metal ion (Fe) acts as a Lewis acid and reacts with OH- groups for other ligands
(anions) to form a surface complex. Anion metal species usually adsorb on FeO either
specifically or non-specifically. Specific adsorption is also called chemisorption, inner
sphere adsorption or ligand exchange by replacing the surface hydroxyl groups by the
adsorbing ligand. Adsorption of anions on the minerals generally takes place by three
mechanisms (Stumm, 1992 and Sposito, 1984) such as inners sphere complex formation,
outer sphere surface complex and adsorption in the diffuse-ion swarm.

During inner sphere complex formation, the anion is bound directly to the particle surface
resulting in a decrease or increase in surface charge. There is no water molecule
interposed between the functional group and the binding ions or molecules. Specific
adsorbing or inner sphere complex ions modify the surface charge on iron oxides and are
usually tightly bound (Cornell et al. 2003).

If at least one water molecule is interposed between the functional group and the ion,
non-specific or outer sphere complex formation occurs. This is due to electrostatic forces
and depends on the ionic strength of the system. Cornell et al. (2003) reported that the
adsorbing species retains its primary hydration shell. When the adsorption system is
governed by electrostatic attraction, the surface must contain an overall positive charge in
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order for anion adsorption on the surface. In contrast, an overall positive charge is not
required in the case of iron oxide particles in the specific adsorption system. Thus, it
explains that adsorption may occur at any pH in specific or inner sphere adsorption
system and may take place on a neutral surface or even with same surface charge species
(Cornell et al. 2003). Moreover, the diffuse-ion swarm involves almost exclusively
electrostatic bonding and is affected only by surface charge and valence. The
corresponding adsorption products are less stable than specific adsorption (Cornell et al.
2003). Strength of adsorption could be as follows: Inner-sphere > Outer-sphere > Diffuse
ion swarm.

Figure 2.1: Surface complex formation on adsorbent (Sposito, 1984).

The Langmuir and Freundlich isotherms were used to interpret the nature of adsorption of
arsenic or chromium on magnetite, hematite or mixed magnetite and maghemite
nanoparticles (Hu et al. 2004; Yean et al. 2005; Hu et al. 2005 and Mayo et al. 2007). The
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experimental data obtained at fixed pH were applied to the linearized forms of Langmuir
and Freundlich isotherms which showed the suitability for measuring adsorption.
Adsorption of simple inorganic anion on iron oxides was investigated (Cornell et al.
2003). The electrostatic attraction as well as redox reactions between different iron oxide
and contaminant species would be the principle mechanism in the adsorption system.
Yean et al. (2005) reported from potentiometric titrations that in the pH range 4 to 6.8,
the surface of magnetite particles contained a positive surface charge, and a point of zero
charge was found at pH 6.8. Tuutijarvi et al. (2009) found a point of zero charge of
maghemite at pHpzc 7.5. They further reported that the more acidic the condition the
more positive was the surface charge of the adsorbent and, accordingly, the more
attractive to As(V) species, namely H2AsO4- or HAsO42-. According to Singh et al.
(1996), the adsorption of arsenate would be favoured electrostatically up to the pHzpc (7)
of the hematite but the solute from the solid phase to the bulk phase beyond this point,
specific adsorption (chemisorption) plays an important role.

Reaction at the iron oxide/solution interface influences crystallization and dissolution of
these compounds, their stability as well as their interactions with adsorbing species.
Crystallographic considerations specify that the surface hydroxyl groups (-OH) might be
coordinated to one, two or three underlying iron atoms and the overall density of these
groups depends on both the crystal structure and the extent of development of the
different crystal faces (Cornell et al. 2003). They further reported that anions are ligands
i.e. they possess one or more atoms with a lone pair of electrons. Ligands are specifically
or non-specifically adsorbing. The number of functional groups on crystallized iron
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oxides (determined by the maximum uptake of adsorbed species) depend on the size of
the adsorbed molecule or ion, the density and arrangement of the functional groups, the
pH of the system, and the time of the reaction. Cornell et al. (2003) demonstrated that
anions that adsorb on iron oxides include phosphate, silicate, selenite, arsenate, chloride,
fluoride, chromate and oxalate. The effect of rising pH on anion adsorption is the result
of two opposing effects. Those are as follows: 1) the increase in the relative concentration
of the anionic forms of the conjugate acid as the pKa is approached, which promotes
adsorption on the oppositely charged surface and 2) the decrease with rising pH in the
number of surface FeOH2+ groups.

2.4 Heavy metals in subsurface

Sanchez

et al. (1999)

reported that high concentrations of heavy metals in the

environment may create long-term health risks to ecosystems and humans. Heavy metal
solubility is strongly dependent on soil pH. In calcareous and clay soils, heavy metal
solubility is low, whereas in acidic soils a significant amount of the metal may dissolve
and become available for uptake by plants. In addition, the acidification of soils as a
consequence of the oxidation of pyrite slurry can cause the remobilization of heavy
metals. This represents a major threat to surface and ground waters. The geochemical
forms of heavy metals in soils affect their solubility, which directly influence their
mobility, the risk of ground water pollution, and bioavailability. Soluble forms strongly
depend on the relative contribution of solid soil components such as silicates, carbonates,
oxides and organic matter etc. The type and degree of adsorption capacity of these soil
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fractions are very different and complex in the case of metal retention (Sanchez et al.
1999). Kanel et al. (2006) and Sanchez et al. (1999) reported that most of heavy metal
ions are non-degradable and persistent in the subsurface. They are toxic to living
organisms. Therefore, the removal of heavy metal ions from water environment is very
essential to protect public health. Mohan et al. (2007) reported that exposure to heavy
metals, even at trace level, is considered to be a risk for human beings. As a result
of industrial activities, a large amount of metals-contaminated water has been released to
the environment and causes severe contamination. The symptoms and infections from
these toxic metals have started to be a very important issue, making it crucial for
researchers to create innovative as well as economical approaches to treat water from
surface and groundwater environment.

2.4.1 Arsenic Release and Transport in subsurface

The two most important factors controlling the speciation and solubility of Arsenic are
pH and redox potential. Under oxidizing conditions at pH less than 6.9, H2AsO4- is the
dominant species, whereas HAsO4-2 predominates at higher pH.

Under reducing

conditions at a pH value less than 9.2, the uncharged arsenite species H3AsO3 is
dominant. In contrast to the pH dependency of As(V), As(III) was found virtually
independent of pH in the absence of other specifically adsorbed anions (Vu et al. 2003).
Most often, more trivalent arsenic than pentavalent arsenic is found in reducing
groundwater conditions, whereas the converse is true in oxidizing groundwater
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conditions. The stabilities of arsenic species under different pH and redox conditions are
shown in Table 2.1.

Table 2.1: The stabilities of arsenic species under different pH and redox conditions (Vu
et al. 2003)
Oxidizing condition

Reducing condition

pH

As(V)

pH

As(III)

0-2

H3AsO4

0-9

H3AsO3

3-6

H2AsO4-

10-12

H2AsO3-

7-11

HAsO42-

13

HAsO32-

12-14

AsO43-

14

AsO33-

Kanel et al. (2006) noted that arsenic, a common toxic element, exists in both inorganic
and organic forms in water and subsurface. Iron arsenate (FeAsO4) is one of the most
common minerals found in subsurface. It can be defined as the direct and immediate
source of arsenic because of its availabilities in the compound such as scorolite (FeAs4.
2H2O) and hydrated mixture of arsenate and sulphate also called pitticite (BGS and
DPHE, 2001). These are common alteration products of arsenopyrite (Singh, 2004).
According to Chowdhury et al. (1999), arsenopyrite (FeAsS) is another widespread
arsenic bearing mineral from natural sources. Moreover, many sulfide minerals,
especially pyrite (FeS2), also hold high quantities of arsenic and subsequently leach into
aquifer as a result of arsenopyrite oxidation and acidification of the resulting leachate
(Nickson et al. 1998; Nickson et al. 2000). They further reported that beside arsenic
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bearing minerals, arsenic is often found in sediment in association with manganese and
iron oxyhydroxides. The release of arsenic from those minerals is due to the reductive
dissolution of these oxyhydroxides, which could eventually change the aquifers
conditions.

Arsenic in the subsurface can also be generated from the leaching of geological materials,
input from geothermal sources, mining wastes and landfills either anthropogenically or
naturally

(Harvey et al. 2006). The anthropogenic sources include agro-chemicals,

electric poles painted with arsenic preservatives, mining activities, industrial wastes and
fossil fuel burning (Karim, 2000). Bhattacharyya et al. (1997) reported that uncontrolled
anthropogenic activities such as smelting of metal ores, use of arsenical pesticides and
plant/wood preservative agents can release arsenic to groundwater. They further reported
that natural sources of arsenic can be found in 250 naturally occurring minerals. These
include minerals (particularly sulfides), oxides (particularly metal oxides), and volcanicderived sediments. They can affect large areas, such as extensive aquifers. Mineral
extraction and processing, glass manufacturing, wood preserving pesticide production
and application, waste pile leaching and coal/oil production and processing are the most
common anthropogenic sources (Bhattacharyya et al. 1997).

Arsenic mobility can be controlled in subsurface as well as aquifers by two ways: (1)
adsorption and desorption reactions and (2) solid-phase precipitation and dissolution
reactions (U.S. Geological Survey, 1999 and Harvey et al. 2006)). The original source of
arsenic was most likely oxidation of sulfide minerals, principally pyrite. Harvey et al.
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(2006) further reported that in the Ganges delta, pyrite oxidation occurred during
weathering at the source in the Himalayas and that arsenic was transported and deposited
in association with the resulting iron oxides. They further reported that As is found
predominantly in the inorganic form in oxidation states of +5 or +3. In oxidizing
conditions, the oxyanion arsenate [As(V)] is the predominate species (Vu et al. 2003).
The reactive interaction of As(V) with the subsurface media significantly affects the
movement of As in soil and ground water (Harvey et al. 2006). The equilibrium
adsorption of As(V) to pure solid phases and soils has been studied extensively as
documented in recent reviews. These studies have illustrated that Fe oxy-hydroxides
strongly interact with dissolved As(V). The degree of As(V) adsorption on Fe oxyhydroxides is extremely pH-dependent.

Arsenic found on iron oxide surfacse is an example of an adsorption reaction. Desorption
is defined as separation of arsenic from any adsorbent surface in the reverse reaction. The
formation of a solid phase from components present in aqueous solution is referred to as
solid-phase precipitation. Dissolution of volcanic glass within an aquifer is an example of
solid-phase dissolution. Arsenic adsorption and desorption reactions depend on the
changes in pH, occurrence of redox (reduction/oxidation) reactions, presence of
competing anions, and solid-phase structural changes at the atomic level. Moreover,
solid-phase precipitation and dissolution reactions are subject to the influence of solution
chemistry, including pH, redox state and chemical composition of organic and inorganic
compounds.
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Arsenopyrite (FeAsS) and arsenic-rich iron oxyhydroxides are the two possible sources
responsible for arsenic contamination in the subsurface (Chowhdury et al 1999). Since
arsenopyrite can hold As(III) ions in small proportion with ions of As(V) which is the
dominant constituent, it is quite likely that arsenic in the alluvium occurs as ferric
arsenate (FeAsO4), with ferric arsenite (FeAsO3) in minor proportion (Nickson et al.
2000; BGS and DPHE, 2001). They further reported that the presence of an oxidizing
agent, most commonly atmospheric oxygen (as O2), controls the oxidation rates of sulfide
minerals. The availabilities of oxygen in deep aquifers are dependent on the amount of
oxygen present in recharge water because deep aquifers are separated from the
atmosphere. Increased pumping of groundwater can significantly control the oxidation of
sulfide mineral and arsenic release into aquifers. Thus, increased pumping and reduced
recharge can accelerate the oxidation rates of arsenic bearing sulfide mineral by lowering
the water table and exposing mineral to atmosphere (BGS and DPHE, 2001).

Nickson et al. (2000) demonstrated that the dissolution of ironoxyhydroxides in
subsurface can take place due to the presence of reducing environment. Microbial activity
in sediments as well as burial of organic matter in subsurface plays an important role in
the generation of reducing conditions (BGS and DPHE, 2001). A number of factors can
control the rates of arsenic release reactions under such conditions. Those include rates of
sedimentation, diffusion of gases and microbial reactions, but they are likely to be
relatively rapid on a geological timescale. The reducing conditions and release from iron
oxyhydroxides in the subsurface are the main reasons for the presence of high arsenic
concentrations in sedimentary aquifers (BGS and DPHE, 2001). According to Nickson et
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al. (2000), lowering of pH can also accelerate the dissolution of iron oxyhydroxides and
subsequent release of associated arsenic, as illustrated in Eq-2.3.
Fe(OH)3.AsO4

Fe(OH)2 + + H2O + AsO43- ……… (2.3)

The release of arsenic from arseniferous Fe-oxyhydroxides in reducing groundwater is the
most common process in sediments where rapid consumption of O2 by microbial
metabolism of organic matter generates a strongly reducing environment (Badruzzaman et al
1998; Nickson et al. 1998; Nickson et al. 2000).

2.4.2 Chromium in subsurface

According to Pratt et al. (1997) described that Chromium is an essential industrial metal
used in diverse products and processes. They further noted that much of the groundwater
withdrawn in North America and elsewhere is supplied by shallow aquifers, which are
susceptible to contamination from industrial, agricultural and domestic activities.
Chromium has been releasing in to the environment via leakage, poor storage, or
improper disposal practices at many locations (Palmer and Wittbrodt, 1991; Calder,
1988). Cr(VI) and Cr(III) are the two common oxidation states exposed to the
environment. Cr(VI) is relatively mobile in the subsurface as well as extremely toxic,
mutagenic, teratogenic (Abbasi and Soni, 1984), and carcinogenic (Yassi and Nieboer,
1988). Cr(III) is immobile under moderately alkaline to slightly acidic conditions, and
has relatively low toxicity. Blowes (2002) reported that the hexavalent state of Cr forms
chromate (CrO42-) or bichromate (HCrO4-).
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There are several mineral phases containing Cr(VI) that exist at chromium contaminated
sites. Palmer and Wittbrodt (1991) showed the common compound such as PbCr04
(crocoite), PbCr04.H20 (iranite), and K2CrO4 (tarapacaite) in chromium sludge from a
hardchrome plating facility. CaCrO4 was formed at a seepage face in a drainage ditch
where there was high evaporation. Most of the Cr contaminated groundwater was at
equilibrium with BaCrO4, (hashemite) and makes a complete solid solution with BaSO4
(Rai et al. 1988). Palmer et al. (1994) reported that this solid solution can be a major
impediment to the remediation of chromium contaminated sites by pump and treat
methods. Chromium contamination creates severe impacts on human health as well as the
environment. The potential risk of chromium entering the groundwater flow system and
being transported beyond compliance boundaries should be evaluated to protect the
groundwater contamination by heavy metal. Chromium is found in the subsurface either
in solution or in association with the solid phase or rock. Natural reductants have been
identified by researchers that can transform the more toxic hexavalent form of chromium
to the less toxic trivalent form. Palmer et al. (1994) noted that this Cr(III) precipitates as
a fairly insoluble hydroxide under alkaline to slightly acidic conditions, thereby
immobilizing it within the soil. They further reported that Cr (Vl) is a strong oxidant and
is reduced in the presence of electron donors. Toxic Cr (Vl) can be reduced to the less
toxic Cr(III) in soils and precipitated as an insoluble hydroxide phase.
Electron donors commonly found in soils such as aqueous Fe(II), ferrous iron minerals,
reduced sulfur and soil organic matter. The reduction of Cr(Vl) by ferrous iron can be
illustrated as

-

HCrO4 + 31% + 7H

+

Cr

3+

+ 3Fe

3+

+4H2O……………. (2.4)
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Palmer et al. (1994) described that this reaction is very fast on the time scales of interest
for most environmental problems with the reaction going to completion in less than 5
minutes, even in the presence of dissolved oxygen. In the subsurface, Cr(Vl) can also be
reduced by microbes (Palmer et al. 1994)). Both aerobic and anaerobic reduction by
microbes can occur, however, the latter is more common. Blowes (2002) reported
chromate-containing minerals are very soluble. Because the chromate ion has a negative
charge, chromate adsorption on aquifer minerals is limited. They explained that as a
result, chromate can exist at concentrations well above water quality guidelines and may
migrate with the flowing groundwater in aquifers. In contrast, the reduced state, Cr(III)
produces insoluble precipitates under slightly acidic and neutral conditions, limiting
Cr(III) to very low concentrations in most aquifers. Thus, the reduction of Cr(VI) to
Cr(III) limits both the concentration and mobility of dissolved chromium. This difference
is very important because Cr(VI) is very lethal and carcinogenic whereas Cr(III) is a
nutrient at trace levels. Moreover, Cr(VI) species are attenuated naturally because
minerals containing reduced forms of iron and sulfur are abundant in many aquifers
(Blowes, 2002). These minerals decrease hexavalent chromium to trivalent chromium
and accelerate the precipitation of insoluble solids such as chromium hydroxide. Organic
carbon-rich materials in the subsurface can also reduce hexavalent chromium. Palmer et
al. (1994) reported that in aquifers where these reduced sediments are abundant and the
concentrations of hexavalent chromium are low, the attenuation capacity of the aquifer
can be sufficient to prevent chromium migration. According to Tzou et al. (2003),
phosphate (P), organic ligands, and light sources, can control Cr(VI) retention by the soil
components. The existence of phosphate (P) or organic ligands not only competes with
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solution Cr(VI) for surface sites, but also results in releasing sorbed Cr(VI). Again, the
presence of orthophosphate prevents the adsorption of Cr(VI), most likely by competition
for adsorption sites.

2.4.3. Cadmium (Cd) in Environment

Cadmium is a toxic heavy metal of vital environmental as well as occupational concern.
According to Moore et al. (1984), the stable state of Cadmium (Cd) in the natural
environment is Cd+2. It is silvery white and ductile with a faint blue tinge. Singh et al.
(1998) demonstrated that Cd is most commonly found associated with zinc in carbonate
and sulfide ores. Thus, humans were unknowingly contaminating the environment with
Cd through their production of metals. It has been released to the subsurface through the
combustion of fossil fuels, metal production, application of phosphate fertilizers,
electroplating, and the manufacturing of batteries, pigments, and screens. This heavy
metal has resulted in severe contamination of soil as well as water (Naidu et al. 1994 and
Sharma, 2008 and Boparai et al. 2009). Sharma (2008) noted that discharge of untreated
effluents from various industries into water resources has been one of the major sources
of Cd pollution. Wang et al. (2010) showed that Cd has been included in the red list of
priority pollutants by the Department of Environment, UK and in the black list of
Dangerous Substance Directive in European Economic Community. The US
Environment Protection Agency has also classified Cd as carcinogenic compound.
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According to Waalkes (2000), cadmium is a toxic transition (‘heavy’) metal of
continuing occupational and environmental concern with a wide variety of adverse
effects. He further reported that cadmium has an extremely long biological half-life that
essentially makes it a cumulative toxin and to date there are no proven effective
treatments for chronic cadmium intoxication. According to Naidu et al. (1994), cadmium
accumulates primarily in the liver and kidney where it is bound to metallothionein (MT),
a low molecular weight metal binding protein thought to detoxify the metal through high
affinity sequestration. They further reported that Cadmium (Cd) has been classified as a
human carcinogen and tertogen affecting lungs, kidneys, liver and reproductive organs.
Occupational exposure to cadmium is associated with lung cancers in humans, while
other sites, potentially including the prostate, are not definitively established. The World
Health Organization (WHO) guideline for Cd has set a maximum concentration of
0.003mg L−1 in drinking water. In the field of environmental pollution there are few
subjects that, during recent years, have developed as rapidly as the study of toxic metals.
According to Boparai et al. (2009), given pervasive cadmium contamination and the low
drinking water guideline, there is considerable interest in the development of techniques
to remove cadmium from contaminated water.

Naidu et al (1994) described that high concentrations of heavy metals in soils can
constitute long-term health risks to ecosystems and humans. They further reported that
heavy metal solubility is strongly dependent on soil acidity. In calcareous and clay soils,
Cd(II) solubility is low, whereas in acidic soils a significant amount of the Cd(II) can
dissolve and become available for uptake by plants. In addition, the acidification of soils
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as a consequence of the oxidation of pyrite slurry can cause the mobilization of Cd(II)
minerals. This represents a major threat to surface and groundwater. According to Naidu
et al (1994), the persistence and mobility of Cd in soils are determined largely by the
extent of adsorption by soil particles.

Sharma (2008) described that chemical precipitation is the most common conventional
method for cadmium treatment but large amounts of sludge produced during the
treatment poses disposal problems. They further noted that ion exchange, vacuum
evaporation, solvent extraction, membrane technologies, etc. are well known methods
employed for treatment of cadmium containing wastewaters. Adsorption shows
comparatively a simpler treatment of large volumes of Cd containing effluents and
wastewaters. But, the high cost of most adsorbent and their losses in regeneration limit
their application at large scale in developing nations like India.

2.4.4 Contaminant migration theory
The movement or migration of contaminant through the column or soil bed is of interest
in the prediction of contaminant impact from sources such as point or nonpoint sources.
There are three main mechanisms for contaminant migration through subsurface. These
are advection, diffusion, and dispersion. According to Rowe and Booker (1985), in many
applications the movement of contaminants are primarily in one direction and can be
predicted using one-dimensional dispersion-advection equation for a layered deposit or
different layers of soil. The type of mass transfer by which dissolved substance is
removed from the aqueous phase due to the interaction between the solid matrix material
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of the porous medium and the substance is generally referred to as adsorption. Adsorption
plays an important role in mass transport through subsurface. According to Freeze and
Cherry (1979) and Rowe and Booker (1985), the 1-D mass conservation equation for the
transport of a reactive solute through saturated, homogeneous, isotropic media with
steady state flow is as follows:

………………… (2.5)
Where C, De, R, Vs, and kd represent concentration of contaminant, coefficient of
hydrodynamic dispersion, retardation factor, Darcy velocity and distribution coefficient,
respectively. The retardation factor, R (= 1+ρd/n*kd),

measures the capacity of a

particular adsorbent to adsorb solutes that yield in solute attenuation during contaminant
movement. Dispersion is dependent on varations in the fluid velocity or Darcy velocity.
Moreover, variations of hydraulic conductivity and porosity also play a important role.
Hydrodynamic dispersion represents the combination of mechanical dispersion which is a
physical mechanism and effective diffusion as a chemical mechanism (e.g. De= D+ Dm).
The mechanical dispersion can be expressed as a function of seepage velocity. It can be
determined by the following equation:
Dm= α*ν ……………………………………. (2.5a)
Where, α= Dispersivity (m) and ν= Seepage or groundwater velocity (m/s). According to
Fetter (1999), the greater the flow path length, the larger of the value of longitudinal
dispersivities needed to fit the data to the advection-dispersion equation. When hydraulic
conductivity of the media and velocity of feed solution are very low, mechanical
dispersion can be ignored and the hydrodynamic dispersion (De) would be equal to the
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effective molecular diffusion (D). Dispersion consists of longitudinal and tranverse
dispersion. In three dimension, dispersion involves spreading in transverse and vertical
directions. Dispersion occurs by differences in the fluid velocities within a pore.
A Peclet number (Pe = vx*L/DL) represents a dimensionless number that can relate the
effectiveness of mass transport by advection to the effectiveness of mass transport by
either dispersion or diffusion. L represents the flow length and DL is the longitudinal
dispersion. Fetter (1999) reported that Peclet number increases with flow path length as
advective transport becomes more dominant over dispersive transport. He further
reported that for mass transport near the inlet boundary, it is important to use the correct
transport equation to measure the dispersion coefficient and other parameters. A
quantitative measurement of the dispersion coefficient is a pre-requisite for the solution
of hydrological problems dealing with the transport of contaminant.

Several software packages, such as POLLUTEv7, CXTFIT, EnviroScape, Migrate and
Multimed for Windows, have been developed which simulate contaminant migration in a
porous medium. The software used in the current study was Pollutev7 which has been
utilized in As(V) migration through column simulating PRB. This program uses a one
and a half dimensional solution to the advection-dispersion equation. Unlike finite
element and finite difference formulations, POLLUTEv7 does not need a time-marching
procedure, and thus involves relatively little computational effort while also avoiding the
numerical problems of alternate approaches. POLLUTEv7 can model linear- non-linear
sorption, radioactive and biological decay, transport through fractures, passive sinks,
phase changes and time-varying properties.
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2.5 Background study of heavy metal adsorption on different iron-oxides

Many published papers (Hu et al. 2004, Mohan et al. 2007, Shipley et al. 2009, and
Tuutijarvi et al. 2009) have demonstrated that iron oxides have high affinity for the
adsorption of arsenic and chromium compounds. Magnetite nanoparticles are potential
sorbents for arsenic and chromium removal in drinking water and are therefore suitable
for treating arsenic and chromium contaminated water (Hu et al. 2004, and Mayo et al.
2006,). Mohan et al. (2007) reported As(V) and As(III) removal by goethite, hematite,
granular ferric hydroxide (GFH), iron oxide coated sand, Ferrihydrite, FeCl3 treated tea
fungal biomass and iron oxide coated cement (IOCC). Naturally occurring ores and
minerals, namely kaolinite (Guha et al. 1990), feldspar (Prasad, 1994), magnetite
(Shipley et al. 2009), hematite and maghemite (Tuutijarvi et al. 2009) have also been
used for the adsorption of arsenic though not as extensively as other materials.

Singh et al. (1998) described that hematite (α-Fe2O3), one of the crystalline iron oxides
can remove cadmium (Cd) and the maximum removal of saturation was found to be 98%
at a temperature of 200C and pH 9.2 for an initial concentration of 44.88 µmol/L and
hematite 40 g/L. Naidu et al. (1994) reported that fresh Goethite (α-FeOOH) can also
remove Cd from aqueous solution and removal depends on solution pH. Cornell et al.
(2003) and Petrova et al. (2011) showed that, magnetite ( Fe3O4 ), commonly found in the
environment, can form via several pathways, including biotic and abiotic reduction of
ferric iron Fe3+ oxides and the oxidation of ferrous iron Fe2+ and iron metal (FeO), can
also adsorb cadmium (Cd), cobalt, chromium and arsenic from aqueous solution. The
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controlling mechanism is a function of the standard redox potential of the contaminant
metal and solution pH condition. Singh et al. (1998) also observed that a monolayer
coverage of adsorbate was involved in the adsorption process. Electrostatic attractions as
well as surface complexation were the major removal mechanisms.

A number of researchers have observed that several adsorption processes follow the
Langmuir isotherm. Examples include As(III) adsorption by hematite (Singh et al.,
1988), As(III) and As(V) adsorption by activated carbon, activated bauxite, activated
alumina (Gupta et al., 1978) and amorphous iron hydroxide (Harper et al., 1992), and
As(V) adsorption by amorphous aluminum hydroxide (Anderson et al. 1976). Previous
studies have presented maximum As(III) adsorption capacity for hematite, activated
bauxite, activated alumina and iron(III) hydroxide loaded coral lime stone (Fe-coral) are
2.63, 16, 14 and 0.17 µmol /g, respectively (Gupta et al., 1978; Singh et al., 1988; Harper
et al. 1992; and Maeda et al. 1992). For As(V) adsorption by activated bauxite, activated
alumina, activated carbon and Fe-coral, the calculated maximum adsorption capacities
are 52, 67, 10 and 0.2 µmol/g (Gupta et al. 1978 and Maeda et al. 1992).

Previous researches (Powell et al., 1995; Pratt et al., 1997; Blowes et al., 2000; and
Astrup et al., 2000) have shown that the removal of Cr(VI) by Fe0 is achieved by a
coupled reduction–oxidation reaction followed by precipitation as Cr(OH)3, Fe(III)–
Cr(III) hydroxide and Fe(III)–Cr(III) oxyhydroxide. Recently, due to iron’s reducing
capacity and ability to alter its valence state into more favourable forms for sorption and
reductive precipitation, commercially available iron has been also successfully used for
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the remediation of acid mine drainage (AMD) contaminated by a large numbers of metals
and trace elements such as As, Cd, Cr, Hg, Ni and Zn (Lindsay et al. 2008). According to
Boparai et al. (2009), nano Zerovalent iron( nZVI) particles were used to investigate the
removal of Cd2+ in the concentration range of 25–450 mgL−1 and the maximum
adsorption capacity of nZVI for Cd2+ was found to be 769.2 mgg−1 at 297K. They further
reported that the overall adsorption process was endothermic and spontaneous in nature.

Fendorf et al. (1997) found a monodentate complex, a bidentate-binuclear complex, and a
bidentate-mononuclear complex among iron oxides and arsenic or chromium compound.
According to Tuutijarvi et al. (2009) and Hu et al. (2005), maghemite (γ-Fe2O3) can also
reduce arsenic and chromium concentration. According to Singh et at. (1993), hematite
can remove Cr(VI) and the maximum removal (97%) was observed at 400C and pH 2.7
with initial concentrations of 19.23 µ-mol/L Cr(VI) and 40 g/L hematite. They reported
that the uptake of Cr(VI) increases as pH decreases. The Langmuir and Freundlich
isotherms were used to interpret the nature of adsorption of arsenic or chromium on
magnetite, hematite or mixed magnetite, maghemite and hematite nanoparticles (Hu et al.
2004; Yean et al. 2005; Hu et al. 2005, Mayo et al. 2007, and Mohan et al. 2007). The
experimental data obtained at fixed pH were applied to the linearized forms of Langmuir
and Freundlich isotherms which showed the suitability for measuring adsorption. The
Langmuir and Freundlich isotherms were used to interpret the nature of adsorption of
arsenic, chromium or organic contaminants on magnetite, goethite and hematite particles
(Mohan et al. 2007). According to Cornell et al. (2003), anions that adsorb on iron oxides
include phosphate, silicate, selenite, arsenate, chloride, fluoride, chromate, citrate and
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oxalate. Anion adsorption at any pH shows an increasing trend with rising concentration
of the adsorbing species. Anion adsorption by iron oxides at high pH can be controlled by
two opposing effects. Those are the increase in the relative concentration of the anionic
forms of the conjugate acid and the decrease with rising pH in the number of surface
FeOH2+ groups.

Arsenate sorption on both goethite and gibbsite decreased with increasing initial
phosphate to arsenate molar ratios. Again, the presence of orthophosphate prevented the
adsorption of Cr(VI), most likely by competition for adsorption sites. Moreover, blast
furnace slag (BFS), a steel industrial by-product containing iron compound, was tested
for the removal of As(III). As(III) is a highly toxic, mobile and predominant species in
anoxic groundwater (Kanel et al. 2006). They further reported that batch adsorption
experiments were performed to determine the feasibility of Blast furnace slag (BFS) as an
adsorbent for removing As(III) from groundwater as As(III) concentration and the pH of
water were varied. From their study, it was found that the maximum As(III) adsorption
capacity by BFS having FeO and CaO as the main component was 1.40 mg As(III)/g of
BFS at 1 mg/L As(III) initial concentration, at 250C.

2.6 Iron Oxide Surface Analysis by X-ray Photoelectron Spectroscopy (XPS),
Raman, XRD and SEM
The nature of the mineral precipitation and factors affecting the extent of mineral
precipitation can be examined by surface analytical techniques. In this study, several
analytical techniques were used, including aqueous inorganic ion concentration profiles
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and analyses of groundwater-treated mixed iron oxides by Scanning Electron Microscopy
(SEM), X-ray photoelectron spectroscopy (XPS) and Raman Spectroscopy to identify
and quantify precipitates that form at the adsorbent surface.
XPS spectral lines are identified after the ejection of electron from the shell (1s, 2s, 2p,
etc.). The ejected photoelectron has electron Binding Energy (BE):
BE = EK- hv-Φ

(2.5)

Where: BE= Electron Binding Energy; Ek= Electron Kinetic Energy; Φspec= Spectrometer
Work Function. Each electron holds its binding energy. By knowing this binding energy
one can tell what element it is coming from. An important advantage of XPS is its
capability to obtain information on chemical states from the variations in binding
energies, or chemical shifts, of the photoelectron lines.
Mutiplet splitting occur for more core level photopeaks when the atom holds unpaired
valence electrons. The multiplet-splitting of p and higher sublevels is more complicated
due to orbital-angular momentum coupling (Grosvenor et al. 2004). Hochella (1988)
reporte that 2p sublevels of transition metals in high-spin or paramagnetic states exhibit
considerable line broadening due to complex multiplet splitting phenomena and despite
the complexity of these line shapes, spectra of this sort can still be utilized to assess the
oxidation state of the iron in the near-surface of minerals. Significant changes were
investigated after Cr(VI), As(III) and As(V) adsorption. Ferrous (Fe2+), ferric (Fe3+)
compounds or As or Cr(VI) adsorbed Ferrous (Fe2+), ferric (Fe3+) compounds were
investigated by XPS multiplet peaks to find out oxidation state and the composition. XPS
spectra analysis is useful for fitting of the complex Fe 2p3/2 spectra for γ-Fe2O3, α-Fe2O3
as well as Fe3O4 where both Fe2+ and Fe3+ species are present. The multiplets analysis of
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XPS data helped to determine the degree of ionic character of the Fe-ligand bond or
contaminant absorbed the Fe-ligand bond.
Raman spectroscopy is dependant on a change in the polarization of a molecule to
produce Raman scattering. When a beam of photons strikes a molecule, the photons are
scattered elastically (Rayleigh scattering) and inelastically (Raman scattering) generating
Stoke’s and anti-Stokes lines. Raman spectra expressed in wave numbers which have
units of inverse length. In order to convert between spectral wave-length and wave
numbers of shift in the Raman spectrum, the following formula can be used:
Raman shift expressed in wave number, ∆ω = ( 1/λo – 1/ λ1) ………….

(2.6)

Where, λo = excitation wavelength and λ1= Raman spectrum wave number. Vibrational
information is specific to the chemical bonds and symmetry of molecules. In the Raman
analysis, samples are much larger in volume than XPS, on the order of 40 times. Units for
Raman spectra can be expressed in wave numbers which have units of inverse length.
Raman spectra are helpful to identify oxide species and secondary minerals on iron
surfaces. In this study, hematite (α-Fe2O3), magnetite or maghemite were identified by a
group of bands. In addition, Raman spectroscopic measurements were conducted to
examine the changes in oxide films on the iron surface. Raman identifications in this
study were based on available literature data.
Hitachi S4500 or Hitachi SU6600 Field Emission Scanning Electron Microscope
(FESEM) were used to scan the surface of the particles. Surface porosity can also be
checked by FESEM. The samples were mounted on carbon adhesive tape. Samples will
gold-coated to minimize electron beam charging effects. The backscattered and
secondary electrons for the surface analyses were used to identify the differences in
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surface patterns between original particles and contaminant reacted particles.
X-ray diffractometer (XRD) using Bruker D8 operated with Ni-filtered CuK radiation
generated at 40 kV and 40 mA, and 0.5° beam slit, was used in the bulk samples.
Diffraction patterns for selected samples were recorded by continuous scans from 10 to
81° 2 , over 28 minutes. The As or Cr-loaded magnetite-maghemite-goethite particles
after adsorption were characterized using XRD (X-ray diffraction). The results from
XRD analysis investigated the identical peaks of the As or Cr adsorbed particles with
standard Fe3O4- γ-Fe2O3 - α-FeOOH crystalline phases. Powder X-ray diffraction
techniques were used to identify mineral precipitates by their crystal structures.
Qualitative measurements for phase identification were measured using the ICDD
(international Centre for Diffraction Data) database.

2.7 Iron oxides containing permeable reactive barriers (PRBs)

According to Vance (1997), permeable reactive barriers (PRBs) provide in situ treatment
of groundwater released from source zones and can be installed as permanent, semipermanent, or replaceable units across the flow path of a contaminant plume and act as a
treatment wall. When the contaminated water passes through the reactive zone of the
barrier, the contaminants are either immobilized or chemically transformed to a more
desirable (e.g., less toxic, more readily biodegradable, etc.) state (U.S. EPA, 1997a).

PRBs are not currently used to directly remediate contaminant source areas, only to
intercept and treat contaminant plumes. In order to successfully install a PRB, a thorough
site characterization must be conducted. The entire plume must flow through and react
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with the reactive media. It must not be able to pass over, under, or around the barrier and
the reactive zone must be capable of reducing the contaminant to concentration goals
without rapidly plugging with precipitates or losing its reactivity. To achieve this success,
knowledge is required of: 1)

plume locations 2) plume direction

3) contaminant

concentrations 4) hydrologic changes with time 5) concentration attenuation over time
and distance 6) Stratigraphic variations in permeability 7) Confining layers 8) Fracturing
and 9) aqueous geochemistry. Barrier design, location, emplacement methodologies, and
estimated life expectancy are based on the site characterization information. PRBs are
installed down-gradient of a source zone, vertically intersecting the contaminated
groundwater flow. They can be installed with trenching, if the targeted portion of the
aquifer is shallow and surface improvements do not interfere with access. PRBs can also
be installed by well injection. Injection through standard vertical wells is the least
expensive option but horizontal borings can be installed beneath existing structures and
are able to create a uniform reactive zone.

According to Gavaskar et al. (1998), Blowes et al (2000) and Guo et al. (2007), granular
zero-valent iron, colloidal iron, ferrous iron-containing compounds, pyrite, granular ferric
hydroxide, hematite and siderite can be used as a reactive media for the remediation of
contaminated groundwater with inorganic compounds. They further reported that
estimating residence time and hydraulic capture zone in the reactive permeable barriers
are the most important design specifications for PRB construction. Groundwater flow
system, organic-inorganic compositions and hydrologic parameters (e.g. hydraulic
conductivity, porosity and hydraulic gradient) are also important design specifications
(Gavaskar et al. 1998).
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Mackenzie et al. (1999) reported that permeable reactive barriers containing zero-valent
iron were more widely used to remediate contaminated groundwaters and there remained
much uncertainty in predicting their long-term performance. They focused on two factors
affecting performance and lifetime of the granular iron media: plugging at the treatment
zone entrance and precipitation in the bulk iron media. Plugging at the system entrance
was due to mineral precipitation promoted by dissolved oxygen in the influent
groundwater and has an issue in aerobic aquifers. Designs to minimize plugging in field
applications where the groundwater is oxygenated include the use of larger iron particles
and admixing sand of comparable size with the iron particles. Over longer treatment
times, precipitation of Fe(OH)2 and FeCO3 in low carbonate waters and of Fe(OH)2,
FeCO3 and CaCO3 in higher carbonate waters begin to dominate porosity losses in PRB
(Mackenzie et al. 1999). Iron is reduced by water under the anaerobic conditions that
exist in the bulk of the media.
Fe0 + 2H2O

Fe2+ + H2(g) + 2OH- ……………………………….(2.7)

The resultant rise in pH can lead to the precipitation of ferrous hydroxide:

Fe2+ + 2OH-

Fe(OH)2

……………………………………….. (2.8)

In carbonate-containing waters, the rise in pH from the anaerobic corrosion of iron shifts
the carbonate–bicarbonate equilibrium and lead to the precipitation of ferrous carbonate
(siderite) and calcium carbonate. Thus, three main precipitates form in PRB due to the
chemistry in the iron zone. Each of these precipitates reduces the pore volume in a
granular iron system. Mackenzie et al. (1999) reported that the control of pH within the
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iron media by addition of ferrous sulfide was revealed not to reduce significantly calcium
and carbonate precipitates, indicating that mineral precipitation was controlled by more
than simple carbonate equilibrium considerations.

Kanel et al. (2006) reported that steel slag was also studied as a permeable reactive
barrier material for the removal of As at high concentrations (final treated groundwater
was 500 µg/L) for mine tailing leachate. Park et al. (2008) investigated the feasibility of
utilizing the slag to remove toxic Cr(VI) from the aqueous phase. Main mechanism of Cr
(VI) removal by the slag was its reduction into Cr(III) by the Fe(II) released from the slag
under acidic conditions. Guo et al. (2007) also reported that a continuous column
experiment was carried out under dynamic flow conditions in order to study the
efficiency of low-cost permeable reactive barriers (PRBs) to remove several inorganic
contaminants from acidic solutions and a 50:50 w/w waste iron/sand mixture was used as
candidate reactive media in order to activate precipitation and promote sorption and
reduction–oxidation mechanisms. Thus, permeable reactive barriers containing mixed
iron oxide compounds could be employed at a fixed pH for in situ remediation of
groundwater contaminated with redox active metals. Proper design and investigation are
necessary to find out the applicability of iron oxide particles for the construction of
permeable reactive barriers.
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ARSENIC REMOVAL BY MIXED MAGNETITE-MAGHEMITE
NANOPARTICLES
3.1 Introduction
According to Shih (2005), arsenic ranks twentieth in abundance in the earth’s crust,
fourteenth in seawater and twelfth in the human body. Both organic and inorganic arsenic
exist in natural waters but organic arsenic is of less environmental concern as it
undergoes biotransformation and detoxification through methylation. Ferguson et al.,
(1976) reported that inorganic arsenic in aquatic environment has different oxidation
states such as −3, 0 +3 and +5. They further explained that As(III) exists primarily as
H3AsO30, H2AsO3−, HAsO32−, and AsO33− under reducing environment whereas different
hydrolyzed species of As(V), namely H3AsO40, H2AsO4−, HAsO42−, and AsO43−, are
found in water under oxidizing environment. Although environmental restrictions and
regulations have controlled the production and use of arsenic and its compounds, they are
still extensively used in metallurgy, agriculture, forestry, electronics, pharmaceuticals,
glass, and the ceramic industry. Arsenic causes wide-spread groundwater contamination.
Evidence of chronic arsenicosis has been observed in populations ingesting arseniccontaminated drinking water in many parts of the world. Karim, (2000) and Neff, (1997)
described that major sources of arsenic are geologic formations such as soil and bedrocks,
weathering of rocks, mine tailings, industrial wastes discharge, fertilizers, agricultural use
of pesticides, smelting of metals, and burning of fossil fuels.
A version of this paper was accepted for publication in Environmental Earth Science Journal.

Several methods are used to remedy arsenic contamination. Those treatment methods are
precipitation, electrochemical reduction, adsorption, ion exchange, solvent extraction,
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nano filtration and reverse osmosis (Mayo et al., 2006 and Hu et al., 2004). Hossain et al.
(2005) noted that these technologies do not perform well in actual field trials and
improved systems are needed. As(III) adsorption on different sorbents such as coconut
husk carbon, carbon from fly ash, iron oxide coated polymeric material, and hybrid
polymeric sorbent has been investigated (Demarco et al., 2003; Ioannis et al., 2002, and
Manju et al., 2000). Iron and iron coated sand, iron coated activated carbon (Petrusevski
et al., 2002), and granular ferric hydroxides (Driehaus et al., 1998) have also been applied
as adsorbents for arsenic removal from water and waste water. However, their use is
limited due to high operation cost, sludge formation, and technical difficulties in the
preparation of materials. Naturally occurring ores and minerals, namely kaolinite (Guha
et al., 1990), magnetite (Yean et al. 2005 and Shipley et al. 2009), maghemite (Lim et
al., 2009), hematite and feldspar (Prasad, 1994), have also been used for the adsorption of
arsenic though not as extensively as other materials.

Magnetite-maghemite (Fe3O4- γ-Fe2O3) nanoparticles are potential sorbents for arsenic
removal in drinking water and are therefore suitable for treating arsenic contaminated
water. As maghemite and magnetite are generally found to be an oxidation product of
iron, the association of the two minerals would be a common occurrence in nature
(Grosvenor et al. 2004). In this study, commercially prepared 20-40 nm ‘magnetite’
particles, identified in subsequent laboratory characterization to be mixed magnetitemaghemite, were used for the removal of arsenic from aqueous solutions. Magnetitemaghemite mixture has affinity for heavy metals by adsorbing them from a liquid phase.
To capitalize on this advantage of mixed magnetite-maghemite particles, the present
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study aimed to investigate the effectiveness of nano-size magnetite-maghemite particles
in contaminated groundwater remediation. X-ray photoelectron spectroscopy (XPS) was
employed to probe the interactions of the sorbent with arsenic. The overall purpose of the
study was to investigate the performance of magnetite-maghemite nanoparticles in
arsenic removal by examining the mechanism(s) of inorganic arsenic uptake. This is one
of the few studies that have, to date, examined arsenic removal from aqueous solution by
mixed magnetite-maghemite nanoparticles. Although magnetite and maghemite may
separately remove greater amounts of arsenic from solution than the mixture (Shipley et
al. 2009; Lim et al., 2009), it is probably more realistic and practical to examine the
removal efficiency of the mixture because of the common association of the two minerals
in nature. In addition, most commercial grade ‘magnetite’ nanoparticles used in field
scale remediation of arsenic contamination would likely be a mixture of magnetite and
maghemite because of slight oxidation during storage or shipping.

3.2 Materials and Methods
3.2.1 Sample Preparation and Adsorbent

All solutions used in the experiments were prepared from certified reagent grade
chemicals, which were used without further purification. Solutions were prepared with
de-ionized water. Glass volumetric flasks and reaction vessels were treated with 10%
HNO3 and rinsed several times with de-ionized water before they were used. Both As(V)
and As(III) stock solutions were prepared by dissolving arsenic oxides (As2O5 and
As2O3) powder in de-ionized water, by using 4 g/L NaOH since both oxides have
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enhanced solubility in NaOH solution. For each stock solution, redox potential was
measured using a WTW Multi 340i ORP electrode (Wellheim, Germany) to confirm the
targeted As(V) and As(III).

Commercially available 20-40 nm ‘magnetite’ particles were obtained from Reade
Advanced Materials (Rhode Island, U.S.A.). The particles contains 99.99% magnetite
nanoparticles. Subsequent laboratory characterization prior to the adsorption studies,
presented later in this paper, indicated that the particles were actually a mixture of
magnetite and maghemite (30.8% maghemite and 69.2 % magnetite nanoparticles). The
BET surface area of the mixed particles provided by the manufacturer was 60 m2/g. The
mixture arrived in powder form in an airtight plastic bag. Further examination of the asreceived sample showed that the particles were dispersed and of a purity of more than
98%. Impurities were identified through subsequent laboratory characterization. The
particles had black and spherical morphology, and the bulk density was measured to be
0.84 g/cm3. Figure 3.1 demonstrates 200,000X magnification image of magnetitemaghemite nanoparticles (20-40 nm) using Hitachi S4500 scanning electron microscopy
(SEM). A 200,000X magnification was also used to check surface porosity but the image
did not show the presence of pores at 200,000X magnification and the mixture of
magnetite-maghemite appeared to be highly uniform.

3.2.2 Batch Experiments
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Batch experiments were run for complete adsorption on the magnetite-maghemite
mixture. In a sonication bath, the mixture was dispersed in solution for 20 min. Known
amount of arsenic stock solution was mixed with magnetite-maghemite mixture solution
and held in a slowly rotating rack of a shaker that provided a gentle end-over-end
tumbling (28 rpm) for 24 hr. Standard acid (0.1 M HNO3) and base (0.1 M NaOH)
solutions were used for pH adjustment. After shaking, the mixtures were centrifuged at
5000 rpm for 30 min to separate the As-adsorbed magnetite-maghemite particles. After
separation from supernatant solutions, solid samples were dried in a vacuum desiccator.
Then dried arsenic adsorbed magnetite-maghemite nanoparticles were kept in an airtight
ceramic dish to prevent any reaction with air. 0.2 µm Nalgene Surfactant-Free Cellulose
Acetate (SFCA) syringe filters (VWR International, Mississauga, Ontario, Canada) were
used to filter the supernatant solutions. The filtrate was acidified with 0.1 M HNO3 for As
measurements. ICP-OES (inductively coupled plasma-optical emission spectroscopy)
was used to determine arsenic concentrations in the filtrate. The minimum detection limit
of ICP-OES for arsenic is 0.01 mg/L. The experiments were carried out in duplicate and
the mean values were considered. Blank samples used in the experiments showed no
detectable arsenic adsorption on the surface of the mixed magnetite-maghemite
nanoparticles.

3.2.3 Equilibrium Modeling
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The experimental data obtained at pH 5 were applied to the linearized forms of Langmuir
and Freundlich [Eqs. (3.1) and (3.2), respectively], which were suitable for measuring
adsorption as well as to interpret the nature of adsorption of arsenic on magnetitemaghemite nanoparticles.
Ce/qe = 1/bqm + Ce/qm

(3.1)

Lnqe = Ln K + (1/n * Ln Ce)

(3.2)

where Ce and qe are equilibrium solute concentration (mg/L) and equilibrium adsorption
capacity (mg/g), respectively. The other parameters, qm, b and n are isotherm constants.
The value of qm is adsorption maxima or adsorption capacity (mg/g) in Eq (3.1).

3.2.4 Instrumentation for X-ray Photoelectron Spectroscopy (XPS)

A Kratos Axis Ultra XPS instrument was used to determine elemental composition and
chemical oxidation states of surface and near-surface species. A monochromatic Al Kα xray source was used to analyze for all samples. In XPS, chamber pressures was kept in
the range of 10-7-10-6 Pa and the resolution function of the instrument was found to be
0.35 eV (Grosvenor et al. 2004). In this study, the charge neutralizer filament was used
during all experiments to maintain charging of the samples. The conditions used for the
survey scans were as follows: energy range =1100–0 eV, pass energy =160 eV, step size
= 0.7 eV, sweep time = 180 s and x-ray spot size = 700 * 400 µm. For the high-resolution
spectra, an energy range of 40–20 eV was applied, depending on the peak being
examined, with a pass energy of 10 eV and a step size of 0.05 eV.
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3.3. Results and Discussion

3.3.1 Effect of pH on arsenic removal by mixed magnetite-maghemite

The effect of pH on As(III) and As(V) adsorption by magnetite-maghemite nanoparticles
was studied in the pH range of 1-14 at a contact time of 24 hrs and As(III) and As(V)
concentrations of 1.5 mg/L each. Figure 3.2 illustrates the effect of pH on removal
capacity (%) by mixed magnetite-maghemite nanoparticles. The data show that
adsorption decreases as pH increases. Variations in As(V) adsorption on magnetitemaghemite in the pH range 2 – 6.5 were found to be small. As(V) adsorption decreased
sharply above pH 7. Again, variations in As(III) adsorption on magnetite-maghemite in
the pH range 2 – 9 were negligible. The removal capacity (%) of arsenic species on
mixed magnetite-magheite was 98 % or 3.69 mg/g for As(III) and 99% or 3.71 mg/g for
As(V) at pH 2 under room temperature. These results clearly show that magnetitemaghemite nanoparticles can adsorb As(III) and As(V) more readily in an acidic pH
range.

The surface hydroxyl groups, arising from adsorption of water or from structural OH, are
the functional groups of iron oxides. They contain a double pair of electrons together
with a dissociable hydrogen atom which can help them to react with both acids and bases.
Charge on the iron oxide surface is established by the dissociation (ionization) of the
surface hydroxyl groups. This surface properties control adsorption or desorption of
protons depending on the pH of the solution. According to Cornell et al. (1996) magnetite
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produces Fe2+ and its hydrolysis products ( FeOH+, Fe(OH)20, and Fe(OH)3-) depending
on the solution pH. They further stated that acidity constant of magnetite (69.2% of used
adsorbent), pKa1 is 5.6. Thus, at pH <5.6, dominant functional groups of iron oxide
surface would be Fe2+ or FeOH+. Thus iron oxide would attract negative arsenic species
at low pH. At higher pH, the surface hydroxyl groups on the iron oxide surface are
Fe(OH)20, and Fe(OH)3-. Thus in this study, negative charge iron oxide surface repelled
negative charge arsenic species at the higher pH value. Maghemite is formed through the
oxidation of magnetite, therefore Fe(III) in solution would form hydrated ferric oxides
(HFO) nanoparticles. Even if As(V) is reduced to As(III), adsorption will keep arsenic on
the magnetite-maghemite surface through a Lewis acid base (LAB) interactions.

The variation in removal efficiency at different pH values may be attributed to the
affinities of the mixed magnetite-maghemite for the different species of As(V) and
As(III) present at different

pH values, namely AsO43-, HAsO42-, H2AsO4-, H3AsO4,

AsO33-, HAsO32- , H2AsO3-, and H3AsO30. At pH 2.3 to 6.9, the predominant species of
As(V) is H2AsO4- (Nordstrom and Archer, 2003). The adsorption free energy of H2AsO4ion may be lower than that of HAsO42- and AsO43-, and this would explain why H2AsO4is more favorably adsorbed than HAsO42- and AsO43-. From literature, the first pKa value
for As(III) in aqueous solution is 9.17 (Nordstrom and Archer, 2003) and the
predominant species of As(III) at pH below 9.17 is neutral or chargeless, namely
H3AsO30. Thus the adsorption of the nonionic form of As(III) on magnetite-maghemite
surface would not change significantly at pH below 9.17. However, at increasing pH
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values (beyond 9.17), As(III) uptake decreases because of the higher concentration of
OH- ion present in the reaction mixtures.

Yean et al. (2005) showed from potentiometric titrations that the surface of magnetite
particles contained a positive surface charge up to pH 6.7, a point of zero charge of 6.8
and a negative surface charge in the pH range 6.9-9.5. Tuutijarvi et al. (2009) reported
that maghemite has a point of zero charge at pHpzc 7.5. They further reported that the
more acidic the condition the more positive was the surface charge of the adsorbent and,
accordingly, the more attractive to negative As species. Thus, depending on pH,
magnetite-maghemite particles can adsorb either negatively or positively charged species
by electrostatic attraction.

3.3.2

Mixed magnetite-maghemite and equilibrium time

The kinetics of As(V) and As(III) adsorption were studied by varying the contact time
between magnetite-maghemite and the respective solution from 10 to 240 min using 0.4
g/L adsorbent at a metal (As) concentration of 2 mg/L and pH 6.5. The effect of contact
time on the adsorption of As(V) and As(III) on magnetite-maghemite nanoparticles at
fixed metal concentration is shown in Figure 3.3. The adsorption on mixed magnetitemaghemite seems to take place in two phases. The first phase involved rapid metal
adsorption within 10 min of contact time because of the availability of the adsorption
sites in the solution and was followed by subsequent slower uptake. In addition, the rapid
metal uptake by magnetite-maghemite nanoparticles is perhaps attributed to external
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surface adsorption, which is different from the microporous adsorption process. Since
nearly all the sorption sites of mixed magnetite-maghemite nanoparticles exist in the
exterior of the adsorbent compared to the porous adsorbent, it is easy for arsenic species
to access these active sites, thus resulting in a rapid approach to equilibrium. When
experiments were run at pH 6.5 and 2 mg/L of initial concentrations, equilibrium was
achieved in 3 hrs. At equilibrium, the adsorbed amount of arsenic As(V) and As(III) was
almost 4.85 and 4.75 mg/g, respectively, representing 92% of As(V) and 91% of As(III)
removal efficiencies by magnetite-maghemite nanoparticles. In addition, the adsorption
of As(III) and As(V) on the mixed magnetite and maghemite mixture may involve two
steps. First, As(III) and As(V) species migrate from the bulk fluid phase to the outer
particle surface of the adsorbent for contact (film diffusion). Second, there might be
electro-static attraction or reaction occurring between adsorbate (As(III) or As(V)
species) and adsorbent.

3.3.3

Adsorption Isotherms and reactions

The adsorption data were fitted with the isotherm equations to identify the most
appropriate adsorption parameters for future modeling and scale up. Calculated
correlation coefficients for the isotherms using linear regression analysis for As(III) and
As(V) adsorption at pH 5 are shown in Table 3.1. As indicated, the results show that
adsorption by magnetite-maghemite nanoparticles is well described by the Freundlich and
Langmuir isotherm equations. The Langmuir isotherm model can be used to determine
adsorption maxima, qm (mg/g). Figure 3.4 shows Langmiur plots for As(III) and As(V)
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adsorption by magnetite-maghemite nanoparticles. Gupta et al. (1978) noted that
Langmuir adsorption is a reversible phenomenon and that the coverage is monolayer.

A number of researchers have observed that several adsorption processes follow the
Langmuir isotherm. Examples include As(III) adsorption by hematite (Singh et al. 1988),
As(III) and As(V) adsorption by magnetite (Shipley et al. 2009), activated carbon,
activated bauxite and activated alumina (Gupta et al. 1978) and amorphous iron
hydroxide (Harper et al. 1992), and As(V) adsorption by amorphous aluminum hydroxide
(Anderson et al. 1976). Previous studies have presented maximum As(III) adsorption
capacity for hematite, activated bauxite, activated alumina, iron(III) hydroxide loaded
coral limestone (Fe-coral) and magnetite are 2.63, 16, 14, 0.17 µmol/g and 0.2 mmol/g,
respectively (Gupta et al. 1978; Singh et al., 1988; Harper et al. 1992; and Maeda et al.,
1992 and Ohe et al. 2005). For As(V) adsorption by activated bauxite, activated alumina,
activated carbon, Fe-coral and magnetite, the calculated maximum adsorption capacities
are 52, 67, 10, 0.2 µmol/g and 0.2 mmol/g (Gupta et al., 1978 ; Maeda et al. 1992 and
Ohe et al. 2005), respectively. In the present study, As(III) and As(V) adsorption
capacities of magnetite-maghemite nanoparticles at room temperature and pH 5,
calculated from Langmuir isotherm, are 109 and 120 µmol/g. It is evident that magnetitemaghemite nanoparticles are more effective adsorbents than hematite and Fe-coral but
less than magnetite. According to Raven et al. (1998), the maximum adsorption of As(V)
on hydrated ferrous oxide (HFO) was approximately 0.25 mol As/mol Fe at pH 4.6 and
8.0. Dixit and Hering (2003) stated that similar maximum sorption capacities for As(III)
and As(V) on goethite was found to be 16 mmol As/mol Fe. In the present study, As(V)
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and As(III) sorption maxima on 20-40 nm magnetite-maghemite particles was found to
be 10 mmol As/mol Fe at pH 5. Despite the reported higher arsenic species removal from
water by HFO and goethite, the findings on arsenic removal by magnetite-maghemite
nanoparticles are still significant because magnetite-maghemite particles are found more
in natural soil than HFO and goethite (Wang et al. 2008).

The adsorption efficiency of the process can be calculated by using the following
equation:
r = 1/(1+ bC0)

(2)

where r is a dimensionless separation factor and C0 is the initial As(III) or As(V)
concentration (mg/L) and b represents the Langmuir isotherm constant (L/mg). A value
of r < 1 indicates favorable adsorption and a value greater than one represents
unfavorable adsorption (Mckay et al. 1985). Calculated values of r for all initial
concentrations of As(III) and As(V) were found to be less than 0.2 at room temperature
(220 C) in this study. Thus, it can be concluded that the adsorption of As(III) and As(V)
on magnetite-maghemite nanoparticles was highly favorable at the concentrations and
temperature studied.

Standard Gibbs free energy (∆G0, kJ/mol) for the adsorption process was measured using
the following equation:
Ln(1/b) = ∆G0/ RT

(3)

where b represents the Langmuir constant related to the energy of adsorption, R is the
ideal gas constant ( 8.314 J/K mol) and T is temperature (K). A negative ∆G0 value
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means the reaction or process is spontaneous and thermodynamically stable, while a
positive value suggests that the reaction or process is in the reverse direction. In this
study, the negative ∆G0 values (32.6-32.5 kJ mol-1) obtained for As(III) and As(V)
adsorption on magnetite-maghemite nanoparticles at room temperature confirm the
feasibility of the adsorption process and the spontaneous nature of adsorption.

3.3.4 X-ray Photoelectron Spectroscopy (XPS) Analysis

The As-loaded magnetite-maghemite particles after As adsorption at fixed pH were
characterized using XRD (X-ray diffraction) and XPS (X-ray photoelectron
spectroscopy) techniques. The results from XRD analysis (Fig. 3.5) show that the
identical peaks of the As-adsorbed particles match well with standard Fe3O4- γ-Fe2O3
without other crystalline phases appearing after adsorption.

In this study, the elemental composition and chemical oxidation states of surface and
near-surface species were analyzed using XPS and all spectra were drawn and analyzed
using the Casa-XPS software (Fairley, 1999-2003). XPS wide scan spectra of fresh
magnetite-maghemite and arsenic adsorbed magnetite-maghemite sorbents are illustrated
in Figure 3.6. Three major peaks at binding energies of 282.25, 348.05, 527.25 and
301.85 eV, designated for the C 1s, Ca 2p, O1s, and Mg KLL respectively, are observed
for the virgin sorbent (Figure 3.6a). Significant changes can be found in Figure 3.6b and
3.6c after As(III) and As(V) adsorption; the peak at binding energy of 348.05 eV for Ca
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2p disappears in As(III) loaded sorbent while a new weak peak at binding energy of
about 45-46.7 eV for As 3d appears in arsenic sorbed magnetite-maghemite sorbents.

The As 3d spectrum of the arsenic adsorbed sorbent can be deconvoluted into two
individual component peaks, which originate from the different valent arsenic atom and
overlap on each other. According to Nesbitt et al., 1995 and Lim et al., 2009, the As 3d5/2
peak for As(III) and As(V) were set to binding energy ranges of 44.0 eV to 45.5 eV and
45.2 eV to 46.8 eV, respectively. As shown in Figure 3.7, the peaks at binding energies of
44.5 and 45.2 eV can be assigned to the arsenite (As(III)) and arsenate (As(V)) atom,
respectively. These two assignments reflect the different chemical valence of inorganic
arsenic on the sorbent. The quantitative analysis of As(V) adsorbed sorbent obtained
from Fig 3.7a that 56.5% of As(V) and 43.5% of As(III) are present as demonstrated in
Table 2. This result suggest the reduction of As(V) to As(III) on the sorbent surface. In
Fig 3.7b, the quantitative analysis of As(III) adsorbed sorbent shows 68.9% of As(III)
and 31% of As(V) species on the sorbent surface. This result indicates solid state
oxidation-reduction between arsenate and arsenite on the surface of the sorbent.

The Fe 2p high resolution spectra were fitted following the example of Pratt et al. (1994)
using theoretical multiplet peak (Gupta et al., 1974 and 1975). The peak full width at
half maximum (FWHM) was generally held to be between 1.0 and 1.5 eV. The XPS
results, shown in Fig 3.8, present the theoretical multiplet peaks for iron and arsenic
adsorbed iron at the surface of the Fe3O4 and γ-Fe2O3 mixture. Theoretical multiplet
analysis of the Fe3O4-γ-Fe2O3 mixture gave 30.8% of maghemite and 69.2% of magnetite
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(Fig. 3.8a). After arsenic adsorption on the magnetite-maghemite mixture, it was found
that the percent of maghemite increased to 47.2% (Fig 3.8b) for As(V) adsorption and
70.5% (Fig 3.8c) for As(III) adsorption. At the same time, the percentage of magnetite
was reduced for both cases. Thus, the results show that a redox reaction occurred on the
magnetite-maghemite mixture surface when arsenic was introduced. Changes in the
relative abundance of Fe(II) and Fe(III) in magnetite and maghemite spectra (Fig. 3.8b
and 3.8c) upon arsenite and arsenate sorption process are quantitatively elucidated as
indicated in Table 3.3. It shows that the relative content of the Fe(II) decreases from 25.9
to 20.1 % for As(V) loaded magnetite-maghemite sorbent indicating oxidation on mixed
surface as well as increase in maghemite from 30.1% to 47.2%. The relative content of
the Fe(II) decreased from 25.9% to 11.2% for As(III) loaded magnetite-maghemite
sorbent resulting in the percent of maghemite increasing to 70.5% for As(III) adsorption.
Again, smaller amount (41.5% to 32.2%) of Fe(III) decreases on As(V) loaded
magnetite-maghemite sorbent in magnetite spectra (Fig.3.8b) indicating decrease in
magnetite content (69.1% to 52%) on mixed magnetite-maghemite sorbent.

In XPS data, adventitious elements (carbon and oxygen) spectra are very important
because these elements can change the reactivity of surfaces even if the sample is
prepared in vacuum. The usual source of this contamination is the air or residual gases in
the vacuum. As shown in Figure 3.9, the C 1s spectra can be deconvoluted into three
peaks representing three functional groups of C-H, C-O, and C=O at binding energies of
284.80, 286.3, and 288.87 eV, respectively. Table 2 shows that the C-O content (C-OH
and C-O-C) decreases from 13.9 to 10% while that of C=O increases from 6.0 to 12.7%
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due to the arsenic uptake, indicating the oxidation of C-O to C=O on As loaded
magnetite-maghemite sorbent surface. The C 1s labelled peak is related to the differential
charging of a small proportion of the adsorbed As species. This is seen by the small
contribution near 42 eV in the As 3d (As(V)) data. There is no indication of charging in
the Fe 2p or O 1s data.

Figure 3.10 shows O 1s spectra of the fresh magnetite-maghemite sorbent, arsenite
loaded sorbent and arsenate loaded sorbent at pH 5. The peaks at binding energy of
529.4, 531.7 and 531.6 eV can be assigned to Fe-O (lattice oxygen in magnetitemaghemite mixture), As2O3 and As2O5 (Wagner et al., 1980).

Compared with the virgin sorbent (Figure 3.10a), metal oxide spectrum of the arsenate
and arsenite loaded sorbents (Figure 3.10b and c) were increased in component peak
areas (74.5% and 75.2% respectively). The spectrum FWHM at 531.08 eV were changed
after the adsorption (Figure 3.10b and c) indicating As-O on the sorbent surface. Table 2
shows that the metal oxide content increases from 70.7 to 75.2 % and O 1s Hydroxide
decreases from 23.9% to 16% indicating the formation of As-O, which is due to the
binding of arsenic onto the oxygen atom in the adsorbent. Thus, the adsorption
mechanism of As(III) and As(V) onto Fe3O4 -γ-Fe2O3 surface is suggested to be a
physico-chemical reaction as well as electrostatic attraction at pH of 5. The amount of
arsenic used in the XPS spectrum analysis, was very low (0.1-0.5 atomic percent)
compared to the amount of iron detected (24-27 at. %), any iron-arsenic complex
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contribution to the Fe 2p spectrum would be obscured by the large magnetite-maghemite
signal.

3.4 Conclusions

Application of magnetite-maghemite nanoparticles for arsenic removal has great potential
in water and wastewater engineering. From this study, it is apparent that the removal of
arsenic by magnetite-maghemite nanoparticles depends on pH, contact time and initial
concentration of arsenic. The results show that magnetite-maghemite nanoparticles can
adsorb As(III) and As(V) better in an acidic pH range. For 2 mg/L of As(V) and As(III)
concentrations, equilibrium was achieved in 3 hrs at pH 6.5. The maximum arsenic
removal was found to be almost 99% at pH 2 when initial concentration was kept at 1.5
mg/L for both arsenic species. The negative Gibb free energy, ∆G0, values (32.6-32.5 kJ
mol-1) calculated for As(III) and As(V) uptake on magnetite-maghemite nanoparticles at
room temperature confirm the feasibility of the adsorption process and the spontaneous
nature of adsorption. X-ray photoelectron spectroscopy (XPS) studies confirmed the
presence of arsenic on the surface of magnetite-maghemite nanoparticles. Changes in the
relative abundance of Fe(II) and Fe(III) in magnetite and maghemite spectra upon
arsenite and arsenate sorption process indicates the redox reaction occurring on mixed
surface. Electrostatic attraction and oxidation-reduction between arsenic and mixed
magnetite-maghemite are the postulated mechanism for removal of arsenic from aqueous
solutions. Thus, magnetite-maghemite particles can also be used site remediation. Mixed
magnetite-maghmite particles can be applied in the design of permeable reactive barriers
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for groundwater remediation. Permeable reactive barriers containing magnetitemaghemite particles could be employed at a fixed pH for in situ remediation of
groundwater contaminated with redox active metals. Proper design and investigation are
necessary to find out the applicability of magnetite-maghemite particles for the
construction of permeable reactive barriers.
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Table 3.1: Comparison of adsorption isotherms for As(III) and As(V) adsorption by
magnetite-maghemite nanoparticles at room temperature.

Correlation coefficient for different isotherms, R2

Arsenic species
pH

Langmuir

Freundlich

As(III)

5

0.96

0.97

As(V)

5

0.98

0.98
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Table 3.2: Binding Energies and relative content of As, C and O in adsorbents.
Valence state

Sample

Elemental

Binding

Peak Area

FWHM

Oxidation

energy

(%)

State

(eV)

As(III)

44.69

0

1.5

44.0

68.9

1.5

45.89

0

1.5

45.2

31.1

1.5

44.69

0

1.5

44.0

43.5

1.5

45.89

0

1.5

45.2

56.5

1.5

(As2O3)
As 3d

As(III) Loaded

As(III)

sorbent

(As2O3)
As(V)
(As2O5)
As(V)
(As2O5)
As(III)
species
(As2O3)
As(III)

As(V) Loaded

(As2O3)

sorbent

As(V)

As 3d

(As2O5)
As(V)
(As2O5)

C Is

C Is

C Is

Fresh Magnetite-

O-C=O

288.87

6.1

0.98

Maghemite

C-OH, C-O-C

286.30

13.9

1.31

Sorbent

C=C, C-H

284.8

80.1

1.31

As (III) Loaded

O-C=O

288.62

12.7

1.38

sorbent

C-OH, C-O-C

286.30

12.6

1.39

C=C, C-H

284.8

74.7

1.39

As (V) Loaded

O-C=O

288.35

12.6

1.9

sorbent

C-OH, C-O-C

286.30

10

1.5

C=C, C-H

284.8

57.4

1.5
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Fresh MagnetiteO 1s

Maghemite

Metal Oxide

Sorbent

( Fe-O)

As (III) Loaded
O 1s

O 1s

sorbent

Metal Oxide

As (V) Loaded

Metal Oxide

529.86

70.7

1.13

530.03

75.2

1.32

529.83

74.5

1.74

sorbent

Table 3.3: Multiplet peak positions, FWHM and areas used to fit the XPS data. Peak
parameters were obtained from Grosvenor et al. 2004.

Sample Name

Metal Oxide

Binding

FWHM

Area ( %)

Energy
(eV)
Maghemite (sat)

718.37

1.59

0.3%

Maghemite

713.30

1.45

3.1

Maghemite

711.80

1.45

7.4

Maghemite

710.80

1.35

10.2

Maghemite

709.80

1.25

10.2

Magnetite-

Fe(III) Magnetite

713.75

1.36

4.5

Maghemite

Fe(III) Magnetite

712.55

1.36

9.4

Mixture

Fe(III) Magnetite

711.45

1.36

13.1

Fe(III) Magnetite

710.35

1.36

14.5

Fe(II) Magnetite

710.55

1.41

3.7

Fe(II) Magnetite

709.45

1.21

11.1

Fe(II) Magnetite

708.45

1.21

11.1
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Maghemite (sat)

718.37

1.59

0.3

Maghemite

713.11

1.45

5.3

Maghemite

711.61

1.45

7.9

Maghemite

710.61

1.35

17.0

As(V) Loaded

Maghemite

709.61

1.25

17.1

Sorbent

Fe(III) Magnetite

713.74

1.44

3.5

Fe(III) Magnetite

712.54

1.44

7.3

Fe(III) Magnetite

711.44

1.44

10.2

Fe(III) Magnetite

710.34

1.44

11.2

Fe(II) Magnetite

710.54

1.79

2.9

Fe(II) Magnetite

709.44

1.59

8.6

Fe(II) Magnetite

708.44

1.59

8.6

Maghemite (sat)

718.69

2.32

0.8

Maghemite

713.39

1.45

7.2

Maghemite

711.89

1.45

16.9

Maghemite

710.89

1.35

23.2

Maghemite

709.89

1.25

23.2

As(III) Loaded

Fe(III) Magnetite

713.39

1.45

7.2

Sorbent

Fe(III) Magnetite

712.56

1.44

4.0

Fe(III) Magnetite

711.46

1.44

5.5

Fe(III) Magnetite

710.36

1.44

6.1

Fe(II) Magnetite

710.56

1.38

1.6

Fe(II) Magnetite

709.46

1.18

4.9

Fe(II) Magnetite

708.46

1.18

4.7
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nm) using Hitachi S4500 scanning electron microscopy (SEM).
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Figure 3.2: Effect of pH on the As(III) and As(V) removal by magnetite-maghemite
nanoparticles. (Initial concentration for both arsenic: 1.5 mg/L, magnetite-maghemite
nanoparticles dosage: 0.4 g/L and room temperature).
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Figure 3.3: Effect of contact time on the adsorption of As(III) and As(V) removal by
magnetite-maghemite nanoparticles at pH 6.5 and room temperature. (Initial
concentration : 2 mg/L, Adsorbent concentration: 0.4 g/L)

82

As(V)
0.06
0.05
R2= 0.98

Ce/qe

0.04
0.03
0.02
0.01
0.0

0.1

0.2

0.3

0.4

Ce, mg/L

(a)

As(III)

0.08
0.07

R2=0.96

0.05

e

C /q

e

0.06

0.04
0.03
0.02
0.01
0.0

0.1

0.2
0.3
C , mg/L

0.4

0.5

e

(b)

Figure 3.4: Langmiur isotherm plots for As(III) and As(V) adsorption by magnetitemaghemite nanoparticles (initial concentration: 0.5 – 3.5 mg/L; contact time: 24 hrs; pH
= 5; magnetite-maghemite nanoparticles dosage: 0.4 g/L).
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Figure 3.5: X-ray diffractograms showing magnetite-magheamite particles: sample 1
before arsenic(V) adsorption; sample 2 after arsenic(V) adsorption.
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CHAPTER 4
CHEMICAL STATES IN XPS AND RAMAN ANALYSIS DURING
REMOVAL OF CR(VI) FROM CONTAMINATED WATER BY
MIXED MAGHEMITE–MAGNETITE NANOPARTICLES

4.1 Introduction

Chromium is extensively used for electroplating, leather tanning and corrosion protection
and is found widely in groundwater in North America and elsewhere (Blowes, 2002).
Naturally occurring chromium results primarily from the weathering of chromite and
other chromium bearing minerals present in bedrock and soil (Blowes, 2002 and Nriagu
et al. 1988). Uncontrolled dumping of chromium containing waste stream leached into
the subsurface and finally reached aquifers. Studies have shown that most chromium
contamination is due to human activities. Cr(III) is the most common type of naturally
occurring chromium, but it is basically immobile in the aqueous environment, with
natural waters having only traces of chromium unless the pH is very low. Chromium is
present in the Cr(VI) state under strong oxidizing conditions and is found as chromate.
Chromium occurs in oxidation states ranging from + 6 to -2. However, only the +6 and
+3 oxidation states are commonly encountered in the natural environment. Cr(VI), a
hazardous material, is found in solution as monomeric ions H2CrO40, HCrO4(bichromate), and CrO42- (chromate), or as the dimeric ion Cr2072- (dichromate) (Palmer
et al. 1991 and Richard et al. 1991). According to Dupont and Guillon (2003), Cr(VI)
species are highly toxic agents that are corrosive to the flesh and act as carcinogens,
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mutagens, and teratogens in biological systems. Singh et al. (1993) noted that the toxicity
of Cr(VI), a hazardous material, is higher than that of Cr(III), probably due to the
increased solubility of Cr(VI) species compared to Cr(III).

A variety of techniques have been developed for the removal of chromium compounds
from industrial wastewater. Among all removal technologies, adsorption processes are
the most promising for the removal of this hazardous element from water and wastewater.
Different iron oxides and hydroxides (for example, goethite, hematite, maghemite and
magnetite) have been used as the metal adsorbent (Singh et al. 1993 and Cornell et al.
2003). Previous research (Pratt et al. 1997; Blowes et al. 2003 and Astrup et al. 2000) has
shown that the removal of Cr(VI) by Zero-Valent Iron (ZVI) (Fe0) is achieved by a
coupled reduction–oxidation reaction followed by precipitation as Cr(OH)3, Fe(III)–
Cr(III) hydroxide and Fe(III)–Cr(III) oxyhydroxide. However, highly reactive properties,
improper handling during application and toxicity of nano Zero-Valent Iron (nZVI) limit
the potential uses of nZVI for site remediation (Zhou et al. 2009). These authors further
reported that nZVI produces free radicals through the transformation process and free
radicals are highly reactive, unstable molecules that are in need of an additional electron
for stabilization. Because of this, they can affect antioxidant enzymatic activities,
peroxidation of membrane lipids, modification of nucleic acids, and eventually cause cell
death and tissue injury. If nZVI particles are directly introduced to lakes or streams for
surface water remediation; there would be a higher risk of exposure to wildlife through
consumption and respiration. According to Gavaskar et al.(2005), when assessing the
pros and cons of using nZVI for remediation, the toxicity of the potential by-products
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needs to be considered. If the contaminant cannot be completely degraded and the byproducts are a greater environmental concern than the original target contaminant, then
using nZVI might not be the best solution for remediation. There is published evidence
that nZVI particles may be more toxic than nanoscale iron oxide (Phenrat et al. 2009).
For example, Phenrat et al (2009) showed that oxidative stress increases in rodent (BV2)
microglia of the following order: fresh nZVI > aged nZVI (11 days)> magnetite =
surface-modified nZVI. These researchers reported that fresh nZVI produced
morphological evidence of mitochondrial swelling and apoptosis. Thus, iron oxide is less
toxic than nZVI.

According to Cornell et al. (2003), magnetite is one of the most abundant and widespread
iron oxides found in diverse geological environments. These authors reported that
maghemite occurs in soils as a weathering product of magnetite. Thus the association of
the two minerals in nature is very common. Magnetite is known to undergo the following
phase transitions with temperature increase to finally generate hematite (Faria et al.
1997).

This equation indicates the transition of magnetite to hematite when temperature
increases. Hu et al. (2006) reported that most adsorbents are highly porous materials,
providing adequate surface area for adsorption. However, the occurrence of intra-particle
diffusion can reduce the adsorption rate and available capacity, especially for
macromolecules. Hu et al. (2006) further noted that the development of an adsorbent with
a large surface area and appreciable diffusion resistance is very important in practical
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engineering applications. Singh et al. (1993) reported that hematite removed Cr(VI) with
a maximum removal of 97% at 400C, pH 2.7 and initial concentrations of 19.23 µmol/L
Cr(VI) and 40 g/L hematite. They reported that the uptake of Cr(VI) increases as pH
decreases. Petrova et al. (2011) observed that magnetite (Fe3O4), removed several
aqueous contaminants, such as arsenic, chromium, uranium and carbon tetrachloride, in
laboratory studies. According to Amin et al.(2010), magnetite surface in highly acidic
media can be highly protonated and thus able to take up Cr(VI) in the anionic form,
HCrO4- . Yuan et al. (2009) observed that, with a decrease in pH, magnetite surface
becomes more positively charged and facilitates the attraction of negatively charged
Cr(VI) anions.

Hu et al. (2004) showed that magnetite iron oxide adsorbed Cr(VI) species at acidic pH
but the chromium was desorbed at high pH. Again, according to Hu et al. (2005)
maghemite iron oxide can adsorb Cr(VI) from wastewater at low pH and maximum
adsorption occurred at pH 2.5. Undoubtedly, the surface properties of iron oxides are key
factors in the adsorption of chromium by magnetite-maghemite nanoparticles. According
to Grosvenor et al. (2004), iron oxide films produced after short oxygen exposure times
contained a mixture of magnetite (Fe3O4) and maghemite (γ-Fe2O3). The use of magnetite
nanoparticles for chromium decontamination of water has been proposed based on its
magnetic properties (Hu et al. 2004). In the acidic pH range, most chromium species in
aqueous solution are negatively charged. Thus electrostatic attraction between magnetitemaghemite nanoparticles and metal species leads to the removal of chromium compounds
from aqueous solution. Hu et al. (2004) reported that Cr(VI) adsorption by magnetite was
a combination of electrostatic attraction and ligand exchange under various pH
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conditions. Hu et al. (2005) noted that maghemite (γ-Fe2O3) can also reduce chromium
concentration. These authors reported that electrostatic attraction is the key mechanism of
chromium removal by maghemite from aqueous solutions and the process is highly
dependent on initial concentration, pH, temperature and coexisting common ions. Hu et
al. (2004)) noted that with the latest developments in nanotechnology, magnetite and
maghemite nanoparticles have been successfully synthesized and have received
significant attention in the solution of environmental problems, such as the remediation
of contaminated soils. Hu et al. (2006) showed that the magnetite nanoparticles possess
the advantages of large surface area, high number of surface active sites, and strong
magnetic properties, which lead to high adsorption efficiency, high contaminant removal
rates, and easy and rapid separation of adsorbent from solution via a magnetic field.
Many researchers (Cornell et al. 2003 and Hu et al. 2005) showed 20-30% recovery of
magnetite or maghemite from the portion that underwent electrostatic binding. According
to Cornell et al. (2003), the desorption from magnetite and hematite in base solution was
20%.

The objective of the present study was to investigate Cr(VI) removal mechanisms from
different water samples using a mixture of maghemite and magnetite, in batch
experiments. The overall purpose was to investigate the performance of mixed
maghemite-magnetite nanoparticles in Cr(VI) removal by examining adsorption kinetics,
reaction mechanisms and associated thermodynamic parameters. This is one of the few
recent studies that have investigated Cr(VI) removal from aqueous solution by mixed
maghemite-magnetite nanoparticles. Most commercial grade ‘magnetite’ nanoparticles
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employed in remediation work would likely be a mixture of magnetite and maghemite
because of slight oxidation during handling and sampling. Although magnetite and
maghemite may separately remove greater amounts of Cr(VI) from solution than the
mixture [Hu et al 2006 and Petrova et al. 2011), it is probably more realistic and practical
to investigate the removal efficiency of the mixture because of the common occurrence or
association of the two minerals in nature. The identification of the chemical states of the
adsorbed Cr using XPS and Raman analyses during the removal of Cr(VI) from aqueous
solution by mixed maghemite–magnetite nanoparticles was another objective of this
study.

4.2 Materials and Methods

4.2.1 Particle characterization

Commercially available 20-60 nm ‘magnetite’ particles were obtained from Reade
Advanced Materials (Rhode Island, U.S.A.). Subsequent laboratory characterization prior
to the adsorption studies, presented later in this paper, showed that the particles were
actually a mixture of maghemite and magnetite nanoparticles. The surface area of the 2060 nm mixed magnetite-maghemite particles was determined using the N2 adsorption
method and applying the Brunauer, Emmett, Teller (BET) equation and was found to
have an average value of 49 m2/g. The mixed maghemite-magnetite nanoparticles arrived
in powder form in an airtight plastic bag. Further examination and characterization of the
as-received sample showed that the maghemite and magnetite nanoparticles mixture were
dispersed. They contained 99.9% pure 20-60 nm magnetite-maghemite particles that had

99
a black and spherical morphology and a bulk density of 0.8 g/cm3. X-ray photoelectron
spectroscopy analysis (Table 4.1) showed that the ‘magnetite’ was actually a mixed
oxide, γ-Fe2O3-Fe3O4, consisting of 73.9% maghemite and 26.1% magnetite. In chapter
3, mixed magnetite-maghemite was used to determine the arsenic removal. Results
showed that when magnetite was dominant in the mixtures, arsenic was successfully
adsorbed. In this chapter, we used adsorbent to remove Cr(VI) from aqueous solutions
when maghemite was dominant in the mixture particles. Figure 4.1 shows a 100,000X
magnification image of the maghemite-magnetite nanoparticles (20-60 nm) obtained
using a Hitachi S4500 scanning electron microscopy (SEM). A 100,000X magnification
was also used to check surface porosity but the image did not show the presence of pores
at 100,000X magnification and the mixture of magnetite and maghemite appeared to be
highly uniform.

4.2.2 Sample Preparation

Certified reagent grade chemicals were used to prepare all solutions for the experiments
without further purification. Solutions were prepared with de-ionized water. Glass
volumetric flasks and reaction vessels were treated with 10% HNO3 and rinsed several
times with de-ionized water before use. Chromium(VI) stock solutions were prepared by
dissolving a chromium oxide (CrO3) salt in de-ionized water. For each stock solution,
redox potential was measured using a WTW Multi 340i ORP electrode (Wellheim,
Germany) to confirm the presence of the targeted Cr(VI) species.
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0.4 g/L of maghemite-magnetite particles were added to a desired concentration of stock
(Cr) solution in 2000 mL plastic bottles. Solutions were prepared with de-ionized water.
Standard acid (0.1 M HNO3) and base (0.1 M NaOH) solutions were used for pH
adjustment. The pH of each solution was measured using an Orion combination
electrode. In the batch test, Cr concentrations were kept in the range of 0.5- 4 mg/L.

4.2.3 Adsorption Experiments

Batch experiments were performed for complete adsorption on the maghemite-magnetite
mixture. The mixture was dispersed in solution in a sonication bath for 20 min. A known
amount of Cr(VI) stock solution (in the range of 0.5 - 3.5 mg/L) was mixed with
maghemite-magnetite mixture and held in a slowly rotating rack shaker that provided a
gentle end-over-end tumbling (28 rpm) for 24 hr. After shaking, the mixtures were
centrifuged at 5000 rpm for 30 min. The supernatant solutions were separated and solid
samples were dried in a vacuum desiccator. Then dried Cr adsorbed maghemitemagnetite nanoparticles were kept in an airtight ceramic dish to prevent any reaction with
air. The supernatant solutions were filtered through 0.2 µm Nalgene Surfactant-Free
Cellulose Acetate (SFCA) syringe filters (VWR International, Mississauga, Ontario,
Canada). The pH of each solution was measured immediately after sampling for Cr
measurements. The filtrate was acidified with 1% nitric acid. ICP-OES (inductively
coupled plasma-optical emission spectroscopy) was used to measure chromium
concentrations in the filtrate. The experiments were carried out in duplicate and the mean
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values were considered. Blank samples used in the experiments showed no detectable
Cr(VI) adsorption on the surface of the adsorbents.

4.2.4 Instrumentation for XPS and Raman Spectroscopy

A Kratos Axis Ultra XPS instrument was used to measure all spectra. All samples were
analyzed with a monochromatic A Kα X-ray source (15 mA, 14 KV) using analysis
chamber pressures of 10-7-10-6 Pa. The resolution function of the instrument was found to
be 0.35 eV using silver Fermi edge (Grosvenor et al., 2004). The charge neutralizer
filament was used during all experiments to control charging of the samples. The
conditions applied for the survey scans were as follows: energy range =1100–0 eV, pass
energy =160 eV, step size = 0.7 eV, sweep time = 180 s and x-ray spot size = 700 * 400
µm. An energy range of 40–20 eV was used for the high-resolution spectra, depending on
the peak being examined, with a pass energy of 10 eV and a step size of 0.05 eV. The
sampling volume of the XPS for the sample (a 10 nm depth of penetration and a slot of
700 microns by 160 microns) was approximately 100 cubic microns. All dried samples
were introduced into the spectrometer via a glove box. The glove box was filled with N2
(g) or Ar (g) so as to minimize the chance of the samples reacting with air or airborne
impurities. Dried mineral samples were fractured in a vacuum so that fresh and clean
faces were present during analysis.

Raman spectrum was obtained with a Renishaw Model 2000 Raman Spectrometer system
equipped with a 633 nm He-Ne laser. Laser Raman spectroscopy is dependent on a
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change in the polarization of a molecule to produce Raman scattering. The sampling
volume for the Raman is approximately 40,000 cubic microns. In this study, the Crsorbed iron oxides were immediately transferred to a Teflon®-faced butyl rubber septum;
and a cap was added and tightened. The sample was analyzed in macro mode with a laser
spot size on the order of tens of microns with an approximate laser power of 1 mW at the
sample. When a beam of photons strikes a molecule, the photons are scattered elastically
(Rayleigh scattering) and inelastically (Raman scattering) generating Stokes and antiStokes lines. Raman spectra are expressed in wave numbers which have units of inverse
length. In macro mode, samples used in the Raman are much larger volume than the XPS,
on the order of 40 times.

4.3. Results and Discussion

4.3.1 Effect of pH on adsorption

The dependence of metal adsorption on pH can be clarified from the perspective of
surface chemistry in an aqueous phase. The surfaces of metal oxides are generally
covered with hydroxyl groups that vary in form at different pH levels. The surface
hydroxyl groups from the adsorption of water or from structural OH are the functional
groups of iron oxides. These groups have a double pair of electrons together with a
dissociable hydrogen atom which can help them to react with both acids and bases.
Charge on the iron oxide surface is generated by the dissociation (ionization) of the
surface hydroxyl groups. This situation corresponds to adsorption or desorption of
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protons depending on the pH of the solution. According to Cornell et al. (2003) magnetite
generates Fe2+ and its hydrolysis products (FeOH+, Fe(OH)20, and Fe(OH)3-) depending
on the solution pH. Cornell et al. (2003) further reported that acidity constant of
magnetite (26.1% of used adsorbent), pKa1, is 5.6. Thus, at pH lower than 5.6, the
dominant functional groups of iron oxide surface would be Fe2+ or FeOH+. According to
Cornell et al. (2003) for the most iron oxide the acidity constants, pKas, usually fall
between 5 and 10 and generate Fe2+ , Fe3+ and its hydrolysis products (FeOH+, Fe(OH)20,
and Fe(OH)3-) depending on the solution pH. Although the mixed maghemite- magnetite
is made up of two types of iron oxides, the acidity constants of a specific surface group
depend on the abundance of Fe2+ or Fe3+ and its hydrolysis products. Thus, the dominant
functional groups of most iron oxide surfaces would be Fe2+ or FeOH+ when solution pH
is acidic; and Fe(OH)20 and Fe(OH)3-) when solution pH is basic.

Thus iron oxide would attract negative Cr(VI) species at low pH. At higher pH, the
surface hydroxyl groups on the iron oxide surface are Fe(OH)20, and Fe(OH)3-. Thus
negatively charged iron oxide surface would repel negatively charged Cr(VI) species at
the higher pH value. Maghemite is formed through the oxidation of magnetite, therefore
Fe(III) in solution would form hydrated ferric oxides (HFO) nanoparticles. Adsorption
will keep Cr(VI) on the maghemite-magnetite surface through a Lewis acid base (LAB)
interactions. According to Cornell et al.(2003), iron oxide surfaces coordinate with
hydroxyl ions or water molecules which share their lone electron pair with Fe. Thus,
surface Fe atoms are Lewis acids that react with Lewis bases (e.g. water). They further
noted that the surface hydroxyl groups of the iron oxides are the chemically reactive
entities at the surface of the solid in an aqueous environment possessing a double pair of
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electrons that enables them to react with acid and bases. Figure 4.2 shows the equilibrium
solute concentration of Cr(VI) in the solution after adsorption at different pH values
indicating high pH dependency during Cr(VI) removal by mixed maghemite-magnetite
particles. A maximum adsorption efficiency of 95 % was found at pH 2.5 and the
adsorbed amount was 3.6 mg/g for an initial Cr(VI) concentration of 1.5 mg/L. The
surface coverage on maghemite-magnetite by Cr(VI) was found to be 1.5 µmol/m2 at 1.5
mg/L of initial Cr(VI) concentration. The amount of Cr(VI) removed from solution
decreased with increasing pH and the removal efficiency was less than 60% at pH greater
than 6 indicating more ready adsorption in the lower acidic pH range. The affinities of the
maghemite-magnetite for the different species of Cr(VI) existing at acidic pH values,
namely H2CrO40, HCrO4-, CrO42-, and Cr2072- (Candela et al. 1995) may be different, and
attributed to the variation in removal efficiency at different pH values. Weng et al.
(1997) reported that the adsorption free energy of HCrO4- and CrO42 - is - 2.5 to - 0.6 and
-2.1 to-0.3 kcal/mol,

respectively. Optimum adsorption takes place at pH below 4

(Figure 4.2). Thus, HCrO4- is more favourably adsorbed than CrO42- at the same
concentration because of lower adsorption free energy of HCrO4-. At lower pH, the
removal of Cr(VI) is mainly due to the adsorption of HCrO4-, which is expected to be
adsorbed in larger quantities than CrO42- under the same adsorption affinity. Cr(VI)
uptake decreased slowly because of the higher concentration of OH- ions present in the
adsorption process which competed with Cr(VI) species for the adsorption sites. When
CrO42- concentration is much higher than HCrO4 at higher pH, the adsorption free energy
of CrO42- is lower, and only under such a circumstance can CrO42- adsorption be more
favourable than HCrO4-. Yean et al. (2005) showed from potentiometric titrations that the
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surface of magnetite particles had a positive surface charge up to pH 6.8, a point of zero
charge of 6.8 and a negative surface charge in the pH range 6.8-9.5. Santiago et al. (2012)
reported that the point of zero charge for magnetite particles is dependent on the solution
temperature and pHpzc is decreasing from 7.1 to 6.53 when solution temperature is
increased from 0 to 500C. Since the point of zero charge of iron oxides does not change
significantly

in

the

temperature

range

of

10-500C,

the

change

in

protonation/deprotonation (acidity) constants of the surface groups would be negligible.

According to Tuutijarvi et al. (2009) maghemite has a point of zero charge at pHpzc 7.5
and the more acidic the condition the more positive was the surface charge of the
adsorbent and, accordingly, the more attractive to negative Cr(VI) species. Thus, mixed
maghemite-magnetite particles can adsorb either negatively or positively charged species
by electrostatic attraction depending on pH.

4.3.2 Temperature and the retention time

The removal rates of Cr(VI) at different temperatures are shown in Figure 4.3. For an
initial Cr(VI) concentration of 1.5 mg/L, equilibrium was achieved after 2 hr when
experiments were run at pH 4. In the study by Hu et al. (2005) involving magnetite,
adsorption equilibrium was achieved in 1 hr. At equilibrium, the removal efficiencies of
Cr(VI) by maghemite-magnetite nanoparticles at the initial Cr(VI) concentrations of 1.5
mg/L were 69 % to 91% in the temperature range of 10-500C.
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The rapid metal uptake by maghemite-magnetite nanoparticles may be attributed to
external surface adsorption, which is different from microporous adsorption. Since nearly
all the sorption sites of mixed maghemite-magnetite nanoparticles exist in the exterior of
the adsorbent compared to the porous adsorbent, it is easy for Cr(VI) species to access
these active sites, thus resulting in a rapid approach to equilibrium (Singh et al. 1993). In
addition, the adsorption of Cr(VI) on the maghemite-magnetite mixture may involve two
steps. First, Cr(VI) species migrate from the bulk fluid phase to the outer particle surface
of the adsorbent for contact (film diffusion) (Singh et al. 1993). Second, there might be
electrostatic attraction or reaction occurring between adsorbate (Cr(VI) species) and
adsorbent (Singh et al. 1993).

4.3.3 Adsorption isotherms and thermodynamic parameters

The experimental data found at pH 4 were used in the linearized forms of the Langmuir
isotherm [Eq. (4.1)] to estimate adsorption parameters and to describe the nature of
adsorption of Cr(VI) on maghemite-magnetite nanoparticles .

Ce/qe = 1/bqm + Ce/qm

(4.1)

where Ce and qe are equilibrium solute concentration (mg/L) and equilibrium adsorbed
concentration (mg/g), respectively. The terms qm and b represent the adsorption maxima
or adsorption capacity (mg/g) and energy of adsorption, respectively. These adsorption
parameters may be used in future modelling and scale up studies. Figure 4.4 presents
Langmuir plots for Cr(VI) adsorption by maghemite-magnetite nanoparticles.

As
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indicated, the data (R2 values of 0.95 to 0.99) show that adsorption by maghemitemagnetite nano-particles is well described by the Langmuir isotherm. Figure 4.4 also
shows that Cr(VI) adsorption increases with an increase in temperature. The maximum
Cr(VI) removal was found to be 95%, 87% and 78% at the temperature of 50, 22 and
100C respectively (Fig. 4.4) when initial concentration was 0.5 mg/L Again, when the
initial Cr(VI) concentration was 3 mg/L in Figure 4.4, the maximum removal achieved
was 78%, 66% and 45% at the temperature of 50, 22 and 100C respectively. Thus, initial
concentration also shows influence on removal efficiency. Gupta et al. (1978) noted that
Langmuir adsorption is a reversible phenomenon and that the coverage is monolayer with
a finite number of adsorption sites. These authors further reported that once a site is
filled, no further sorption can occur at that site as long as the surface reaches a saturation
point.

In order to calculate the adsorption efficiency, the dimensionless equilibrium parameter
was determined from the following equation:

r = 1/(1+ bC0)

(4.2)

where r is a dimensionless separation factor, C0 is the initial Cr(VI) concentration (mg/L)
and b is the Langmuir isotherm constant (L/mg). A value of r < 1

represents favourable

adsorption and a value greater than one represents unfavourable adsorption (Mckay et
al.1985). In the present study, calculated values of r for all initial concentrations of
Cr(VI) were found to be less than 0.5 at the investigated temperatures.
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According to Altundogan et al. (2000), standard Gibbs free energy (∆G0), standard
enthalpy (∆H0) and standard entropy changes (∆S0) for the adsorption process may be
calculated from Eqs. (4.3)-(4.5):
Ln(1/b) = ∆G0/ RT

(4.3)

Ln b = Ln b0 - ∆H0/ RT

(4.4)

∆G0 = ∆H0 – T ∆S0

(4.5)

where b is Langmuir constant which is related to the energy of adsorption, bo is a
constant, R is the ideal gas constant (8.314 J mol-1 K-1) and T is temperature (K). A
negative value for ∆G0 indicates spontaneous adsorption and a positive entropy change
(∆S0) suggests structural changes in adsorbate and adsorbent (Altundogan et al. 2000 and
Sawyer et al. 1994). In the present study, the negative ∆G0 values obtained for Cr(VI)
adsorption on maghemite-magnetite nanoparticles (Table 4.2) confirm the feasibility and
spontaneous nature of adsorption. The effect of temperature on the removal rate of
targeted contaminants is an important design-consideration for field applications because
the temperature of groundwater or wastewater in field applications is generally lower or
higher than the room temperature of laboratory experiments. In this study, the calculated
value, ∆Hº, are about 9.0 Kj mol-1 using equation (4.3)-(4.4). The positive value of ∆Hº
reflects the chemical changes that accompany heat absorption during adsorption i.e.
endothermic adsorption (Dash et al. 2007), which explains why elevated temperature led
to enhanced Cr adsorption onto the surfaces of mixed iron oxides. Elevated temperature
might also have increased the kinetic energy of anion species so that they could be
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transported easily to adsorption sites (Dash et al. 2007). Thus, as shown in Table 4.2, it
can be concluded that the adsorption of Cr(VI) on maghemite-magnetite nanoparticles
was highly favorable at the concentrations and temperatures studied. In this study, the
decrease in free energy change with the rise in temperature shows increased feasibility of
adsorption at increasing temperatures (Altundogan et al. 2000).
The adsorption rate constant (kad) was estimated from the following first order rate
equation:
Log (qe-qt) = Log qe – (kad/2.303)*t

(4.6)

Where qe and qt (both in mg g−1) are the amount of Cr(VI) adsorbed per unit mass of
mixed maghemite-magnetite at equilibrium and time, t, respectively, and kad is the rate
constant (min−1). A linear plot of log (qe− qt) versus time at different temperatures implies
that the process is of the first order (Fig. 4.5). The values of kad at 100, 220 and 50 0C are
found to be 0.014, 0.02 and 0.03 min-1 indicating better removal at higher temperature.

4.3.4 X-ray Photoelectron Spectroscopy (XPS) and Raman Analysis

The Cr-loaded maghemite-magnetite particles after Cr adsorption at a fixed pH were
characterized using XRD (X-ray diffraction) and XPS (X-ray photoelectron
spectroscopy) techniques. The results of XRD analysis (Fig. 4.6) demonstrate that
identical peaks of the Cr-loaded particles match well with those of standard γ-Fe2O3Fe3O4 and that no other crystalline post-adsorption phases were present. However, it is
clear that the intensity of all peaks in Figure 6 decreased after Cr adsorption. The peak
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shift from 730 to 740 2θ (in Fig. 4.6) indicates the oxidation of magnetite to maghemite
following Cr adsorption at the mixed maghemite-magnetite surface (Sadiq et al. 1988).
The elemental composition and chemical oxidation states of surface and near-surface
species were investigated using XPS. All spectra were drawn and analyzed using the
Casa-XPS software (Fairley, 2003). XPS wide scan spectra of fresh maghemite-magnetite
and Cr adsorbed maghemite-magnetite sorbents are illustrated in Figure 4.7. Three major
peaks at binding energies of 282.25, 348.05, 527.25 and representing C 1s, Ca 2p, and O
1s, respectively, are observed for the virgin sorbent (Figure 4.7a). Significant changes can
be seen in Figure 4.7b after Cr(VI) adsorption; the peak at binding energy of 583.05 eV
for Cr 2p appears in the Cr(VI) loaded sorbent.

The Fe 2p high resolution spectra were fitted following the example of Pratt et al. (1994)
using theoretical multiplet peak (Gupta and Sen, 1975). The peak full width at half
maximum (FWHM) was generally held to be between 1.0 and 3.3 eV. The XPS results,
shown in Fig 4.8, present the theoretical multiplet peaks for iron and chromium adsorbed
iron at the surface of the Fe3O4 and γ-Fe2O3 mixture. Theoretical multiplet analysis of the
γ-Fe2O3- Fe3O4 mixture gave 73.9% of maghemite and 26.1% of magnetite (Fig. 4.8a).
No sharp hematite peak was observed in the XPS spectra. After Cr(VI) adsorption on the
maghemite-magnetite mixture, it was found that the percent of maghemite increased to
88.7% (Fig 4.8b). At the same time, the percentage of magnetite was reduced (Fig. 4.8b).
Thus, the results suggest that a redox reaction occurred on the mixed maghemitemagnetite surface when Cr(VI) was introduced. Changes in the relative abundance of
Fe(II) and Fe(III) in magnetite and maghemite spectra (Fig. 4.8a and 4.8b) upon Cr(VI)
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adsorption are quantitatively elucidated in Table 4.1. The data show that in magnetite
spectra, the relative content of the Fe(III) and Fe(II) decreases from 17.9 to 20.1 % for
Fe(III) and 8.2 to 3.6 for Fe(II) indicating the reduction of magnetite in the mixture
particles. This indicated oxidation on the mixed oxides surface as well as an increase in
the amount of maghemite from 73.9% to 88.7%. Figure 4.9 shows the difference in Fe
2p3/2 spectra between maghemite-magnetite particles and Cr(VI)-adsorbed maghemitemagnetite particles at pH 4.0. The spectra have been background subtracted, normalized
and then subtracted from fresh adsorbent to Cr(VI)-adsorbed absorbent. Figure 4.9
clearly shows that the intensity of the peak decreased after Cr adsorption and that the
peaks before and after reaction of Fe 2p3/2 were not the same. The results also illustrate
the decreased intensity and increased binding energy tendency when spectra have been
subtracted from spectra before and after Cr(VI) adsorbed spectra. This also supports the
explanation of reaction mechanism provided in this study.

The Cr 2p spectrum of the Cr(VI) adsorbed sorbent can be deconvoluted into four
individual component peaks, which originate from the Cr(III) atom and overlap on each
other. Table 4.3 shows binding energies and relative content of chromium in mixed
maghemite-magnetite adsorbents. According to Moulder et al. (1992), the Cr 2p peak for
chromium oxides occur at binding energy ranges of 575 eV to 579 eV. Biesinger et al.
(2011) observed that FeCr204 peaks are found at binding energies of 575.9, 577.0 and
577.9 eV. As shown in Figure 4.10, the peaks at binding energies of 575.80 and 577.22
eV can be assigned to Cr(III) species. The compounds found at the peaks between 575
and 580 eV are Fe-Cr compounds. The results also demonstrate that magnetite was
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oxidized to maghemite after the introduction of Cr(VI) into the solution; and at the same
time, all Cr(VI) species were reduced to Cr(III) species (Fig. 4.10) on the mixed iron
oxides surfaces. Pratt et al. (1996) observed that Cr(VI) has no multiplet structure. In the
present study, there is no evidence of Cr(VI) presence in the Cr 2p data. The Cr 2p data
has distinct structure and it matches remarkably well that of Cr(III). Thus, the adsorption
mechanism of Cr(VI) onto Fe3O4-γ-Fe2O3 surface is suggested to be a physico-chemical
reaction as well as electrostatic attraction at pH of 4. The amount of chromium used in
the XPS spectrum analysis was very low (0.1-0.5 atomic percent) compared to the
amount of iron detected (25-30 %), any iron-chromium complex contribution to the Fe 2p
spectrum would be obscured by the large maghemite-magnetite signal.

To further confirm the interaction between oxide surface and the adsorbed anions and
also specify the possible Cr species on the surface, Raman spectroscopy was applied to
the same sample and the results are shown in Fig. 4.11. The shift of the main γ-Fe2O3Fe304 peaks at 1403, 1176, 699.1, 484.3, and 377 cm-1 is negligible; the presence of a new
peak at 826.4 cm-1 is observed and the FWHM of this peak is likely on the order of 100
cm-1. Weckhuysen et al. (1997) found Raman peaks for chromium compounds were
located between 800 cm-1 and 1030 cm-1. In agreement with Weckhuysen et al. (1997),
the Raman peak at 826.4 cm-1 is interpreted to originate from a chromium species that
formed as a result of reaction between chromate ions in solution and iron oxide
nanoparticles. From Figure 4.12, it is clearly seen that a chromium compound signal
exists on the iron oxide surface after subtraction of Cr adsorbed mixed maghemitemagnetite from fresh mixed maghemite-magnetite particles. Since the amount of
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chromium used in the Raman spectrum analysis was very low compared to the amount of
iron oxide, any iron-chromium complex contribution to the spectrum would be partially
obscured by the large maghemite-magnetite signal. The reliable deconvolution of the
peak at 826.4 cm-1 was complicated because it is very difficult to draw the small peaks
due to the poor signal to noise ratio (Fig. 4.11b). Figure 12 illustrates Raman spectra
showing the difference in spectrum between Cr(VI)-adsorbed maghemite-magnetite
particles and fresh magnetite-maghemite mixture particles at pH 4.0. Spectra have been
subtracted from Cr(VI)-loaded absorbent to fresh adsorbent.

With regard to the basic analysis parameters, both Raman and XPS have a similar
minimum detection limit of approximately 1.0 - 0.25 weight percent. From the results of
the present study, the Raman data have a very distinct chromium contribution (Fig. 4.11)
and the XPS data have a very weak chromium contribution (Fig. 4.7). This difference in
Cr peak intensity for the two methods can be explained through consideration of the
analysis volume for each method. The XPS data originate from a layer no thicker than 4
nanometres of the surface of the nanoparticle mass, whereas the Raman data originate
from both the surface and the bulk of the nanoparticle mass. These results show that the
chromium has reacted with a large proportion of the nanoparticle population in the
experiment. The weakness of the XPS Cr peak relative to the Raman Cr peak may also be
an indication that not all of the Cr is found on the nanoparticle surface but that some is
found below the nanoparticle surface. The implication of this interpretation is that, in
addition to adsorption reactions, diffusion reactions also occurred during the experiment.
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Faria et al. (1997) noted that the Raman spectrum of maghemite can be characterized by
three broad structures around 350, 500 and 700 cm-1, which are not present in any other
iron oxide spectrum. In Figure 4.11, Cr adsorbed mixed maghemite-magnetite had the
peak at 826.4 cm-1 indicating the surface interaction species. Faria et al.(1997) reported
that the Raman band around 665 cm-1 to 670 cm-1 was attributed to the high intensity of
A1g mode of magnetite (Fe3O4) with other weak bands at ca. 298 cm-1, 320 cm-1, 420 cm-1
and 550 cm-1. In the present Raman study, there was no sharp peak identified in the given
range indicating the reduction of magnetite in the Cr loaded mixed particles. Thus, all
Fe(II) in magnetite was transformed to Fe(III) by the redox reaction when Cr(VI) was
introduced into the solution.

4.4 Conclusions

Adsorption mechanism studies suggest that the adsorption of Cr(VI) onto maghemitemagnetite nanoparticles involves electrostatic interaction and redox reaction. Application
of maghemite-magnetite nanoparticles for chromium removal has great potential in water
and wastewater engineering. The results have highlighted three important contributions
and applications: i) mechanism of Cr(VI) adsorption; (ii) possible treatment of Cr(VI)
contaminated wastewater; and (iii) remediation of Cr(VI) contaminated groundwater.
From the study, it is apparent that the removal of Cr(VI) by maghemite-magnetite
nanoparticles depends on pH, temperature, contact time, and initial concentration of
chromium. The results show that maghemite-magnetite nanoparticles can adsorb Cr(VI)
better in an acidic pH range and that equilibrium may be achieved in 2 hours at pH 4.0

115
and an initial Cr(VI) concentration of 1.5 mg/L. Thermodynamic calculation indicated
that Cr(VI) adsorption on the adsorbent is spontaneous and endothermic in nature. The
adsorption capacity is enhanced with an increase in reaction temperature. Figures (4.3)(4.5) clearly show that the adsorption of Cr(VI) on maghemite-magnetite particles
increased with an increase in temperature. The effects of temperature on the removal rate
of targeted compounds are important design-parameters for field application. The
temperature of the groundwater in the field application is generally lower than the room
temperature used in the experiment. Thus, temperature-reaction rate relationships are
important for the removal of any hazardous compounds. The identification of the
chemical states of the adsorbed Cr using XPS and Raman analyses during the removal of
Cr(VI) from aqueous solution by mixed maghemite–magnetite nanoparticles is a major
contribution of the study. The Raman and XPS data suggest that electrostatic attraction
and oxidation–reduction reactions between chromium species and mixed maghemitemagnetite are the main mechanisms for the removal of chromium from aqueous
solutions. Theoretical multiplet analysis of the Cr adsorbed γ-Fe2O3-Fe3O4 mixture
presented in the study provides additional contribution to the literature on XPS studies.
From the Raman study, it may be inferred that, in addition to adsorption reactions,
diffusion reactions are also important during the experiments. These findings may be
used to develop mixed maghemite- magnetite adsorbent systems for water treatment and
site remediation.
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Table 4.1: Multiplet peak positions, FWHM and areas used to fit the XPS data. Peak
parameters were obtained from Grosvenor et al. (2004).
Sample Name

Metal Oxide

Binding

FWHM

Area ( %)
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Energy (eV)
Maghemite

714.05

1.7

2.4

Maghemite

712.95

1.4

7.5

Maghemite

711.75

1.4

16.8

Maghemite

710.75

1.3

22.70

Maghemite

709.75

1.2

22.70

Maghemite-

Fe(III) Magnetite

714.45

3.3

2.4

magnetite

Fe(III) Magnetite

713.35

1.4

1.5

Mixture

Fe(III) Magnetite

712.25

1.4

3.2

Fe(III) Magnetite

711.15

1.4

4.6

Fe(III) Magnetite

710.15

1.4

6.2

Fe(II) Magnetite

709.15

1.2

3.9

Fe(II) Magnetite

708.35

1.2

4.3

Maghemite

714.15

1.7

5.1

Maghemite

713.05

1.4

9.0

Maghemite

711.85

1.4

20.2

Maghemite

710.85

1.3

27.2

Cr(VI) Loaded

Maghemite

709.85

1.2

27.2

Sorbent

Fe(III) Magnetite

714.45

3.3

3.5

Fe(III) Magnetite

713.35

1.4

0.6

Fe(III) Magnetite

712.25

1.4

1.4

Fe(III) Magnetite

711.15

1.4

2.0

Fe(III) Magnetite

710.15

1.4

2.7

Fe(II) Magnetite

709.44

1.2

1.7

Fe(II) Magnetite

708.15

1.2

1.9

Table 4.2: Langmuir constant and thermodynamic parameters at different temperature
for Cr(VI) removal by maghemite and magnetite mixtures.
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Species

0

Cr(VI)

Langmuir Constant

Temperature,
C

b (L/mg)

Thermodynamic Parameters
-∆G0

qmax

∆S0

(mg/g)

( Kj mol-1)

(Kj mol-1 K-1)

10

3

6

28

0.1

22

3.1

6.9

29.4

0.1

50

4.8

7

33.45

0.13

Table 4.3: Binding Energies and relative content of Chromium in mixed maghemite and
magnetite adsorbents.
Valence state

Sample

Elemental

Binding

Peak Area

Oxidation

energy

(%)

State

(eV)

Cr(III)

579.72

4.0

1.09

578.90

6.2

1.09

577.90

14.7

1.09

577.20

19.3

2.5

577.10

27.5

1.09

576.11

28.3

1.09

FWHM

(Cr2O3)
Cr 2p/5

Cr(VI) Loaded

Cr(III)

sorbent

(Cr2O3)
Cr(III)
(Cr2O3)
Cr(III)
(Cr(OH)3)
Cr(III)
(Cr2O3)
Cr(III)
(Cr2O3)
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Figure 4.1: Image of maghemite-magnetite nanoparticles (20-60 nm) using Hitachi
S4500 scanning electron microscopy (SEM).
Figure 4.2: The equilibrium solute concentration of Cr(VI) in the solution after
adsorption at different pH values (Adsorbent: maghemite- magnetite and Ce: equilibrium
solute concentration (mg/L)).
Figure 4.3: Effect of contact time on the adsorption of Cr(VI) by maghemite-magnetite
nanoparticles at different temperatures and pH 4 . (Initial concentration, Ce: 1.5 mg/L).
Figure 4.4: Langmiur isotherm plots for Cr(VI) adsorption by maghemite-magnetite
nanoparticles at different temperatures (initial concentration: 0.4 – 3.1 mg/L; contact
time: 24 hrs; pH = 4; maghemite-magnetite nanoparticles dosage: 0.4 g/L).
Figure 4.5: Lagergren plot for adsorption of Cr(VI) on maghemite-magnetite
nanoparticles at different temperatures.
Figure 4.6: XRD patterns showing maghemite-magnetite particles: sample 1 before
Chromium (VI) adsorption; sample 1-Cr indicates after Chromium (VI) adsorption.
Figure 4.7: XPS wide scan spectra: (a) and (b) fresh maghemite-magnetite mixture; and
( c) and (d) Cr(VI) loaded maghemite- magnetite mixture. (Binding energy scale in order
of descending values).
Figure 4.8: XPS spectra (a) nanoscale magheamite-magnetite particles and (b) Cr(VI)adsorbed maghemite-magnetite mixture particles at pH 4.0.
Figure 4.9: XPS spectra: Difference of Fe 2p3/2 spectrum between maghemitemagnetite particles and Cr(VI)-adsorbed maghemite-magnetite mixture particles at pH
4.0. Spectra has been background subtracted, normalized, and then subtracted from fresh
adsorbent to Cr(VI)-adsorbed absorbent.
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Figure 4.10: Cr 2p XPS spectra of Cr(VI) loaded maghemite-magnetite mixture (state
background subtracted in data).
Figure 4.11: Raman spectra of (a) virgin mixed maghemite-magnetite particles (b) Cr
adsorbed mixed maghemite-magnetite.
Figure 4.12: Raman spectra: Difference of spectrum between Cr(VI)-adsorbed
maghemite-magnetite particles and fresh magnetite-maghemite mixture particles at pH
4.0. Spectra has been subtracted from Cr(VI)-adsorbed absorbent to fresh adsorbent.
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Figure 4.1: Image of maghemite- magnetite nanoparticles (20-60 nm) using Hitachi
S4500 scanning electron microscopy (SEM).
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Figure 4.2: The equilibrium solute concentration of Cr(VI) in the solution after
adsorption at different pH values (Adsorbent: maghemite- magnetite and Ce: equilibrium
solute concentration (mg/L)).
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Figure 4.3: Effect of contact time on the adsorption of Cr(VI) by maghemite-magnetite
nanoparticles at different temperatures and pH 4 . (Initial concentration, Ce: 1.5 mg/L)
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Figure 4.4: Langmuir isotherm plots for Cr(VI) adsorption by maghemite-magnetite
nanoparticles at different temperatures (initial concentration: 0.5 – 3.5 mg/L; contact
time: 24 hrs; pH = 4; maghemite-magnetite nanoparticles dosage: 0.4 g/L).
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Figure 4.5: Lagergren plot for adsorption of Cr(VI) on maghemite-magnetite
nanoparticles at different temperatures.
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Figure 4.6: XRD patterns showing magheamite-magnetite particles: sample 1 before
Chromium (VI) adsorption; sample 1-Cr indicates after Chromium (VI) adsorption.
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Mixed maghemite and magnetite after Cr(VI) adsorption
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Figure 4.7: XPS wide scan spectra: (a) and (b) fresh maghemite-magnetite mixture; and
( c) and (d) Cr(VI) loaded magnetite–maghemite mixture. (Binding energy scale in order
of descending values)
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Figure 4.8: XPS spectra (a) nanoscale maghemite-magnetite particles and (b) Cr(VI)adsorbed mixed maghemite-magnetite- particles at pH 4.0.
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Figure 4.9: XPS spectra: Difference of Fe 2p3/2 spectrum between maghemite-magnetite
particles and Cr(VI)-adsorbed magnetite-maghemite mixture particles at pH 4.0. Spectra
have been background subtracted, normalized, and then subtracted from fresh adsorbent
to Cr(VI)-adsorbed absorbent.
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Figure 4.11: Raman spectra of (a) virgin mixed maghemite-magnetite particles (b) Cr
adsorbed mixed maghemite-magnetite.
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Figure 4.12:

Raman spectra: Difference of spectrum between Cr(VI)-adsorbed

maghemite-magnetite particles and fresh magnetite-maghemite mixture particles at pH
4.0. Spectra have been subtracted from Cr(VI)-adsorbed absorbent to fresh adsorbent.
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KINETICS OF CADMIUM(II) UPTAKE BY MIXED MAGHEMITEMAGNETITE NANOPARTICLES

5.1 Introduction

Cadmium, a toxic heavy metal, is a relatively less abundant metallic element and one of
the toxic substances released to the environment through anthropogenic activities
including the combustion of fossil fuels, metal production, application of phosphate
fertilizers, electroplating and the manufacturing of batteries, pigments, and screens
(Sharma, 2008; and Marin et al. 2007). According to Rao et al. (2010), cadmium exists
naturally in the subsurface and water bodies by the gradual process of erosion and
abrasion of rocks and soils, and from singular events such as forest fires and volcanic
eruptions. The best known cadmium minerals are greenockite, cadmium sulfide (77.6%
Cd), otavite, cadmium carbonate (61.5% Cd) and pure cadmium oxide (87.5% Cd).

According to Waalkes (2000) and Sharma (2008), cadmium is reportedly a potent
carcinogen and teratogen impacting lungs, kidneys, liver and reproductive organs.
According to WHO (2008) guideline, the maximum cadmium concentration in drinking
water is 0.003 mg/L. Singh et al. (1998) reported that cadmium has toxic effects when its
concentration exceeds the threshold limit value (TLV) of 0.005 mg/L and causes different
types of acute and chronic disorders. As cadmium is a well- known toxic metal and has a
low drinking water guideline, Cd contaminated waters must be treated prior to their
disposal.

142
The persistence and mobility of Cd in soils are determined largely by the extent of
adsorption by soil particles (Naidu et al. 1994) and the adsorption of Cd by hydrous
oxides and it is influenced by variables such as pH and the ionic composition (both
species and concentration) of the support medium. Naidu et al. (1994) reported that the
effect of pH on Cd adsorption has been studied extensively using both pure systems, such
as goethite, silicate clay minerals and soils. They further explained that Cd adsorption
increases with an increase in pH, attributed mainly to the preferential adsorption of Cdhydroxy complexes. The study of the effect of ionic strength on Cd adsorption was
largely limited to pure systems, such as clay minerals. Boekhold et al. (1993) attributed
the decrease in Cd adsorption with increasing ionic strength to competition between Cd
and background cations.

The conventional methods for treating wastewaters containing cadmium involve alkaline
precipitation and ion exchange. However, due to high maintenance costs, these methods
do not suit the needs of many developing and emerging economies such as India (Naidu
et al. 1994). These authors further reported that out of the available treatment methods,
adsorption was selected because of its sludge-free clean operation and the feasibility of
using a variety of adsorbents, such as activated carbon discarded automotive tyres,
agricultural products and by-products, and starch Xanthate, for cadmium removal. A
variety of adsorbents, including clays, zeolites, dried plant parts, agricultural waste
biomass, biopolymers, metal oxides, microorganisms, sewage sludge, fly ash, activated
carbon, magnetite and hematite have been used for cadmium removal (Mahalik et al
1995, Singh et al. 1998, Alloway et al. 1999, Cornell et al. 2003, Marin et al. 2007 and
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Tan et al. 2009). Singh et al. (1998) reported that the maximum Cd removal by hematite
was 98% at a cadmium concentration of 44.88 µmol/L, a temperature of 200 C and pH 9.2
with 40 g/L of hematite of particle size <200 µm and equilibrium contact time, 2 h. Hu et
al. (2004) and Petrova et al. (2011) reported that different nano iron oxide particles are
particularly attractive for remediation purposes due to their significant surface area to
mass ratio leading to a relatively high density of reactive sites and heavy metal removal
capacity. They further reported that heavy metals are either reduced at the mixed
magnetite-maghemite nanoparticles surface (e.g., Cr(III), As(III)) or directly adsorbed to
the magnetite- maghemite nanoparticles surface where they are rendered immobile (e.g.,
Cr(III), As(III)). Petrova et al. (2011) reported that in an oxidizing atmosphere, magnetite
is oxidized to maghemite or hematite, namely:

4Fe3O4 + O2 → 6Fe2O3 ----------------------------- (1)

According to Cornell et al. (2003) and Petrova et al. (2011), magnetite (Fe3O4) is
commonly found in the environment and can form via several pathways, including biotic
and abiotic reduction of ferric iron Fe3+ oxides and the oxidation of ferrous iron Fe2+ and
iron metal (Fe0). Magnetite can also adsorb cadmium (Cd), cobalt, chromium and arsenic
from aqueous solution. The controlling mechanism of the adsorption process is generally
a function of the standard redox potential of the contaminant metal. The standard redox
potential of Cd2+ (−0.2 to - 0.40 V, 25 0C) is very close to that of iron oxide (−0.25 to 0.45V, 25 0C), and thus, the removal of Cd2+ ions by iron oxide is due to sorption (Pang
et al. 2007 and Geological Survey of Japan, 2005).
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Boparai et al. (2010) found that the maximum Cd uptake capacity of Zero-Valent Iron
(nZVI) for Cd2+ was 769.2 mgg−1 at pH 8.5 and 297 K. These authors showed further that
the adsorption process was endothermic, spontaneous and chemisorptive. However, there
has been limited use of nZVI in site remediation because of its extremely reactive nature,
improper handling during application and its toxicity (Li et al 2009, and Phenrat et al.
2009). These authors further reported that nZVI produces highly reactive and unstable
molecule free radicals through the transformation process. These free radicals need
additional electrons for stabilization and can effect antioxidant enzymatic activities,
peroxidation of membrane lipids, modification of nucleic acids, and eventually cause cell
death and tissue injury. In addition, nZVI particles can also affect wildlife through
consumption and respiration if they are directly introduced to lakes or streams during
surface water remediation. Gavaskar et al. (2005) noted that the toxicity of the potential
by-products needs to be considered when assessing the pros and cons of using nZVI for
remediation. If the contaminant cannot be completely degraded by nZVI and the byproducts formed in the system pose a greater environmental hazard than the original
target contaminant, then the application of nZVI in site remediation might not be the best
solution. Phenrat et al (2009) reported that nZVI particles can be more toxic than
nanoscale iron oxides (e.g. γ-Fe2O3, Fe3O4 and Fe2O3 etc.). They further demonstrated that
oxidative stress increased in rodent (BV2) microglia in the following order: fresh nZVI >
aged nZVI (11 days)> magnetite = surface-modified nZVI. These researchers showed
that fresh nZVI generated morphological evidence of mitochondrial swelling and
apoptosis. Thus, it can be concluded that iron oxide is less toxic than nZVI.
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According to Sharma (2008), different parameters, such as contact time, adsorbate
concentrations, pH, and particle size of adsorbent, play important roles in the removal of
metals from aqueous solutions. The objective of the present work is to investigate the
adsorption kinetics of cadmium removal by mixed iron oxide nanoparticles (γ-Fe2O3Fe3O4). Sorption kinetics was examined to develop an understanding of the rate and the
controlling mechanisms (e.g., surface versus intraparticle diffusion) of sorption. Kinetic
data can be used to predict the rate at which the target contaminant is removed from
solution. The results from the study can be used to assess the utility of mixed maghemitemagnetite nanoparticles for heavy metal removal, in particular cadmium adsorption. This
is one of the very few studies that have, to date, investigated the feasibility of Cd(II)
removal from aqueous solution by mixed maghemite-magnetite (γ-Fe2O3-Fe3O4)
nanoparticles. It is probably more realistic to evaluate the removal efficiency of the
mixture because, in nature, these minerals commonly occur together. The identification
of the chemical states of the adsorbed Cd using XPS analysis was a major contribution of
the study. Theoretical multiplet analysis of the Cd adsorbed γ-Fe2O3-Fe3O4 presented in
the study is a novel contribution to the literature on XPS studies. In addition, no
published study has, to date, examined the effect of contact time, pH, solid/liquid ratio
and temperature on the adsorption and distribution coefficient of Cd on mixed γ-Fe2O3Fe3O4 surfaces.

5.2 Materials and Methods

5.2.1 Characterization of the adsorbent
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Magnetite nanoparticles were purchased from Reade Advanced Materials (Rhode Island,
U.S.A.). The size range for this commercial grade ‘magnetite’ was 20-80 nm. The
sample arrived in powder form in an airtight plastic bag. Pre-adsorption laboratory
characterization of the sample, however, showed that the sample was actually a mixture
of maghemite and magnetite nanoparticles. The surface area of the sample was
determined using the N2 adsorption method and applying the Brunauer, Emmett, Teller
(BET) equation and found to have an average value of 49.5 m2/g. Further examination
and characterization of the sample showed that the particles were dispersed and contained
99.9% pure 20-80 nm magnetite-maghemite particles that had a black and spherical
morphology and a bulk density of 0.8 g/cm3. X-ray photoelectron spectroscopy analysis
confirmed that the mixed oxide (γ-Fe2O3-Fe3O4) comprised 74.8% maghemite (γ-Fe2O3)
and 25.2% magnetite (Fe3O4) (Fig 5.10a).

5.2.2. Reagents

Stock solutions of cadmium (Cd) were prepared by dissolving a hydrated cadmium
nitrate salt (Cd(NO3)2.4H2O) in distilled water. Certified reagent grade chemicals were
used to prepare all solutions for the experiments without further purification. Glass
volumetric flasks and reaction vessels were treated with 10% HNO3 and rinsed several
times with de-ionized water before they were used.
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A known amount (0.8 g/L) of maghemite-magnetite sample was added to a desired
concentration of stock (Cd) solution in plastic bottles. Solutions were prepared with deionized water. Standard acid (0.1 M HNO3) and base (0.1 M NaOH) solutions were used
for pH adjustment. The pH of each solution was measured using an Orion combination
electrode. In the batch test, Cd concentrations were kept in the range of 0.2-1.5 mg/L.

5.2.3 Batch adsorption procedure

Batch adsorption experiments were carried out by agitating 0.2 g of the adsorbent (20-80
nm mixed maghemite-magnetite particles) with 250 mL aqueous solution of cadmium of
desired concentration, temperature, pH, and ionic strength in different polyethylene
bottles on a shaking thermostat at 100-120 rpm. After predetermined time intervals, the
adsorbent was separated from solutions by centrifugation. Adsorption was determined by
measuring the concentration of cadmium (Cd) left in the aliquot by ICP-OES (inductively
coupled plasma-optical emission spectroscopy). The pH of the solutions was maintained
at the desired value by the addition of either 0.1 M HNO3 or 0.1 M NaOH. In equilibrium
and thermodynamic studies, experiments were carried out at different temperatures with
solutions of different concentrations of cadmium. The experiments were carried out in
triplicate and the mean values were reported. The results were found to vary within ±5%.
The standard deviation of each point on the graphs was calculated. The resulting error
bars representing standard deviation for the figures were found to be small. Blank
experiments (distilled water plus adsorbent alone) did not reveal any detectable Cd
adsorption by the adsorbent. The supernatant solutions were separated and solid samples
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were dried in a vacuum desiccator. The dried Cd adsorbed maghemite-magnetite
nanoparticles were kept in an airtight ceramic dish to prevent any reaction with air.

5.2.4 Instrumentation for XPS

All spectra were collected using a Kratos Axis Ultra X-ray Photoelectron Spectrometer
(XPS). The samples were analyzed using a monochromatic Al Kα X-ray source (15 mA,
14 KV) and chamber pressures of 10-7-10-6 Pa. The resolution function of the XPS
instrument was found to be 0.35 eV using silver Fermi edge (Grosvenor et al. 2004),
During the experiments, a charge neutralizer filament was used to control or minimize
charging of the samples. The following conditions were used in the survey scans : energy
range =0-1100 eV, pass energy =160 eV, step size = 0.7 eV, sweep time = 180 s and xray spot size = 700 * 400 µm. An energy range of 20–40 eV was used for the highresolution spectra, depending on the peak being examined. The sampling volume of the
XPS for a 10 nm depth of penetration and a slot of 700 microns by 160 microns was
approximately 100 cubic microns. The photons interact with atoms in the surface region,
causing electrons to be emitted by the photoelectric effect. XPS spectral lines are
identified after the ejection of electron from the shell (1s, 2s, 2p, etc.). The ejected
photoelectron has electron Binding Energy (BE):
BE = hv- Ek-Φ ……………………………….. (5.1)
Where: BE= Electron Binding Energy; Ek= Electron Kinetic Energy; Φspec= Spectrometer
Work Function. Each electron contains its binding energy. By knowing this binding
energy one can identify what element it is coming from. An important advantage of XPS
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is its capability to obtain information on chemical states from the variations in binding
energies, or chemical shifts, of the photoelectron lines.
All dried samples were transferred into the spectrometer via a glove box filled with N2
(g) or Ar (g). This was done to minimize the exposure of the samples to air or airborne
impurities. In order to provide fresh and clean mineral faces for the analysis, the dried
samples were fractured in a vacuum prior to the analysis.

5.2.5 Theory

5.2.5.1 The distribution coefficient KD
The uptake distribution coefficient, KD, in Equation. 5.2 is defined as the concentration
of the species adsorbed per gram of the sorbent divided by its concentration per L in the
liquid phase:
KD = (Ci − Ceq)V/Ceq m (L/g) …………(5.2)
Here, V is the volume of the solution in L and m is the mass of sorbent in g.

5.2.5.2 Pseudo first-order equation

The pseudo first-order equation for any chemical system can generally be illustrated as
(Lagergren, 1898):
dqt/dt = k1ads (qe − qt ) -----------------------------------------------(5.3)
where qe and qt represent the adsorption capacities (mg/g) at equilibrium and at time t,
respectively, and k1ads is the rate constant for pseudo first-order adsorption (min−1). After
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integration and considering the boundary and initial conditions, t = 0 to t = t and qt = 0 to
qt = qt, Eq. (5.3) can be expressed as :
Log (qe − qt ) = Log qe − k1ads*t/2.303 ----------------------------------(5.4)

2.5.3 The pseudo second-order equation

According to Ho et al. (2000), the pseudo second-order adsorption kinetic rate equation
may be illustrated by equation (5.5):
dqt/dt = k2 ads(qe − qt )2 ---------------------------------------------------(5.5)
where, k2ads indicates the rate constant of pseudo second-order adsorption (g*mg-1min-1).
Applying the boundary conditions t=0 to t = t and qt =0 to qt = qt, the integrated form of
Eq. (5.5) can be reduced to equation (5.6):
1/(qe - qt ) =1/qe + k2ads*t --------------------------------------------------------- (5.6)
which is the integrated rate law for a pseudo second-order reaction. Eq. (5.6) can be rearranged to give Eq. (5.7):
t/qt =1/ k2 ads qe 2 + t/qe ----------------------------------------------------------------------(5.7)
If the initial adsorption rate, h (mg/g min) is:
h = k2 ads*qe 2 -----------------------------------------------------------------(5.8)
then Eqs. (5.7) and (5.8) can be expressed as:
t/qt =1/h +t/qe--------------------------------------(5.9)
5.2.5.3 The intraparticle diffusion model
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The intraparticle diffusion model was illustrated by Srivastava et al. (1989) and Weber et
al (1963):
Yid = kid(t)a ---------------------------------------(5.10)
A linearized form of the equation can be expressed by
log Yid = log kid + a log t--------------------------------(5.11)
where, Yid , t, a and kid represent the percent chemical species adsorbed, the contact time
(min), the gradient of linear plots and the intra-particle diffusion rate constant (min−1),
respectively. The value of a also depicts the adsorption mechanism and kid is considered a
rate factor, i.e., percent adsorbate adsorbed per unit time.

5.3 Results and discussion
5.3.1 Parameters affecting the removal of cadmium

5.3.1.1 Effect of pH and distribution coefficient (KD)
Batch experiments were conducted at different pH values to determine the optimum
condition for Cd(II) removal by mixed maghemite-magnetite nanoparticles. The
distribution coefficient, KD, increased with increasing pH and the maximum KD was
observed at a pH of approximately 9.3 (Fig. 5.1). It is clear from Fig. 5.1 that the
adsorption of cadmium is higher in the alkaline pH range of 8.0–10.0 than in the acid
range. The standard deviation of each point on the graph was calculated as shown in
Figure 5.1. The maximum standard deviation for 90% Cd removal was ±0.8 while the
maximum standard deviation for distribution coefficient (KD) was found to be ±0.3.
Removal is very small in the acidic range and reaches a maximum at approximately pH
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9.3. In a highly acidic medium, there is a chance of dissolution of the adsorbent (Stumn,
1987) and a consequent decrease in the number of active sites. In addition to this effect,
the adsorbent surface is highly protonated in an acidic medium which is not favorable for
cadmium uptake because in such a medium, Cd(II) is the dominant ion (Singh et al.
1998). As a result, the adsorption of cadmium is hindered due to electrical repulsion. As
pH increases, the degree of protonation of the surface reduces gradually and approaches
zero at pH 7.0 resulting in a gradual increase in adsorption. Above pH 8.0, where Cd2+
and CdOH+ species are present in solution (Singh et al. 1998; Geological Survey of
Japan, 2005), the adsorbent surface starts taking up a net negative charge creating an
electrostatically favorable environment for higher cadmium uptake. Thermodynamic
calculations show that different hydroxyl forms of the Cd ion can be observed depending
on the pH of the solution. These forms include Cd(OH)+, Cd(OH)2, Cd(OH)3- and
Cd(OH)42- for Cd (Geological Survey of Japan, 2005). Within the pH ranges measured in
the present adsorption experiments, Cd is expected to be dominantly present in its
divalent ionic forms.

The functional groups of iron oxides consist of surface hydroxyl groups that usually arise
from water adsorption or from structural OH. The surfaces of metal oxides in aqueous
solution are generally attached with hydroxyl groups that can change in form at different
pH values. These groups contain a double pair of electrons together with a dissociable
hydrogen atom that can generate suitable conditions for them to react with both acids and
bases. The charge on the iron oxide surface dominates the adsorption or desorption of
protons and it is generated by the dissociation (ionization) of the surface hydroxyl groups
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depending on the pH of the solution. Cornell et al. (2003) have noted that magnetite will
produce Fe2+ and its hydrolysis products (FeOH+, Fe(OH)20, and Fe(OH)3-), depending on
solution pH. Reported acidity constant, pKa, values for most iron oxides are usually
between 5 and 10. The mixed maghemite-magnetite used in the present study consists of
two types of iron oxides, γFe2O3 and Fe3O4. Thus, the abundance of Fe2+ or Fe3+ and the
hydrolysis products of Fe2+ would influence the acidity constants of a specific surface
group. Cornell et al. (2003) also reported that the acidity constant, pKa1, of magnetite
(25.2% of the adsorbent used in the present study), is 5.6. At pH greater than 5.6, the
dominant functional groups at the iron oxide surface are Fe(OH)20, and Fe(OH)3-.
Moreover, most iron oxide surfaces hold the dominant functional groups of Fe2+ or
FeOH+ when solution pH is acidic, and Fe(OH)20 and Fe(OH)3- when basic. Thus, it is
clear that iron oxide attracts positive Cd(II) species at high pH. The hydroxyl groups on
the iron oxide surface at high pH are Fe(OH)20, and Fe(OH)3- which enhance the
attraction of positively charged Cd(II) species at the higher pH value. The oxidation of
magnetite produces maghemite (Cornell et al. 2003). Therefore, hydrated ferric oxide
(HFO) nanoparticles can be produced by Fe(III) compound in aqueous solution.
Adsorption would keep Cd(II) on the maghemite-magnetite surface through a Lewis acid
base (LAB) interactions and iron oxide surfaces would coordinate with hydroxyl ions or
water molecules that share their lone electron pair with Fe surface (Cornell et al. 2003).
Thus, surface Fe atoms behave like Lewis acids in aqueous solution that react with Lewis
bases (e.g. water). Cornell et al. (2003) further noted that the surface hydroxyl groups of
the iron oxides in an aqueous environment work as a chemically reactive entities at the
surface of the solid. These surface properties allow them to react with acid and bases.
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Figure 5.1 shows the percent removal and uptake distribution coefficient (KD) of Cd(II)
in the solution after adsorption at different pH values and the results show high pH
dependency during Cd(II) removal by mixed maghemite-magnetite particles. A
maximum adsorption or removal efficiency of 90% was found at pH 9.3 and the adsorbed
amount was 1.69 mg/g for an initial Cd(II) concentration of 1.5 mg/L. The affinities of
the maghemite-magnetite for the different species of Cd(II) existing at different pH
values, namely Cd2+ and CdOH+ (Singh et al. 1998 and Geological Survey of Japan, 2005
), may be different and attributable to the variation in removal efficiency at pH values
above 8. From potentiometric titrations, it was found that the surface of magnetite
particles had a positive surface charge up to pH 6.8, the point of zero charge, and a
negative surface charge in the pH range 6.8-9.5 (Yean et al. 2005). Tuutijarvi et al.
(2009) found that maghemite had a point of zero charge at pHpzc 7.5 and the more
alkaline the condition the more negative was the surface charge of the adsorbent and,
accordingly, the more attractive to positive Cd(II) species at higher pH. Thus, it was
postulated that mixed maghemite-magnetite particles can adsorb either negatively or
positively charged metal species by electrostatic attraction as well as by redox reaction
depending on pH.
The possibility of Cd2+ precipitation was also investigated. Since the system contained
mixed iron oxides and cadmium nitrate solution, the only anions that could precipitate
with Cd2+ at high pH were OH- and NO3-. Geochemical equilibrium calculations using
MINTEQA2 or PHREEQC gave negative saturation indices for Cd solids (for example,
Cd(OH)2), indicating that the solution was undersaturated with respect to these solids.
From these results, it can be concluded that Cd2+ did not precipitate, but was instead
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adsorbed. In fact, a number of researchers (Moore et al. 1984; Singh et al. 1998; and
Geological Survey of Japan, 2005) have noted that cadmium would not precipitate at pH
less than 10 when the solution contains very low Cd concentration.

5.3.1.2 Time of Equilibrium

The kinetics of Cd(II) adsorption was studied by varying the contact time between
maghemite-magnetite and the respective solution from 10 to 140 min using 0.8 g/L
adsorbent at a Cd concentration of 1.5 mg/L and pH 9.3. Batch adsorption experiments
were carried out in order to find the optimum retention time. The results showed that the
sorption efficiency increases rapidly and more than 75% of the adsorbed Cd occurred
within 60 mins when a solid–liquid ratio of 0.8 was used. The rapid uptake of Cd(II) by
mixed maghemite-magnetite nanoparticles is perhaps due to external surface sorption,
which is different from microporous adsorption. Although nearly all the adsorption sites
of maghemite-magnetite nanoparticles are present on the exterior of the adsorbent
compared to the porous adsorbent, it is easy for the adsorbate to contact these active sites,
thus resulting in a rapid approach to equilibrium. The current study illustrates that 120
minutes are needed to reach equilibrium. Figure 5.2 presents the adsorption and uptake
distribution coefficient (KD) of Cd on mixed maghemite-magnetite nanoparticles. In
Figure 5.2, the range of standard deviations for the adsorbed Cd concentration (mg/g) on
the graph was found to be very small, that is, ±0.002 to ±0.025.
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Cd uptake increases with elapsed time and reaches equilibrium in 2 hrs for the initial
concentration of 1.5 mg/L. Such observations were also noted at various pH values and
temperatures of the system with the 20-60 nm adsorbent particles. However, the uptake
of cadmium from water by mixed maghemite-magnetite depended on the initial
concentration of cadmium. The maximum removal was found to be 1.68 mg/g or 90% at
an initial concentration of 1.5 mg/L and maghemite-magnetite nanoparticle concentration
of 0.8 g/L. The distribution coefficient, KD, increases with increasing contact time and
the maximum KD was found to be 11.25 L/g after 2 hours (Fig. 5.2).

The process was not spontaneous and it took 2 h to complete the adsorption under the
given conditions. There are three possible reasons for this. First, Cd(II) species may
transfer from the bulk fluid phase to the outer particle surface of the adsorbent for contact
(film diffusion). Second, the Cd species can migrate within the micro and macro pores of
the mixed maghemite-magnetite particles (intra-particle diffusion) (Singh et al. 1998).
Finally, there might be electrostatic attraction or reaction occurring between adsorbate
(Cd(II) species) and adsorbent.

5.3.1.3 Effect of Solid/liquid ratio (S/L) and distribution Coefficient (KD)

The operating conditions used were: initial cadmium concentration = 1.5 mg/L, pH 9.3
and T =22 ± 0.50 C. The solid/liquid (S/L) ratio was varied from 0.1 to 1. Figure 5.3
shows the effect of S/L ratio on the adsorption of cadmium. It can be seen that the
percentage cadmium adsorption increased at the high S/L ratio. This is due to an
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increasing surface area at a high S/L ratio. The resulting standard deviations were small,
as indicated by the error bars in Figure 3. The standard deviations for the Cd removal (%)
at S/L ratios of 0.8, 0.9 and 1.0 were calculated to be ±0.25, ±0.3 and ±0.3 respectively.

The distribution coefficient, KD, showed the reverse trend (Fig. 5.3) for different
concentrations of adsorbents during the removal of Cd(II). Similar results were reported
by Barkat et al. (2009). In the experimental conditions used in the present study, the
surface of mixed maghemite-magnetite contained negative hydroxyl groups (OH-) that
were likely replaced by positive Cd-O ligands. The adsorption capacity (Fig. 5.3) was
found to be almost 91% or 1.7 mg/g when the S/L ratio and KD were 0.8 and 12.63 L/g,
respectively. In equation (5.2), the mass of adsorbent, m, increases with S/L ratio, which
results in a decrease in KD value. The Cd removal was found to be constant beyond an
adsorbent concentration of 0.8 g/L, although the adsorbent concentration (m, the
denominator in equation (5.2)) increased with S/L. This would explain the observed
reverse trend in the distribution coefficient, KD (Figure 5.3).

5.3.1.4 Effect of temperature on Cd removal

Santiago et al. (2012) found that the point of zero charge for magnetite particles depends
on the solution temperature. They further reported that pHpzc decreased from 7.1 to 6.5
when the solution temperature was increased from 0 to 500C. Since the point of zero
charge of iron oxides does not vary significantly in the temperature range of 10-500C, the
change in protonation/deprotonation (acidity) constants of the surface groups would be
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negligible in the case of Cd adsorption on mixed maghemite-magnetite. Cornell et al.
(2003) found the pHzpc of mixed iron oxide to be 6.8-7.5 depending on temperature.

In the present study, the effect of temperature on Cd (II) adsorption

by mixed

maghemite-magnetite was examined from 100 to 500C at pH 9.3, S/L = 0.8 and C0 = 1.5
mg/L. The removal of Cd from a solution containing 1.5 mg/L initial concentration of Cd
(II) decreased from 1.9 to 1.2 mg/g upon increasing the temperature from 10 to 500C.
Figure 5.4 shows the effect of temperature on distribution coefficient and percent Cd
removal by 20-60 nm mixed maghemite-magnetite nanoparticles. The resulting standard
deviation on the graph was found to be very small. As indicated, percent removal
decreases with increase in temperature. During Cd(II) removal,

the distribution

coefficient was 1248.75, 23.75,10.11, 6.5, 4.4,and 2.9 L/g at 10, 15, 22, 30, 40 and 500C,
respectively. In other words, the distribution coefficient decreased from 1248.75 to 2.9
L/g, as shown in Figure 5.4. The percent Cd(II) removal also showed a decreasing trend,
that is, 99.9% removal was found at 100C while almost 70% removal was observed at
500C. This indicates the exothermic nature of the process. The decrease in percent
removal may be attributed to a relative increase in the escaping tendency of the solute
from the solid phase to the bulk phase with an increase in solution temperature. The
distribution coefficient, KD varied in the same way (Figure 5.4).

5.3.2 Adsorption kinetics study
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The adsorption kinetics study explains the solute sorption rate. It is obvious that this rate
controls the residence time of adsorbate adsorption at the solid-solution interface. The
adsorption of Cd on mixed maghemite-magnetite is not an instantaneous process because
the Cd species have to diffuse from the solution to the surface of the mixed maghemitemagnetite, and then to the internal surface areas. The overall rate of approach of this
process to equilibrium delineates the sorption kinetics. The kinetics of Cd(II) sorption on
the mixed maghemite-magnetite was investigated using pseudo first-order, pseudo
second-order and intraparticle diffusion kinetic models. The closeness of the
experimental data and the model predicted values were expressed by the correlation
coefficients (R2, values close or equal to 1). The relatively high R2 value implies that the
model successfully illustrates the kinetics of Cd (II) adsorption.

5.3.2.1 Pseudo first-order equation and the pseudo second-order equation
Experimental data were fitted with the pseudo first-order and second-order equations to
determine the reaction rate constant (k1ads) of Cd removal by mixed maghemite-magnetite
nanoparticles. Eq. (5.4) represents pseudo first-order equation. This equation means that
the values of log(qe −qt) are linearly correlated with t. Thus a plot of log(qe −qt) versus t
should give a linear relationship if the reaction follows first-order. The values k1ads and qe
can be determined from the slope and intercept of the plot (Fig. 5.5). Figure 5.5 shows
that the maximum standard deviation on the graph is ±0.05. The experimental data
produced a trend line with correlation coefficient of R2 = 0.91. From the plot, k1ads was
found to be 3.6 x 10-2 min-1.
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Similarly, Eq. 5.9 represents pseudo second-order equation. A plot of (t/qt) against t in
Eq. (5.9) should yield a linear relationship from which qe and k2ads can be calculated from
the slope and intercept of the model equation (5.9). In Figure 5.6, the resulting standard
deviation is very small. The value of k2ads was found from the plot to be 3.96 x 10-2
g/mg*min. The adsorption kinetics data were modeled using the pseudo first order and
pseudo-second order kinetic equations. It is seen from the results that the pseudo secondorder adsorption kinetic equation is a better sorption kinetics model than the pseudo firstorder kinetic equation, since it gave a better fit with the experimental data (correlation
coefficient, R2 = 0.99).

5.3.2.2 The intraparticle diffusion model

The intraparticle diffusion model was demonstrated by Srivastava et al. (1989) and
Weber et al (1963). The application of the intraparticle diffusion model (shown in
equation 5.11) to the experimental data in the present study gave a good fit plot with a
correlation coefficient, R2 = 0.98 and a value of “a” that is less than unity (0.27). This
supports an enhanced rate of adsorption (Srivastava et al. 1989, Erhan et al. 2004 and
Barkat et al. 2009) which, in turn, is linked to improved bonding. The resulting R2 values
(average 0.98) also show that the intra-particle diffusion process may be the rate-limiting
step (Barkat et al. 2009). Thus, higher values of kid demonstrate an enhancement of
adsorption (Erhan et al. 2004), indicating a better adsorption mechanism that facilitates
bonding between Cd(II) ions and adsorbent particles. The value of kid (also considered as
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a rate factor, i.e., percent Cd(II) adsorbed per unit time) was estimated to be 24.56 min−1
from the slope of such plots (Fig. 5.7). Thus, it may be assumed that the adsorption of
cadmium is partly diffusion controlled and partly due to an electrostatic effect along with
specific adsorption involving the adsorption of Cd++ and CdOH+ on mixed maghemitemagnetite nanoparticles in the alkaline pH range (Singh et al. 1998).

5.3.3 Multiple linear regression modelling for the Cd adsorption data

The simultaneous effect of several independent variables, such as pH, contact time, S/L
ratio and temperature on the dependent variable, percentage Cd removal was modelled
using multiple regression analysis (MRA) and statistical computation software, R. The
results are presented in Table 5.1 and 5.2. These results show that the independent
variables have a significant effect (p<0.05) on the percentage removal of Cd by mixed
maghemite-magnetite nanoparticles. Using these data, the following model has been
suggested to predict the uptake of Cd under given conditions:
Y =21.2095799X1+ 0.299232X2+42.2337443X3 -0.75027340X4--165.09903…… (5.12)
Where, Y indicates the percentage removal of Cd and X1, X2, X3 and X4 represent the
sample pH, contact time in minute, solid-liquid ratio and temperature (0C) of the system
respectively. Table 5.2 and 5.3 demonstrate the model values estimated using Eq. 5.12
and the experimental values. The results show that the coefficients for pH, contact time
and S/L ratio are highly significant at 0.1% level (p < 0.001) while the coefficient of
temperature is significant at 1% level (p <0.01). This indicates that pH, contact time and
S/L have a greater effect on cadmium removal than temperature. The model shows that
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an increase in temperature (X4) would decrease the removal efficiency (Y) under the
given conditions. The overall F-test and t-test also support the significance level of the
different independent variables in the proposed model. The multiple correlation
coefficient (R2) value from the fitted multiple regression model was 0.8841, which means
that 88.41% of the total variation in Cd removal could be explained by the independent
variables in the fitted model. Figure 5.8 illustrates the experimental and model predicted
values of the Cd percentage removal at different conditions.

5.3.4 X-ray Photoelectron Spectroscopy (XPS)
X-ray Photoelectron Spectroscopy (XPS) studies were carried out to assess the elemental
composition and chemical oxidation states of surface and near-surface species. The CasaXPS software was used to draw and analyze all spectra (Fairley, 2003). XPS wide scan
spectra of fresh maghemite-magnetite and Cd adsorbed maghemite-magnetite sorbents
are shown in Figure 5.9. Four major peaks at binding energies of 281.55, 396.35, 526.55
and 707.15 eV, representing C 1s, N 1s, O 1s, and Fe 2p respectively, are observed for
the virgin sorbent (Figure 5.9a). Significant changes can be seen in Figure 5.9b after
Cd(II) adsorption; the peak at binding energy of 401.25 eV for Cd 3d appears in the
Cd(II) loaded sorbent (Fig 5.9b and 5.9c).

The XPS survey of Fe 2p on the mixed γ-Fe2O3- Fe3O4 (Figure 5.10a) shows two
photoelectron peaks centered at 709 and 711-714 eV, indicating the presence of both
Fe(II) and Fe(III) at the adsorbent surface. The Fe 2p high resolution spectra were fitted
following the example of Pratt et al. (1994) using theoretical multiplet peak (Gupta et al.
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1975). In the present study, the peak full width at half maximum (FWHM) was found to
be between 1.0 and 3.3 eV. Mutiplet splitting can occur for more core level photopeaks
when the atom contains unpaired valence electrons. Grosvenor et al. (2004) reported that
multiplet-splitting of p and higher sublevels is complicated due to orbital-angular
momentum coupling. According to Hochella (1988), 2p sublevels of transition metals in
high-spin or paramagnetic states exhibit considerable line broadening due to complex
multiplet splitting phenomena and despite the complexity of these line shapes, spectra of
this sort can still be used to determine the oxidation state of the iron in the near-surface of
minerals.

The XPS results, shown in Fig 10, present the theoretical multiplet peaks for iron and Cd
adsorbed iron oxide at the surface of the γ-Fe2O3 and Fe3O4 mixture. Theoretical multiplet
analysis of the γ-Fe2O3-Fe3O4 mixture gave 74.8% of maghemite and 25.2% of magnetite
(Fig. 5.10a). No sharp hematite peak was observed in the XPS spectra. After Cd(II)
adsorption on the maghemite-magnetite mixture, it was found that the percent of
maghemite decreased to 68.5% (Fig 5.10b). At the same time, the percentage of
magnetite was increased (Fig. 5.10b). These results suggest that a redox reaction occurred
on the mixed maghemite-magnetite surface when Cd(II) was introduced. Changes in the
relative abundance of Fe(II) and Fe(III) in magnetite and maghemite spectra (Fig. 5.10a
and 5.10b) upon Cd(II) adsorption are quantitatively elucidated. The data show that in
magnetite spectra, the relative content of the Fe(III) and Fe(II) increases from 17.3 to
21.6 % for Fe(III) and 7.9 to 9.9 for Fe(II) indicating the reduction of maghemite in the
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mixture particles. This indicates reduction at the mixed oxides surface as well as an
increase in the amount of magnetite from 25.2% to 31.5%.

The Cd 2d spectrum of the Cd(II) adsorbed sorbent can be found at the peak containing
binding energy of 405.06 eV shown in Figure 11. Additional Auger line has also been
observed with MNN group for cadmium at 786.2 eV. The Cd3d5/2 peak and Auger
parameter analysis suggest the presence of a Cd(II) compound, possibly a mixture of
CdO and Cd(OH)2. The Cd 3d5/2 peak for the native oxide (polished Cd metal surface, air
exposed) was found at 405.06 eV with a FWHM of 1.25 eV (10 eV Pass Energy). The
XPS surveys showed that Cd2+ ions may undergo oxidation-reduction mechanism upon
exposure to mixed maghemite-magnetite as well as the Cd2+ ions are most probably fixed
by complexation mechanism with the oxygen atoms in the oxy-hydroxyl groups at the
shell surface of the iron oxide nanoparticles. Cd(II) may be attracted to the iron oxide
surface by adsorption or surface complex formation, which include electrostatic
interactions or specific surface bonding. Cd(II) is thus retained on the iron oxide surface
by chemical reduction as well as by electrostatic interactions. The amount of cadmium
used in the XPS spectrum analysis was very low (0.1-0.4 atomic percent) compared to the
amount of iron detected (10-20 %) and any iron-Cd complex contribution to the Fe 2p
spectrum would be obscured by the large maghemite-magnetite signal.

5.4. Conclusions
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In the present study, batch adsorption experiments for the adsorption of Cd (II) ions from
aqueous solutions have been carried out using mixed maghemite-magnetite as adsorbent.
The adsorption characteristics have been examined at different contact times, pH values,
initial Cd (II) ion concentrations, and different adsorbent dosage levels. The obtained
results can be summarized as follows:

1. The adsorption rate of Cd (II) ions was fast initially, and about 40% of total Cd (II)
was removed within 5 min. Thereafter, the adsorption capacity increased slowly with
contact time before reaching a plateau after the contact time of 2 h, and then remained
constant.
2. Generally, the adsorption capacity of Cd (II) ions by mixed maghemite-magnetite
increased with an increase in the pH of the adsorbate solution.
3. With an increase in initial Cd (II) ion concentration, the adsorption capacity of Cd (II)
ions on mixed maghemite-magnetite increased but the removal percentage of Cd (II) ions
decreased.
4. An increase in adsorbent dosage increased Cd (II) removal but decreased adsorption
capacity.
5. Adsorption of Cd (II) ions by mixed maghemite-magnetite was found to follow the
pseudo-second-order kinetics model.
6. X-ray photoelectron spectroscopy studies confirmed that Cd2+ ions may undergo
oxidation-reduction reactions upon exposure to mixed maghemite-magnetite, or may
become fixed by complexation with oxygen atoms in the oxy-hydroxy groups at the shell
surface of the iron oxide nanoparticles. Theoretical multiplet analysis identified the γ-
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Fe2O3- Fe3O4 mixture to comprise 74.8% of maghemite and 25.2% of magnetite (Fig.
5.10a). Following Cd(II) adsorption by the maghemite-magnetite mixture, the percent
maghemite decreased from 74.8 to 68.5% (Fig 5.10b).
7. Batch adsorption studies indicate that mixed maghemite-magnetite has strong
adsorption towards Cd (II) ions. The results of the present work show that 0.8 g/L of 2080 nm maghemite-magnetite particles removed up to 1.5 mg/L Cd, and the approximate
cost of this nano-scale adsorbent is $225/kg (Reade Advance Materials, 2009). Thus the
cost of using nano maghemite-magnetite particles adsorbent would be $0.18/L. To take
advantage of this, maghemite-magnetite particles can be used in water treatment and site
remediation to control or minimize exposure to living organisms. Mixed maghemitemagnetite particles can also be used in the design of permeable reactive barriers for
subsurface remediation. Permeable reactive barriers containing maghemite-magnetite
particles could be employed for in situ remediation of groundwater contaminated with
heavy metals. To develop a decision framework for helping utilities determine the most
appropriate adsorbent based on cost and performance, more research and investigations
are necessary to determine the applicability of mixed iron oxide particles in the
construction of permeable reactive barriers.
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Tables

Table 5.1: Multiple regression analysis of Cd percentage removal (dependent variable)
against pH, contact time, solid-liquid (S/L) ratio and temperature of the system
(independent variables) for Cd- mixed maghemite-magnetite system.
of Regression Coefficients

Square
multiple

pH , X1

Contact

correlation

time in min,

coefficient (R2)

X2

0.8841

21.2095799

0.2992320

S/L ratio,
X3
42.2337443

Temperature

Intercept,

(0C), X4

C

-0.7502734

-165.09903

Table 5.2: Other parameters for model equation 5.12
Coefficients: Std. Error

t value

Pr(>|t|)

Significance
level a

C (Intercept)

27.46951

-6.010

2.40e-06

***

X1

2.81835

7.526

5.46e-08

***

X2

0.02505

11.947

4.62e-12

***

X3

4.69080

9.004

1.80e-09

***

X4

0.15945

-4.705

7.32e-04

**

a

Significant level codes: 0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1

b
c

Adjusted R-squared: 0.8663

F-statistic : 49.59 on 4 and 26 DF,

d

p-value: 8.499e-12
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Table 5.3: Percentage removal of Cd at different conditions – (experimental and model
predicted values when initial concentration was 1.5 mg/L).

Different pH

Different Contact time

Different S/L ratio

Temperature (0C)

in min
Experi-

Predicted Experim-

Predicted

Experimen

Predicted

values (%)

-tal Cd

values (%)

mental

values

ental Cd

Cd

(%)

removal
(%)

removal

Different
Experimen Predict-tal Cd

ed

removal

removal

values

(%)

(%)

(%)

(%)
60
60
75
80
86.5
90
90

57.38819
63.75107
74.35586
80.71873

84.9607
89.2026
91.3235

40
48
55
60
70
80
87
90
90

50.9272
53.9195
56.9118
59.9042
64.3926
67.385
73.3696
85.3389
91.3235

50
60
68
75
80
85
91
91
91

59.6482
61.7599
65.9833
70.2067
74.430
82.8768
91.3235
95.5469

99.7703

99.9
95
89
84
78
70

100.33
96.575
91.324
85.321
77.818
70.316
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Figures

Figure 5.1: The effect of pH on Cd removal (%) and uptake distribution coefficient (KD).
Operating conditions: contact time = 120 min, T=22 ± 0.50 C, S/L = 0.8, Co = 1.5 mg/L.
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Figure 5.2: The effect of contact time on Cd(II) removal by mixed maghemite-magnetite.
Conditions: Particle size: 20-60 nm, Temperature: 22 ± 0.50 C, pH: 9.3 and initial
concentration: 1.5 mg/L.
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Figure 5.3: Uptake distribution co-efficient KD and the Cd removal percentage (%) at
different solid–liquid ratio.
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Figure 5.4: Uptake distribution coefficient KD and Cd removal percentage (%) at
different temperature. (Temperature ranges: 100 to 500C at pH 9.3, S/L = 0.8 and C0 = 1.5
mg/L
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Figure 5.5: The rate constant of pseudo-first order adsorption k1ads and the amount of
Cd(II) ion adsorbed at equilibrium, qe.
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Figure 5.6: The rate constant of pseudo-second order adsorption k2 ads and the amount of
Cd(II) ion adsorbed at equilibrium, qe.
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Figure 5.7: Determination of the intra-particle diffusion rate constant, kid (min-1) during
Cd(II) removal by mixed mahemite-magnetite.
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Figure 5.8: Percentage removal of Cd at different conditions– (experimental and model
predicted values
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Figure 5.9: XPS wide scan spectra of the (a) fresh maghemite-magnetite mixture (b)
Cd(II) loaded maghemite-magnetite mixture (c ) Cd(II) peak on Cd loaded maghemitemagnetite mixture (Binding energy scale in order of descending values).
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a

Component information for each of the theoretically derived GS multiplets came from a

digitized reproduction of the graphs found in the original paper (Fairley, 1999-2003).
b

Fe3O4 3+ means Fe (III) in magnetite; and Fe3O4 2+ means Fe (II) in magnetite.

Figure 5.10: XPS spectra (a) nano-scale maghemite-magnetite particles and (b) Cd(II)adsorbed mixed maghemite-magnetite- particles.
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CHAPTER 6
TRANSPORT AND CHEMICAL STATES ANALYSIS DURING
ARSENIC REMOVAL BY MONOLITH SLAG FROM NICKEL
SMELTER

6.1 Introduction
Groundwater contamination by arsenic (As) has resulted in considerable outbreaks of As
toxicity and associated vulnerabilities around the globe (Williams et al. 2003). Arsenic is
a known carcinogen in humans and it exists in subsurface as well as in contaminated
groundwater as a result of weathering of rocks, industrial waste discharge, and
agricultural use of arsenical herbicides and pesticides (Chunming et al. 2001). The United
States Environmental Protection Agency (US EPA) has identified arsenic as a group A
carcinogen (ATSDR, 2009). Chronic exposure to As-contaminated drinking water is a
crucial health problem in many regions of the world, notably Bangladesh, India, the Red
River Delta (Vietnam), Taiwan and the western United States (ATSDR, 2009; Lee et al.
2011). Historically, a significant source of As release into the environment has been from
the mining and smelting of metals (Williams et al. 2003). Arsenic from both
anthropogenic and geologic sources is commonly observed in the subsurface. The use of
organic and inorganic arsenic compounds as fertilizer, pesticide and wood preservative
has recently been increasing in different countries (Welch et al. 2000). Although the
production and use of arsenic and its compounds have been limited by environmental
restrictions and regulations, they are still extensively used in metallurgy, agriculture,
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forestry, electronics, pharmaceuticals, glass, and the ceramic industry (Welch et al. 2000;
Williams et al. 2003). Arsenic is the second most common contaminant of concern at
Superfund sites (USEPA, 2002). According to Gotkowitz et al. (2004), the oxidation of
bedrock in response to pumping of groundwater is a very common source of As in
groundwater. The results are the occurrence of wide spread groundwater As
contamination (Welch et al. 2000 and Gotkowitz et al. 2004). The original source of the
arsenic was most likely the oxidation of sulfide minerals, principally pyrite (Harvey et al.
2006). These authors further reported that, in the Ganges delta, pyrite oxidation occurred
during weathering at the source in the Himalayas and that the released arsenic was
transported and deposited in association with the resulting iron oxides. Arsenic is found
predominantly in the inorganic form in oxidation states of +5 or +3 (Welch et al. 2000
and Gotkowitz et al. 2004). In oxidizing environments, the oxyanion arsenate [As(V)] is
the predominant species (Kundu et al. 2005 and Yean et al. 2005). The interaction of
As(V) with subsurface media significantly affects the movement of As in soil and
groundwater (Harvey et al. 2006). The equilibrium adsorption of As(V) on pure solid
phases and soils has been studied extensively as documented in recent reviews. These
studies have shown that Fe oxyhydroxides strongly interact with dissolved As(V) and that
the degree of As(V) adsorption is extremely pH-dependent.

Recent studies have also shown that Fe0 and granular iron or iron coated sand effectively
removes inorganic contaminants (CrO42-, UO22+, MoO42-, TcO4-, AsO42-, and AsO32-)
from aqueous solution (Chunming et al. 2001; Blowes et al. 2000). These authors further
reported that surface precipitation or adsorption appears to be the predominant removal
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mechanism for both As(V) and As(III) by Fe0. It has been presented to be an effective
method for removing As from groundwater by using zero-valent iron (ZVI) particles
(e.g., using a permeable reactive barrier, or PRB, containing ZVI particles) (Blowes et al.
2000, Chunming et al. 2001, Nikolaidis et al. 2003, and Leupin et al. 2005).

There is interest in finding less costly, but effective, reactive materials that can be used to
remove heavy metals from contaminated soil and groundwater. Lee and Benson (2004)
reported that low-cost materials that provide or enhance treatment sustainability, such as
industrial by-products or waste materials, are particularly attractive. A recent case history
reported by Wilkens et al. (2003) demonstrated that a PRB containing crushed steel slag
(a by-product of steel production) was effective in removing As from groundwater at a
site in Gary, Indiana, USA. The authors suggested that mechanisms responsible for As
removal included sorption to metal oxides at the slag surface and precipitation of
insoluble compounds (e.g. Ca-As compounds). Metz and Benson (2007) explained that
slags from iron foundries can be effective low-cost reactive media for PRBs used in the
treatment of arsenic-contaminated aquifers. They noted that although iron foundry slags
may not be as reactive as conventional ZVI, they do, however, have sufficient reactivity
to be used in the construction of PRBs with a reactive zone typically < 1 m thick.

There has been great interest in the in situ remediation of certain organic and inorganic
contaminants in groundwater using iron compounds as a permeable reactive barrier
medium. The application of fayalite-iron oxides loaded Ni-smelter slag in subsurface
remediation technologies has great potential in geo-environmental engineering. In the
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present study, the fayalite and iron oxides loaded slag used was obtained as a by-product
of ore smelting (e.g. at the Vale Inco Ni smelter in Sudbury, ON, Canada). Electrostatic
attraction as well as redox reactions between mixed iron oxides and heavy metals
accelerate the removal of heavy metals from the subsurface (Hu et al. 2004). To
capitalize on this benefit of using mixed iron oxides, the present study focused on the
investigation of the effectiveness of slag particles in contaminated groundwater
remediation. The broad objective of the present research was to select the best reactive
medium containing Ni smelter slags for the construction of permeable reactive barriers
(PRB) at contaminated sites. The ready availability of the mixed iron oxides rich Nismelter slag renders the recycling and use of the material in the treatment of metal
bearing wastewaters a potentially innovative and cost-effective venture. The principal
aims of the work are to experimentally investigate the adsorption capacity and rate
of adsorption of arsenic species onto the Ni-smelter slag sorbent in laboratory
columns, and assess the potential utilization of Ni smelter slags as PRB media in the
remediation of As contaminated groundwater. Permeable reactive barriers (PRBs) are an
emerging technology used for the remediation of acidic leachates and contaminated
groundwater (Blowes et al. 2000). The study can also help develop a new reactive
medium for barriers used to prevent severe contamination of soil and groundwater. The
research provided an opportunity to evaluate the feasibility of using slags (e.g. an iron
oxide and iron silicate bearing waste from Ni-ore smelting) in remediation, as well as to
highlight the benefits of using renewable waste products for contaminated subsurface
restoration.
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6.2 Experimental Section

6.2.1 Materials Characterization

The slag was collected from Vale Canada Copper Cliff Smelter, near Sudbury, Ontario,
Canada. It was generated from the smelting of Ni ore. This product is a complex mixture
of different iron oxides, iron silicate, aluminum, magnesium, calcium and nickel sulphide
or oxides. The slag was characterized using various analytical techniques including X-ray
fluorescence (XRF), X-ray diffraction (XRD), and X-ray photoelectron spectroscopy
(XPS). The slag samples arrived unprocessed in large granular pieces. The granules were
crushed to different-scale particles by grinding. The amounts of bulk, trace and
crystalline compounds as well as the percentage of different oxides were determined from
various tests. After crushing, the fresh slag specific surface area and particle size
distribution were measured using a Malvern Laser 2000; and the average size and
specific surface area of slag materials were found to be 53.54 µm and 0.51 m2/g,
respectively. The range of slag grain size distribution was found to be 0.325 to 152.5 µm
(as shown in Appendix A5).

6.2.2 Sample Preparation

Certified reagent grade chemicals and de-ionized distilled water were used to prepare all
solutions for experiments. A 10% HNO3 solution in deionized water was used to treat and
rinse glass volumetric flasks and reaction vessels before they were used. As (V) stock
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solutions were prepared by dissolving As205 in de-ionized water using 4 g/L NaOH
solution since oxides have enhanced solubility in NaOH solution. For each stock solution,
redox potential and pH were assessed using a WTW Multi 340i ORP electrode
(Wellheim, Germany) and an Orion combination pH electrode respectively. To confirm
the presence of the targeted species, ICP-OES (inductively coupled plasma- optical
emission spectroscopy) was used to measure arsenic and other metal concentrations in the
influent and effluent. The solution was acidified with 3% nitric acid before using ICPOES. The experiments were carried out in duplicate and the mean values were
considered. In ICP-OES analysis, a group of experiments was repeated a few times and
the data were found to vary within ±5%. Analytical quality was controlled throughout by
using control and blank samples.

6.2.3 Instrumentation and Surface techniques

Detailed studies using the different surface analytical techniques, such as field emission
scanning electron microscopy, X-ray diffraction (XRD), X-ray fluorescence (XRF) and
X-ray photoelectron spectroscopy (XPS) were conducted to detect the differences
between heavy metal adsorbed fayalite slags and mixed iron oxide loaded slags.

The fresh slag was analyzed by a PAN-analytical PW-2400 Wavelength Dispersive XRF
Spectrometer at the Western University. Exactly 1.0 g of powdered sample was weighed
and roasted at 10000C for "Loss on Ignition (LOI)" determination. The oxide composition
of the Ni smelter slag was determined by X-ray fluorescence (XRF) analysis and Table
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6.1 shows the major oxide contents of the slag. The iron (Fe) oxide of the slag was found
to be more than 50% by weight.

Hitachi SU6600 Field Emission Scanning Electron Microscope (FESEM) was used to
scan the surface of the samples. The backscattered and secondary electrons for the
surface analyses were used to identify the differences in surface patterns between original
natural slag and As-reacted slag. Sample imaging was conducted at 150 Pa with variable
pressures and 1x to 25Kx magnification. For SEM imaging, the variable pressure
condition was run at 20 kV electron beam accelerating voltage. Figure 6.1a shows the
1Kx magnification image of the pure slag particles. A 1 to 25000Kx magnification was
also used to check uniformity. Figure 6.1a presents SEM photomicrographs of the pure
or original slag showing a non-uniform surface with porosity as well as botryoidal
clusters at the slag surface.

X-ray diffraction (XRD) powder patterns were obtained using a Rigaku D/MAX 2500
rotating anode powder diffractometer and a monochromatic Cu Kα radiation generated at
50 kV and 260 mA. Diffraction patterns for selected samples were recorded using
continuous scans from 10 to 70° 2 at a speed of 1º/min.

X-ray photoelectron spectroscopy (XPS) was employed to probe the interactions of the
sorbent with arsenic. XPS was considered potentially useful for speciation determination
of arsenic on the As reacted slag surface. Moreover, multiplet analysis of As-FeO
products, such as As-magnetite, As-maghemite and As-goethite, shows that these
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products form a passivated layer on the slag surface thus affecting the behavior of the
Fe0-As interaction. In the XPS studies, all spectra were generated using A Kratos Axis
Ultra XPS instrument. All samples were tested using a monochromatic Al Kα X-ray
source (15 mA, 14 KV) using analysis chamber pressures of 10-7-10-6 Pa. The conditions
used for the survey scans were as follows: energy range =1100–0 eV, pass energy =160
eV, step size = 0.7 eV, sweep time = 180 s and x-ray spot size = 700 * 400 µm. All dried
samples were kept in the spectrometer via a glove box. The glove box was filled with N2
(g) so as to reduce the chance of the samples reacting with air. The XPS Fe mutiplet
analysis showed that the slag surface was actually a mixture of mixed iron oxides such as
Fe3O4-γ-Fe2O3-Fe00H, consisting of 50% magnetite, 28% maghemite and 22% goethite.
Moreover, 21% SiO4 was detected in Figure 6.11a that supports the presence of fayalite
(FeSiO4) content in the slag. A detailed discussion was included in the mineralogical
investigation of monolith slag.

A Renishaw Model 2000 Raman Spectrometer system equipped with a 633 nm He-Ne
laser was used to measure Raman spectrum. Laser Raman spectroscopy depends on a
change in the polarization of a molecule to create Raman scattering. Approximately,
40,000 cubic microns of the sampling volume are used for the Raman analysis. In the
present study, the spent or As-sorbed iron oxides were transferred to a Teflon®-faced vial
with a butyl rubber septum cap, immediately following vacuum drying. The sample was
analyzed with the spectrometer system in macro mode with a laser spot size on the order
of tens of microns and an approximate laser power of 1 mW. In general, the photons are
scattered elastically (Rayleigh scattering) and inelastically (Raman scattering) generating
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Stokes and anti-Stokes lines when a beam of photons strikes a molecule. In the Raman
analysis, samples are much larger in volume than those used in XPS, on the order of 40
times. Units for Raman spectra are expressed in wave numbers which have units of
inverse length.

6.2.4 Column study

To assess arsenic removal efficiencies in contaminated aqueous solutions, three columns
were assembled to simulate arsenic contaminated water flow through fayalite-iron oxide
loaded slag samples packed in columns. For the column experiments, two 2-inch (5.05
cm) diameter by 4-inch (10.16 cm) long and one 2-inch (5.05 cm) diameter by 4.5 inch
(11.43 cm) long acrylic tube columns were packed with fayalite-iron oxide loaded slag
particles as shown in Figure 6.2. In this study, the purpose of using three columns is to
compare the results under the same condition. The As contaminated water was fed in
from the base of the columns at Darcy velocities of 0.258 to 0.264 m/day by using a
multi-channel precision peristaltic pump. The seepage velocities ranged from 0.63 to 0.66
m/day in the three columns. Usually, in the subsurface, the seepage velocity ranges from
10 to 2000 m/year or 0.03-5.5 m/day (Lai and Lo, 2002). There were four sampling ports
located at 2.5, 4.5, 7.5 and 10.16 cm from the influent end in two columns and 2.5, 4,
6.25, 8.5 and 11.43 cm in one column. The porosities and bulk density of the three
columns were found to be 0.39 to 0.41 and 2.19 to 2.37 g/cm3 respectively. In the three
columns, one pore volume was found to range from 80.3 to 94.96 mL. The residence time
and the number of pore volume (PV) per day were calculated to be 9.24 to 10.6 h and 5.5
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to 6.5 for the three columns respectively. The time required to achieve one pore volume
(PV) of flow for the columns were 3.7 to 4.35 h. The hydraulic conductivity of the slag in
the column was measured using constant pressure head. Two pressure gauges were
installed to monitor inlet and outlet pressure. Hydraulic head difference was determined
from pressure differences. Hydraulic conductivities of three columns were found to be
approximately 3.24 x 10-5 cm/s to 4.43 x 10-5 cm/s throughout the operation periods.
Sampling ports equipped with Teflon-faced septa were positioned along the column at
approximately 1.5 to 2 cm intervals. Teflon tubing was used except for the tubes, which
were made of acrylic tube, passing through the pump. Water samples were collected
every 10 to 50 PV from the sampling ports as well as from the polyethylene ‘‘T’’ valves
connected to both ends of the columns. Before collecting the samples, about 0.5 mL of
the solution was added in order to push out stagnant water sitting in the tubing of the
sampling ports. Two additional ports containing WTW Multi 340i ORP electrodes
(Wellheim, Germany) were located on the wall of one column at a 90o angle to the
flowing water (Fig. 6.2) for in-place measurements of redox potential of the medium. To
confirm the targeted As(V) or As(III) species or slag compound in the column, the pH
and Eh of the column influent, pore fluid and effluent were monitored. Lab-scale
experiments with appropriate reactive mixtures were conducted to determine the
applicability of mixed iron oxide loaded slags for the construction of PRBs. The
experimental set up of the columns is illustrated in Figure 6.2.
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6.2.5 Batch Study and distribution coefficient, (KD)

Batch adsorption experiments were carried out by shaking 4.5 g of slag in 300 mL
aqueous solution of As(V) of desired initial concentration (0.1-10 mg /L) in plastic
bottles at pH 5 and a constant speed of 100 rpm in a mechanical shaker. After
predetermined time intervals, the adsorbent was separated from the solutions by
centrifugation and filtration. Adsorption was determined by measuring the concentration
of As left in the aliquot by ICP-OES (inductively coupled plasma-optical emission
spectroscopy). The uptake distribution coefficient, KD, was determined from the isotherm
equation.

6.3 Results and Discussion
6.3.1 Arsenic removal and migration through columns

According to Metz et al (2006), Zhang et al (2007) and Vu et al (2003), arsenic removal
by Fe0 or FeO compound generally follows Pseudo first-order reaction kinetics. A pseudo
first-order rate constant for the removal of As(V) across each column (koverall) was
calculated according to eq 6.1 (Shen et al. 2007).
Koverall = - Ln(Cout/Cin)/Г

(6.3.1)

Where, (Cout) is the concentration in the column effluent, (Cin) is the concentration in the
column influent, and (Г) is the mean residence time of water in the three columns (9.24 to
10.6 h). Data were analyzed by checking the changes in the calculated rate constants
(Koverall ) for removal over time of contaminant in the columns. Figure 6.3 shows the
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comparison of the pseudo first-order rate constants in the columns after 20 d, 50 d and
100 d of operation; 50 d represents the center of the period of operation as well as the rate
constants for all the sampling intervals. The rate constants varied from 0.05 to 0.9 h-1 for
three columns. Figure 6.3 illustrates the changes in the calculated rate constants for
As(V) removal over time in the mixed iron oxide loaded slag columns. The removal rate
constant was initially very high because of the availabilities of reactive medium and
subsequently decreased with operation time. The column reactive medium lost arsenic
adsorption capacities when Koverall, the removal rate constant, reached almost zero. This
figure also indicates the life span of the column under the given conditions.

Column testing was used to verify the reactivity of the slag under continuous flow
conditions. Three laboratory columns were set up to investigate the As removal capacity
and migration rate. The normalized migration front of the As, N (cm/cm3), provides a
good parameter for evaluating the reactivity of slag compounds in engineering
applications. In this study, N is defined as the distance traveled by the As front at a
desired relative concentration (C/C0) per the number of pore volumes passed through the
column divided by the volume of one pore volume. As shown in Fig. 6.4(b), the straight
line confirms that the As(V) front moves at a constant rate. For instance, the migration of
column 1 at C/C0 equal to 0.5 was 0.02 cm/PV while its normalized migration was
0.23*10-3 cm/cm3. The As(V) removal or adsorption capacity of Ni smelter slag, RC (mg
As/g slag), can be estimated using the following equation:
RC (mg/g) = [As(V)]/N*A*pb ……………………….. (6.3.2)
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Where, [As(V)] is the initial concentration of As(V) (mg/L), N is the normalized
migration of As(V) front (cm/cm3) at a desired C/C0. A is the cross-sectional area of the
column (cm2) and ρb is the bulk density of slag packed in the column (g/cm3). By
applying Eq. (6.3.2), the As(V) capacity of column 1 was calculated to be approximately
1 mg As/g slag. This value is used as a reference value for comparing the reactivity of
mixed iron oxide loaded slag on the removal of As(V) under geochemical conditions and
the results for three columns are summarized in Table 6.2.

The first two columns contained the same amount of reactive medium (e.g. slag) and
same dimensions while the third column was almost 12.7 mm (1/2 inch) longer than the
other two columns and, therefore, had more reactive medium. In addition, these
laboratory-determined removal capacities can be used in engineering applications to
estimate the lifespan of slag-loaded permeable reactive barrier from the given As(V)
loading rates and the physical properties of the barrier.

Results from previous work (Petrova et al. 2011 and Hu et al. 2004) suggest that the
removal of As(V) by iron oxides may involve a process in which both continuous
adsorption and redox reactions can occur between As(V) contaminated water and iron
oxide compounds. The exhaustion of reactive compounds results in the migration of As
fronts through the columns, and the columns do get eventually exhausted if a continuous
loading of As(V) is applied. Initially, all the arsenic ions were adsorbed resulting in zero
adsorbate concentration in the effluent. As the arsenic species uptake continued, the
solute concentration in the effluent gradually rose (Fig.6.5). In the up-flow direction,
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when As(V)-bearing water is introduced at the bottom of the mixed-iron oxide slag
medium, most of the As(V) removal initially occurred in a narrow band at the bottom of
the column, referred to as the adsorption zone. As column permeation continued and due
to the continuous injection at fixed rate, the lower layers of the reactive adsorbent became
saturated with arsenic species and the adsorption zone progressed upward through the
column bed. When the adsorption zone reached the top of the column, the arsenic
concentration in the effluent began to increase and eventually became equal to the
influent concentration (i.e. 10 mg/L As concentration). When effluent concentration of
target contaminant is equal to the influent concentration in the column, the adsorption
capacities of column became zero indicating full saturation of columns with the targeted
species. The XPS results presented in Section 6.3.5 also confirm the presence of elevated
concentration of As species on the reacted slag surface and near surface at the end of the
entire operational periods of the three columns. A breakthrough curve is obtained by
plotting the effluent to influent arsenic concentration ratio (C/C0) against pore volume, as
shown in Figure 6.4-6.5. The breakthrough curves for As(V) (using arsenics drinking
water standard of 0.05 mg/L set by WHO or USEPA as the effluent concentration) are
illustrated for different bed depths, 10-11.43 cm, at Darcy velocities of approximately
0.258 to 0.264 m/day and a residence time of 9.24 to 10.6 hours. In the present study, the
point on the breakthrough curve at which the arsenic concentration reaches its maximum
permissible value (in this study, 0.05 mg/L) is referred to as the breakthrough. The
breakthrough times (corresponding to C/C0 = 0.005) for columns 1, 2 and 3 were found to
be 13.5, 14, and 18 days, respectively (Fig. 6.4 and 6.5). As well, we define the point of
column exhaustion as the point where the effluent arsenic concentration reaches 90% of
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the influent value (10 mg/L). The exhaustion times (corresponding to C/C0 = 0.9) for
three different columns were 88.5, 91, and 113 days, respectively.

Different column parameters have been calculated from the above data. Initially, Fe and
Ni leaching from the three slag-packed columns during the adsorption process was found
to be very minimal, ranging from 0.01 to 0.025 and 0.01 to 0.5 mg/L respectively. The
contaminant migration curve, illustrated in Fig. 6.4(a), confirmed the As migration
pattern in column 1 in which the propagation of the As migration front was almost
constant throughout the experiment. The same phenomenon was also observed in the
remaining columns but with different migration rates shown in Figures 6.5(a)–(b). In this
study, the dissolved oxygen (DO) of the effluents from the three columns was low (< 2
mg/L), while the DO of the influents ranged from 4 to 7 mg/L. Tanboonchuy et al. (2011)
found arsenic removal rates in their system to be higher with lower initial pH and higher
DO. In the present column study, the measured DO at the first sampling port (i.e. 2.5 cm
away from the influent point) was always lower than 2.0 mg/L. To evaluate the DO effect
on As removal capacity by the slag, higher and lower concentrations of influent DO were
used. The results showed no significant effect of influent DO on As(V) removal. Thus,
DO may not be an important factor in our study.

6.3.2 Pore-water redox potential (Eh) and pH

Redox potential, Eh, is the potential naturally adopted by an isolated metal when the total
rate of oxidation exactly equals the total rate of reduction. It represents a property of a
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metal rather than an aqueous phase (Odizemskowski et al. 1998). The redox potentials
were measured at Port A and Port B in column 3 (as shown in Figure 6.2) along with the
pH values measured close to these two ports. After injecting 30 PV of electrolyte
solution, the adsorbent pores were saturated with electrolyte thereby creating anaerobic
condition in the column. After passing 40 PV of electrolyte solutions through the column,
the contaminant solution was injected resulting in 130 mV initial drop in redox potential
at Port A (from -380 mV to -510 mV) during the first 50 pore volumes of As(V) addition;
thereafter, the potential remained relatively stable up to 380 PV of injection. In Port B, it
appears that there was a similar drop in redox potential, from -550 mV to -620 mV;
however, unlike Port A, this was followed by a slight decrease with the continuing
addition of As(V), reaching -704 mV at ca. 300 PV, followed by an increase in potential
with the continuing addition of As(V), reaching -432 mV at ca. 450 PV. At Port A, the
potential reached -232 mV at ca 450 PV.

According to Geological Survey of Japan (2005), Kundu et al. (2005) and Yean et al.
(2005), As(III) species are present in anoxic and reducing condition (i.e. -800 mV to -1
mV) while As(V) species are dominant in oxidizing conditions (i.e. more than 1 mV Eh
values). Thus, from redox values, it can be concluded that reducing condition exists when
As(V) contaminated solution is introduced in to the column. Redox result also indicates
that the As(III) species may be dominant in the mixed iron oxide loaded slag medium
used in the laboratory columns. The figure 6.6 shows the changes of Redox potential (Eh)
values throughout operation periods.
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Although the input solution pH was kept at 4-5, the range of pH for the samples collected
close to Ports A and B was 6 to 8. Yean et al. (2005) and Hu et al. (2006) reported that
arsenic species can be removed by iron oxides in the range of pH 2 to 9. Thus it can be
concluded that the continuous change in redox potential (Eh) and pH indicates the redox
reaction occurring between As(V) and reactive slag medium under the given conditions.

6.3.3 Modeling

a) Column dispersion coefficient (D) and distribution coefficient (Kd)
In this study, the movement of As(V) through the column was modelled using the onedimensional advection dispersion equation incorporating sorption based retardation. For
steady-state flow and transport, the adsorption or solute reaction with adsorbent in the
column was assumed to be under saturated, uniform, homogeneous and isotropic
conditions. The column experiments were modelled using a semi-analytic solution to the
advection-dispersion-adsorption equation incorporated in the commercial software,
POLLUTE (Rowe and Booker, 1985 and Rowe et al. 1994). The 1-D contaminant
migration

equation

for

an

intact

material

is

as

follows:

-------------- (6.3.3)

Where, ρb = dry density of adsorbent; n= porosity of the medium; Kd = distribution
coefficient (L/g); D = hydodynamic dispersion coefficient at depth x; and v = Darcy
velocity (m/day). In this case, χ = decay constant= zero.
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The commercial software POLLUTEv7 (Rowe and Booker, 1995) was used to best-fit a
theoretical curve to the experimental data points. In this study, the columns’ length was
small (10.16 to 11.43 cm). In general, short-column data include an entrance effect,
independent of the mode of injection and amplitude discrepancy (Fahien and Smith,
1955; and Carberry and Bretton, 1958). Dispersion over a small distance is usually less
than the dispersion along the entire flow path (Fetter et al. 1993). Moreover, most
researchers used sufficient flow-path (long columns) to measure dispersion coefficient
and other parameters (Carberry and Bretton, 1958; Fetter et al. 1993; Sperlich et al. 2005;
Westerhoff et al. 2005 and Delgado, 2006). To avoid any discrepancies, we considered
the entire flow-path (10.16 to 11.43 cm) to achieve dispersion coefficients along the
columns and ran model for the best fit curve. Modelling was performed by changing both
the hydrodynamic dispersion coefficient and distribution coefficient while keeping other
parameters constant. In this study, contaminated water is flowed from the column bottom
to the top. Consequently, the bottom of the column was considered a constant
concentration boundary (C = C0, t > 0) while the top of the column was modelled as a
fixed outflow with a calculated velocity of Q/A, where Q is the discharge (m3/s) and A is
the column area (m2). In POLLUTEv7, the model was run assuming linear adsorption.
The results show that there is a good agreement between modelling and experimental
results (Fig. 6.7).
Based on the fitting of both experimental and modelled results, the hydrodynamic
dispersion coefficient (D) was found to be 0.02823 and 0.021756 m2/day for column 1
and column 2, respectively, and 0.024985 m2/day for column 3. The hydrodynamic
dispersion coefficient (D) is equal to the sum of the effective diffusion coefficient and
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mechanical dispersion coefficient (D= De + DH). Mechanical dispersion coefficient (DH)
can be determined from the dispersivity (m) and pore water or seepage velocity [i.e. DH=
αL*v]. Dispersivity describes the maximum longitudinal dispersion or spread of
contaminant in a porous medium. Previous researchers found that the hydrodynamic
dispersion coefficient (D) can be regarded as an effective diffusion coefficient under the
very low seepage velocity conditions (Rowe et al 1988; Camur and Yazicigil, 2001).
Westerhoff et al. 2005 and Hildebrandt (2000) reported an effective surface diffusion
(53*10−11cm2/s) and film diffusion (1.53*10−3 cm2/s) coefficients from arsenate
breakthrough curves in experimental columns packed with activated alumina. Lange et al.
(2009) reported the effective diffusion coefficient of arsenic in geo-synthetic clay liner to
be in the range of 0.88 x 10-10 to 1.3 x 10-10 m2/s when the arsenic initial concentration
was kept at 1 to 5.4 mg/L. In the present study, we found the values of the hydrodynamic
dispersion coefficient (D) to range from 2.51 x 10-7 to 3.26 x 10-7 m2/s when 0.258 to
0.264 m/day of Darcy velocities were applied in the three columns.
The Stokes-Einstein equation [De = KT/(6*π*r*η)]

can also be used to calculate

contaminant effective diffusion coefficient (De) in intact porous materials. In this
relation, K represents the Boltzman constant (1.38 x 10-23 J/K); η indicates water
viscosity (0.000955 kg/ms) at 220C; r is the radius of spherical arsenic molecule (114-139
pm or 114*10-12-139*10-12 m) (Macdonald,et al. 2009); and T is 2950K. Using these
values, the effective diffusion (De) for arsenic molecule at 220C is calculated to be 1.4 x
10-4 m2/d to 1.64 x 10-4 m2/d. Thus, the dispersivities (αL) for the slag at a given pore
water velocity are 32.7 mm to 42.4 mm.
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From model results, the values of distribution coefficient (Kd) were 0.22, 0.21 and 0.21
m3/kg or L/g for the three columns. The detailed model results were presented in
Appendix A5. Figure 6.7 shows the As(V) breakthrough curves of experimental and
model results. The retardation factor, R, (R= 1+ ρb/n* Kd) was calculated to be more than
1 for the three columns confirming the adsorption of As species on the slag.
The distribution coefficient (Kd) was also obtained from batch tests for the range of
concentrations (0.1-10 mg/L) of As(V) and 15 g/L of adsorbent used in the study. From
the batch experiments, the adsorption of As(V) on slag particles was found to follow a
linear isotherm in the same concentration range used in the column tests. Kd was found to
be 0.24 L/g. Batch experiments show that adsorption was linear. The experimental Kd
values were close to the Kd obtained from the model (0.21-0.22 L/g). Calculated
correlation coefficient (R2) of the isotherm using linear regression analysis for As(V)
adsorption at pH 5 was found to be 0.9414 (as shown in Appendix A5). Distribution
coefficients (Kd) of As(V) with different adsorbents (e.g. laterite soil, red mud, activated
alumina, ferruginous manganese ore and granular ferric hydroxide (GFH)) have been
reported to be 0.055, 0.123, 22.77, 0.95, and 10.3 L/g respectively (Maji et al. 2007,
Altundogan et al. 2000; Lin et al. 2001, Chakravarty et al. 2002, and Thirunavukkarasu
et al. 2003). According to Kanel (2006) and Kuriakose et al. (2004), Kd values of As(III)
with blast furnace slag and iron oxide impregnated activated alumina were 0.502 and
0.554 L/g respectively at 250C. In the present study, arsenic dispersion coefficient (Kd) on
Ni smelter slag was also found to be almost 0.21 to 0.24 L/g.
Despite the small scattered experimental data points on the breakthrough curves (Fig.
6.7), a steady increasing tendency was observed during the operation of the columns
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indicating linear adsorption of As(V) on the slag particles. Moreover, sampling or
experimental errors may be attributed to the scattering of data points on breakthrough
curves. The best fit curves are illustrated in Figure 6.7 and similar increasing trends are
observed on model and experimental curves. Thus, it can be concluded from the model
and batch tests that the adsorption in the column may follow a linear adsorption. The
design parameters calculated from best fit model as well as the batch and column tests
could be used to aid the design of a real reactive barrier at site when Ni smelter slag
particles are used as reactive medium for As removal.
b) Column modeling based on bed depth/service time approach
A number of mathematical models have been developed for use in adsorption bed design.
Kundu and Gupta (2005) and Chu et al. (2011) noted that column experimental data can
be used to determine different characteristic parameters by using different model. Among
various models, Kundu and Gupta (2005) and Sotelo et al. (2012) used a modified Bohart
and Adams equation to determine the characteristic parameters, such as maximum
adsorption capacity, adsorption rate constant as well as critical bed depth of column.
Kundu and Gupta (2005) used this equation to determine As(V) adsorption capacity on to
iron oxide-coated cement (IOCC) sorbent in laboratory fixed bed columns. They further
reported that the bed service time (BDST) model proposed a simple approach to the
Bohart-Adams equation. The Bohart Adams theory is based on the assumption that the
rate of reaction in fixed filter bed is proportional to the fraction of sorbent capacity
remaining and to the concentration of the sorbate in the vapour or liquid phase (Bohart
and Adams, 1920; and Karpowicz et al. 1995). This equation is used to describe
adsorption profiles for a number of adsorbate-adsorbent system. In the Bohart-Adams
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fixed bed model, the sorbate-sorbent interaction is expressed by a surface reaction rate. In
this equation, axial dispersion is assumed to be zero. According to the Bohart Adams
theory, the changes in adsorptive capacities as well as solute removal by adsorption can
be expressed as follows:
…………………………………(6.3.4)
………………………….(6.3.4a)
where, N is the residual adsorbing capacity [at t= 0, N=N0= adsorptive capacity (mg/g)]
and D is the depth of adsorbent (total depth, D =D0 (cm)]. Using equations 6.3.4 and
6.3.4a, a simplified version of the Bohart-Adams equation is written as follows (Kundu
and Gupta, 2005 and Chu et al. 2011):
Ct/C0 = 1/ [1+ exp [(kN0*x/V) – k*C0*t] …………… (6.3.5)
Rearranging Equation 6.3.5 and considering Ct = CB, the service time can be determined
from the Equation 6.3.6 (Kundu and Gupta, 2005 and Sotelo et al. 2012):
t= No*x/(Co*V) - 1/Co k* Ln(C0/CB -1) …………………… (6.3.6)
where, C0 represents initial solute concentration (mg/L); CB is desired solute
concentration at breakthrough (mg/L), and k, N0, x, V, and t indicate adsorption rate
constant (L/mg.h); adsorption capacity (mg/g); bed depth of column (cm); flow velocity
of solution past the adsorbent (1.075 and 1.1 cm/h for column 1 and 2, respectively); and
service time of column under above conditions (h,) respectively. This equation can be
used to determine the values of N0, C0, and k, which must be measured for laboratory
columns operated over a certain period at a given velocity.
The breakthrough concentration of a particular contaminant is determined by the process
specifications. This would be the allowable concentration set by government regulation.

210
If a contaminant is being removed, the breakthrough concentration might be the regulated
discharge limit for the installed subsurface system. Setting t = 0 in Equation 6.3.6 leads to
the following (Kundu and Gupta, 2005):
xo = V/kNo*Ln(C0/CB -1) ………………………… (6.3.7)
Where, xo indicates the minimum column height necessary to yield an effluent
concentration CB (equal to 0.05 mg/L set by WHO or USEPA).
Equation 6.3.6 may also be written as follows:
t= ax+ b …………………….. …………………………..(6.3.8)
Where, a = slope= No/(C0*V) …………. ………………………..(6.3.9)
and b= intercept = -1/Cok* Ln(C0/CB -1)….. ……………………..(6.3.10)
The model requires three different depth data to calculate the necessary parameters.
According to Kundu and Gupta (2005) and Sotelo et al. (2012), the data calculated from
this model can be used as design tools for practical applications. From the breakthrough
times (corresponding to C/C0 = 0.005) and the exhaust times (corresponding to C/C0 =
0.9) for bed depth 4.5, 7.5, and 10.16 cm in column 1 and 2, graphs were plotted, as
illustrated in Fig. 6.8, which show depth versus service time for 0.5 and 90% saturation
of the columns. Breakthrough times (column saturation 0.5%) for column 1 was found to
be 4, 7, and 13.5 days at 4.5, 7.5 and 10.16 depths, respectively. For column 2, it was
found to be 5, 9 and 14 days at 4.5, 7.5 and 10.16 depths, respectively.

Using equation (6.3.8), the plot of experimental data generated linear relationships
indicating the applicability of the model (Kundu and Gupta, 2005 and Sotelo et al. 2012).
From the slope and intercept of the 0.5 and 90% saturation line shown in Fig 6.8, design
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parameters K and N0 were calculated using Eqs. (6.3.9) and (6.3.10). The minimum
column height (x0) necessary to generate an effluent concentration of CB was determined
using Eq. (6.3.7). For column 1, the values of K, N0 (for 90% saturation) and x0 were
found to be 5.35 mL/mg*h, 0.9 mg of As(V) /g, and 2.47 cm, respectively. For column 2,
the values of K, N0 (for 90% saturation) and x0 were found to be 9.29 mL/mg*h, 0.82 mg
of As(V) /g, and 2.1 cm, respectively. The adsorption capacities for two columns
calculated from this model were close to the adsorption capacities shown in Table 6.2.

6.3.4 Reactive slag effectiveness

The above results can be very helpful in the design of PRBs at field scale. Figure 6.9
illustrates the effectiveness of the mixed iron oxide loaded slag medium used in the
laboratory columns. From the figure, it is clear that 10-11 cm columns containing almost
451-550 g of slag can be operated in more than 65 days to remove almost 99-100 percent
As species from continuously flowing contaminated water that has an initial As
concentration of 10 mg/L and a pH of 4-5. Under this condition, the maximum adsorption
capacity was found to be 0.8 to 1.1 mg/g of slag. Thus, those parameters can be used as a
design tool for simulating field scale PRB. The thickness and residence time of PRB
depends on initial concentration as well as on the removal capacity of the medium (that
is, the overall removal rate constant, Koverall), groundwater velocity as well as site
conditions.
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Moreover, the Ni smelter slag also contained Al2O3, MnO2, MgO and quartz (SiO2) with
FeO. Those compounds generally have strong heavy metal adsorption affinity. Lin et al.
(2001) showed almost almost 90% arsenic removal by activated alumina and the
Freundlich and Langmuir isotherm equations were used to describe the partitioning
behavior for the system at different pH values. These authors also showed from
experimental data that the adsorption and diffusion of arsenate and arsenite by activated
alumina could be simulated by the proposed model. Approximately 76% MnO2
containing ferruginous manganese ore (FMO) adsorbed As(III) and As(V) in the pH
range of 2–8 and the presence of bivalent cations, namely, Ni2+, Co2+, Mg2+ enhanced the
adsorption capability of the FMO (Chakravarty, et al. 2002). In all three cases, the
presence of 30 ppm of the bivalent cation had a remarkable effect on As(III) adsorption,
and increased it by 14%. Chakravarty, et al. (2002) further reported that the FMO used in
their study comprised goethite (FeO(OH)), which could directly adsorb arsenite and
arsenate anions. The presence of fayalite containing quartz (SiO2) and perovskite
(MgSiO3) was also found to enhance arsenic removal (Zou, 2009). These authors found
that the layer having a mixture of fayalite (Fe2SiO4) and magnetite/hematite in precorroded steel adsorbent enhanced the arsenic removal from aqueous solution. In our
study, we found that the fayalite-iron oxides loaded Ni smelter slag also contained those
compounds. Thus, it can be concluded from our results that the slag used in our study can
be very effective in removing heavy metals form subsurface as well as from groundwater.
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6.3.5 Mineralogy of Monolith slag from a Nickel Smelter

The analysis of XRD powder patterns (Figure 6.10a) shows the slag is made up of
fayalite (FeSiO4) and magnetite (Fe3O4). A close examination of the XRD data shows a
small broad hump in the background between 20 and 30 degrees 2-theta. This is most
likely due to the presence of amorphous material in the slag. The XRD powder patterns
for ground slag reacted with arsenic laden solutions are shown in Figure 6.10b. The XRD
powder pattern shown in Figure 6.10b is identical to that of the fresh slag. No arsenic
phases are identified. The absence of any arsenic phases in the XRD powder patterns
could be an indication that any secondary arsenic-bearing mineral that formed in this
experiment were either poorly crystalline or present in quantities that were below the
detection limit for the method.

XPS can detect the elemental composition and chemical oxidation states of surface and
near-surface species. The Casa-XPS software was used to draw and analyze all spectra
(Fairley, 1999-2003). XPS wide scan spectra of fresh slag as well as arsenic-bearing slag
are illustrated in Figure 6.11. Six clear peaks at binding energies of 99.55, 281.55,
345.25, 527.95, 852.05 and 929.05 eV designated for the Si 2p, C 1s, Ca 2p, O1s, Ni 2p
and Cu 2p respectively, are observed for the fresh and reacted slag sorbents (Figure
6.11a). Significant changes can be seen in Figure 6.11b after the reaction of the slag with
As(V) aqueous species; the peak at binding energy of 345.25 eV for Ca 2p and 929.05 eV
for Cu 2p disappears from the spectra for the As(V) loaded adsorbent while a new peak at
a binding energy of approximately 45-47.09 eV for As 3d (Fig. 6.11c) appears in the
arsenic-reacted slag.
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The As 3d spectrum of the arsenic adsorbed slag can be deconvoluted into different
individual component peaks, which originate from the arsenic atom of different valence
states and which overlap with each other. Nesbitt et al., (1995) and Lim et al., (2009)
assigned the As 3d5/2 peaks for As(III) and As(V) to binding energy ranges of 44.0 eV to
45.5 eV and 45.2 eV to 47.8 eV, respectively. As shown in Figure 6.12, the peaks at
binding energies of 45.9 and 45.21 eV can be assigned to arsenite (As(III)) and those at
46.4 and 47.09 eV to the arsenate (As(V)) atom. These two assignments reflect the
presence of inorganic arsenic atom of different chemical valences on the sorbent.
Quantitative analysis of As(V) adsorbed sorbent obtained from Fig 6.12 shows that 67%
of As(V) and 33% of As(III) are present. The redox potentials of the pore water in the
three columns were found to be in the range of -250 to - 650mV, indicating reducing
conditions within the pores of the laboratory column media. These results suggest the
reduction of As(V) to As(III) at the adsorbent surface. Moreover, this result also indicates
solid state oxidation-reduction between arsenate and mixed iron compounds at the
surface of the sorbent.

The Fe 2p high resolution spectra were fitted following the example of Pratt and Nesbitt
(1994), and Grosvenor and Bessinger (2004) using theoretical multiplet peak patterns
calculated by Gupta et al. (1974 and 1975). By strictly adhering to the multiplet patterns
for the various iron oxide model compounds, the XRF and XPS results show 56.23% of
the iron in the slag are from iron oxide. Of the 56.23% iron oxides, 28% is maghemite,
50% is magnetite and 22% is goethite (Fig. 6.13a). After reaction with arsenic, the

215
amount of goethite in the slag increased to 60% (Fig 6.13b). At the same time, the
percentage of magnetite was reduced to 40%. It appears that all the maghemite was
converted to goethite. These results suggest that a redox reaction occurred on the mixed
iron oxide surface when arsenic was introduced. Changes in the relative abundance of
Fe(II) and Fe(III) in magnetite (Fig. 6.13a and 6.13b) upon reaction with arsenate show
that the relative content of the Fe(II) decreases from 15.9 to 12.0 %. This result indicates
that an oxidation reaction has taken place. This interpretation is further supported by the
increase in goethite content from 22% to 60%. The absence of the maghemite in the
reacted slag further suggests that all maghemite oxidized to Fe(III) containing goethite in
the reactive slag after the introduction of As(V) solution (Fig 6.13b).

Figure 6.14 illustrates O 1s spectra of the slag at pH 5-8. The peaks at binding energy of
530.3 and 532.0 eV can be assigned to Fe-O (lattice oxygen in slag), As-O (Wagner et
al., 1980) as well as to SiO3 or SiO4 (Fig. 6.14). This result may indicate the presence of
fayalite-arsenic (Fe-As-SiO4) or mixed iron oxide-arsenate (FeAsO4.2H2O) (Welch et al.
2000) or a complex formation on the slag surface after As(V) adsorption. The FWHM
spectra at 532.0 to 533.19 eV were changed after the adsorption (Figure 6.14), indicating
the occurrence of oxidation-reduction reaction between As-O and Fe-O on the reactive
slag surface. The result further shows that the metal oxide (Fe-O) content decreases from
34.2 to 4.0 % and O 1s hydroxide increases from 44.1% to 54.8% indicating the
formation of Fe-As-O and goethite (α-FeOOH), which is due to the binding of arsenic to
oxygen atoms in the slag. Thus, it can be inferred that the mechanism of adsorption of
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As(V) to smelter slag involves physico-chemical reaction as well as electrostatic
attraction in the pH range of 5-8.

From XPS, the Si and Fe contents of fresh slag were found to be 11.2% and 9% (atomic
wt), respectively, as shown in Figure 6.11a. From the XRF test, the SiO3 and Fe3O4
contents of fresh slag were found to be 36.71% (Si 17%) and 56.53% (Fe 40.93%), as
shown in Table 6.1. The SEM photomicrograph presented in Fig 6.1 also shows the
presence of magnetite and fayalite. The texture of As reacted slag (Fig 6.1b) also shows
the presence of euhedral tabular and botryoidal clusters indicating the presence of
magnetite and goethite compounds in the SEM micrographs.

Various mineral compounds, such as fayalite (Fe2SiO4), magnetite, goethite and other
iron oxides, are capable of adsorbing trace metals from aqueous solutions; thus they can
play an important role in the fate and transport of trace element speciation in soils and
groundwater (Zou, 2009 and Fendorf et al. 1997). To further confirm the interaction
between the slag surface and adsorbed anions, and to detect possible As-Fe compounds
on the slag surface, Raman spectroscopy was conducted on the same sample and the
results are shown in Fig. 6.15. Fayalite was generally identified by a group of bands with
peaks located at 171, 259 and 562 cm-1 (Choplelas, 1991). In this Raman study, peaks
were found at 172.25, 239.08 and 523.87 cm-1 in Ni smelter slag indicating the presence
of fayalite mineral. Faria et al. (1997) noted that the Raman band for magnetite (Fe3O4)
was attributed to bands at ca. 665, 295, 320 and 521 cm-1 which were also identified in
the unreacted slag spectrum. These authors also noted that the Raman spectrum of
maghemite can be characterized by three broad structures around 350, 500 and 700 cm-1.
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In the present study, the weak Raman band around 699 cm-1 was attributed to magnetitemaghemite present in the fresh slag. Das et al. (2011) assigned the Raman band around
162, 297, 384, and 545 cm-1 to goethite. The Raman band at ca 239.08, 285 and 523.87
cm-1 indicated the presence of goethite in fresh slag (Das et al. 2011).
After arsenic adsorption on slag, the peaks at 507 and 523 cm-1 shifted to new positions at
ca. 559 cm-1, indicating the presence of more goethite on the As-adsorbed slag (Das et al.
2011). The new peak at ca.363.4 cm-1 was also assigned to the generation of goethite in
As reacted slag. The shift of the fayalite peaks at ca. 172.25, 239.08 and 664.32 cm-1 is
negligible; however, new peaks at ca 828.54 and 838.5 and 870 cm-1 were observed. Das
et al. (2011) found Raman peaks for As-Fe compounds located between 800 cm-1 and 900
cm-1. In agreement with Das et al. (2011), the Raman peak at 828.54 and 838.5 and 870
cm-1 was interpreted to originate from arsenic species that formed as a result of reaction
between arsenate ions in solution and the fresh slag. From Figure 6.15, it is clearly seen
that an As-Fe compound signal exists on the slag surface after the reaction of As with the
slag (Fig.6.15a). Since the amount of arsenic used in the Raman spectrum analysis was
very low compared to the amount of slag, any direct iron-arsenic complex contribution to
the spectrum would be partially obscured by the large fayalite-mixed iron oxide slag
signal.

With regard to the basic analysis parameters, both Raman and XPS have a similar
minimum detection limit of approximately 0.25 - 1 weight percent. From the results of
the present study, the Raman data have a very clear arsenic contribution (Fig. 6.12) as the
XPS data. The As peak intensity for the two methods can be demonstrated through a
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consideration of the analysis volume for each method. The XPS data are generated from a
layer no thicker than 4 nanometres of the surface of the slag mass, whereas the Raman
data are instigated from both the surface and the bulk of the slag mass. These results
demonstrate that the As has reacted with a large proportion of the slag population in the
experiment. The As Raman peak identifies that not all of the As exists on the slag surface
but that some interact below the slag surface. The effect of this analysis is that, in
addition to surface adsorption reactions, there might be chance for As(V) species to react
with slag particles during the experiment.

Moreover, peak heights of a Raman shift at ca 828.54 and 838.5 cm−1 increase linearly
with the As/Fe molar ratio. The results of the present study of natural and synthetic iron
oxide, oxy(hydroxide), and ferric arsenate minerals as well as arsenate adsorbed onto
ferrihydrite show the potential value of applying Raman spectroscopy to other mine
tailings and waste rock sites (Das et al. 2011). Some arsenate species have strong peaks
in the spectrum between 750 and 900 cm-1. Arsenate commonly attaches to iron
oxy(hydroxides) by the formation of bidentate surface complexes with high surface
coverage under alkaline conditions (Fendorf et al. 1997; Sun and Doner, 1998). Jia et al.
(2006) and Das et al. (2011) reported that the Raman band position at ca. 836 cm−1
represents As–O stretching and vibration of the bidentate-complexed arsenate onto the
iron oxyhydroxide (FeO-OH) surface. The results of the current study found that the
Raman band around 828.54 and 838.5 and 870 cm-1 in As reacted smelter slag may be
assigned to similar As–O stretching and vibration of bidentate-complexed arsenate onto
the iron oxyhydroxide (FeO-OH) surface. Moreover, the XPS and Raman data showed
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the formation of a large amount of goethite (e.g. αFeO-OH) in the reacted slag. Thus,
there may be a similar chance to form As–O stretching and vibration of the bidentatecomplexed arsenate onto iron oxyhydroxide (FeO-OH) in slag generated from the
reaction between As(V) species and slag particles.

Moreover, in Figure 6.15, arsenic reacted slag showed peaks at 828.84, 838.5 and 870
cm-1. In this study, it is interpreted that these peaks are to be a surface interaction species.
In the present Raman study, there were no sharp peaks identified in the given range (ca.
298 cm-1, 320 cm-1, 420 cm-1 and 550 cm-1) indicating the reduction of magnetite in the
arsenic reacted slag.. Thus, it can be concluded that Fe(II) in magnetite as well as
maghemite was transformed to Fe(III) bearing goethite via a redox reaction when As(V)
was introduced into the solution. This is in agreement with the results obtained in the
XPS experiments.

6.4 Conclusions

The results from the present study suggest that the use of Ni smelter slag as a reactive
medium for site remediation is promising. It may not be as reactive as conventional
magnetite or zero valent iron, but it does have sufficient reactivity to be used in the
construction of PRBs that have a reactive zone of typical thickness (< 1 m) to effectively
remove arsenic. The study shows that mine waste, such as Ni smelter slag, does exhibit
substantial affinity towards inorganic arsenic species. Kinetic studies revealed that the
slag materials were efficient in arsenic removal, attaining equilibrium sorption capacities
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in the range of 1000-1054 µg/g for an initial arsenic concentration of Co = 10 mg/L. The
results further suggest the nature of the sorption by smelter slag (a waste material) likely
involves both chemisorption and physical sorption, as revealed by equilibrium studies.
Sorption capacities for As(V) were significantly higher for Ni smelter slag. Arsenic
sorption process on the waste materials continued at the reaction rate ranged from 0.05 to
0.9 h-1.

The identification of the chemical states of the adsorbed As using XPS and Raman
analyses during the removal of As from aqueous solution by Ni smelter slag is a major
contribution of the study. The Raman and XPS data also suggest that electrostatic
attraction and oxidation–reduction reactions between As species and mixed iron oxide
bearing slag are the main mechanisms for the removal of arsenic from aqueous solutions.
Theoretical multiplet analysis of the As adsorbed slag mixture presented in the study
provides additional contribution to the literature on XPS studies. From the Raman study,
it may be inferred that, in addition to adsorption reactions, internal interactions are also
important during the experiments. These findings may be used to develop Ni smelter slag
adsorbent systems for water treatment and site remediation.

Compared to other reported equilibrium sorption studies, the results of the present work
indicate that the application of mixed iron oxide bearing Ni smelter slag in water
treatment systems is feasible. Better sorption efficiencies are obtained in continuous flow
systems. Moreover, the joint effect of sorption, coagulation, flocculation, sedimentation
and filtration that are developed during continuous flow in a fixed bed reactor are
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assumed to benefit the efficiency of arsenic sorption in the continuous flow process in
drinking water treatment. The results have highlighted three important contributions and
applications: i) mechanism of As adsorption; (ii) possible treatment of As contaminated
wastewater; and (iii) remediation of As contaminated groundwater. However, the
reactivity of the monolith slag from nickel smelter operation was evaluated under a
limited set of idealized conditions, and more study is needed to demonstrate the
generality of the findings. Additional factors that may be important in the field also need
to be studied, such as the effects of other dissolved ions, pH, and dissolved oxygen
content on the removal efficiency. The importance of slag heterogeneity, longevity of the
reactivity, and the mechanisms controlling removal also needs to be evaluated.

Arsenic loaded slag can be disposed of either by converting the entrapped arsenic in the
slag into insoluble inorganic compounds or by bio-transformation of arsenic in the slag.
When slag is saturated with arsenic compound, that is, when slag loses its adsorption
capability, biotransformation of arsenic may be essentially carried out by microorganisms
which form mostly volatile methylated arsenic compounds (Welch et al. 2000 and
Chakravarty, et al. 2002). They demonstrated that a novel arsenic loaded waste
management scheme is being worked out in which native earthworm species are being
used for converting arsenic from plant available to plant unavailable form. Moreover,
developing countries, such as Vietnam, India and Bangladesh have limited financial
resources and can not afford expensive, large-scale treatments for the removal of arsenic
from drinking waters as well as subsurface to acceptable limits (from 10 ppb to 50 ppb).
Low-cost, effective technologies and inexpensive treatment materials that are readily
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available and easily reusable offer attractive options for such countries. The only cost
related to the use of Ni smelter slag in a reactive permeable barrier in Canada is crushing.
According to John Aarts Crushing Company, London, Ontario, Canada, the cost of
crushing the slag into different-scale particles is $8 per ton slag. Thus, the findings of this
study suggest that slags from Ni smelter operation may be effective low-cost reactive
media for PRBs used to remove arsenic from groundwater in Canada or elsewhere.
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Table 6.1: Chemical analysis of Ni smelter slag by XRF analysis.
Major-Oxide

XRF data (%weight) Contents

XRF data (%weight)

SiO2

36.90

K2O

0.63

Al2O3

2.44

Na2O

0.26

FeO

56.72

P2O5

0.11

MnO

0.04

Cr2O3

0.20

MgO

1.23

TiO2

0.2

CaO

1.26

Total

100

Contents

Table 6.2: As removal capacity and migration rate in the columns
Columns

Normalized migration rate of

r2

Removal capacity

Effluent pH

As(V) front at C/Co = 0.5

of slag at C/Co =

range

(cm/cm3)

0.5 (mg As/g slag)

1

0.24 * 10-3

0.97

1

7-8

2

0.21* 10-3

0.94

1.054

6.5-8

3

0.2 * 10-3

0.99

1.039

6-8
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Fe3O4 3+ means Fe (III) in magnetite; Fe3O4 2+ means Fe (II) in magnetite; Gamma
Fe2O3 means maghemite peak and FeOOH means goethite peak.
Figure 6.13: XPS spectra (a) fresh slag and (b) arsenic reacted slag.
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Figure 6.14: O 1s spectra of the (a) fresh slag and b) arsenic reacted slag
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Figure 6.15: Raman spectra of (a) fresh slag and (b) arsenic reacted slag.
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CHAPTER 7
CONCLUSIONS AND RECOMMENDATION

7.1 Conclusions
In this study, mixed iron oxide nanoparticles were used to treat arsenic, chromium and
cadmium contaminated aqueous solutions. X-ray photoelectron spectroscopy (XPS)
studies showed the presence of arsenic, chromium and cadmium on the surface of mixed
magnetite-maghemite or maghemite-magnetite nanoparticles. The results show that redox
reaction occurred on magnetite-maghemite mixture surface when heavy metals were
introduced. The study showed that, apart from pH, the removal of arsenic, chromium and
cadmium from contaminated water also depends on contact time and initial concentration
of arsenic, chromium(VI) and cadmium(II) and temperature.

Equilibrium was achieved in 3 hrs in the case of 2 mg/L of As(V) and As(III)
concentrations at pH 6.5. The results further suggest that arsenic adsorption involved the
formation of weak arsenic-iron oxide complexes at the magnetite-maghemite surface.
Arsenic adsorption capacity of magnetite-maghemite nanoparticles at room temperature,
calculated from the Langmuir isotherm, was 50 µmol/g and Gibbs free energy (∆G0,
kJ/mol) for arsenic removal was –32 to 32.5 kJ/mol, indicating the spontaneous nature of
adsorption on magnetite-maghemite nanoparticles.
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Application of maghemite-magnetite nanoparticles for chromium removal has great
potential in water and wastewater engineering. Mixed maghemite-magnetite has been
used as adsorbent for Cr(VI) removal in this study. Results show that the adsorption
capacity is enhanced with an increase in reaction temperature and a decrease in free
energy change. Thermodynamic study shows that Cr(VI) adsorption on the mixed
maghemite and magnetite is endothermic in nature and is dependent on solution pH
between 3 and 6. X-ray Photoelectron Spectroscopy (XPS) results demonstrate the
theoretical multiplet peaks for iron and chromium adsorbed iron at the surface of the γFe2O3 and Fe3O4 mixture. Theoretical multiplet analysis shows that during Cr adsorption,
the amount of maghemite increases (from 70 to 89%). In magnetite spectra, the relative
content of Fe(II) decreases from 8.2 to 3.6% indicating the reduction of magnetite in the
mixture particles. In Raman spectroscopy studies, clear peaks of chromium on iron oxide
were generated at 826 cm-1, which was attributed to chemical interactions between
chromium compound and iron oxide. From the results of Raman and XPS studies,
electrostatic attraction and oxidation–reduction between chromium and mixed
maghemite-magnetite are postulated as mechanisms for the removal of Cr(VI) from
aqueous solutions. Among electrostatic attraction and oxidation–reduction, phsiosorption has more engineering significance. Because, the portion that undergoes phsiosorption ( i.e. electrostatic binding) can be easily recovered. The results have highlighted
three important contributions and applications such as the mechanism of Cr(VI)
adsorption; possible treatment of Cr(VI) contaminated wastewater; and remediation of
Cr(VI) contaminated groundwater. The results illustrate that maghemite-magnetite
nanoparticles can adsorb Cr(VI) better in an acidic pH range and that equilibrium can be
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achieved in 3 h at pH 4.0 and an initial Cr(VI) concentration of 1.5 mg/L. The adsorption
capacity is enhanced with an increase in reaction temperature. The Raman and XPS data
suggest that electrostatic attraction and oxidation–reduction reactions between chromium
species and mixed maghemite-magnetite are the main mechanisms for the removal of
chromium from aqueous solutions. Theoretical multiplet analysis of the Cr adsorbed γFe2O3-Fe3O4 mixture presented in this study provides an additional contribution to the
literature on XPS studies. From the Raman study, it can be concluded that diffusion
reactions are also important during the experiments.

The uptake capacity of Cd(II) ions by mixed maghemite-magnetite increased with an
increase in the pH of the adsorbate solution. An increase in adsorbent dosage increased
Cd (II) removal but decreased adsorption capacity and it was found to follow the pseudosecond-order model. The adsorption of cadmium may be partially diffusion controlled
and partially due to an electrostatic effect along with specific adsorption involving the
adsorption of Cd++ and CdOH+ on mixed maghemite-magnetite nanoparticles in the
alkaline pH range. The XPS surveys also confirmed that Cd2+ ions may undergo
oxidation-reduction reactions upon exposure to mixed maghemite-magnetite. After Cd(II)
adsorption by the maghemite-magnetite mixture, the percent maghemite decreased from
74.8 to 68.5%.

The results of the present work found that 0.8 g/L of 20-60 nm maghemite-magnetite
particles removed up to 1.5 mg/L Cd, and 0.4 g/L of 20-60 nm maghemite-magnetite or
magnetite-maghemite particles removed up to 3 mg/L As and Cr(VI). The approximate
cost of this nano-scale adsorbent is $225/kg (Reade Advance Materials, 2009). Thus, it
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can be concluded that the cost of using this nano mixed particles adsorbent would be
$0.09/L to $0.18/L for heavy metal removal. To take advantage of this, mixed iron oxide
particles can be used in water treatment and site remediation. Moreover, mixed iron oxide
particles were cheaper than other nano-scale iron particles. According to Phenrat et al
(2009), magnetite and maghemite are not harmful to human body. Thus, the study of
mixed iron oxides as adsorbent is very promising, more realistic and practical than other
iron oxide particles.

Mixed iron oxide particles can be applied in the design of permeable reactive barriers for
groundwater remediation. Permeable reactive barriers containing magnetite-maghemitegoethite particles could be employed for in situ remediation of groundwater contaminated
with redox active metals. Developing countries like Vietnam, India, Nepal and
Bangladesh have enough money to operate expensive, large-scale treatments for the
removal of heavy metal from drinking water as well as subsurface to acceptable limits
(from 10 ppb to 50 ppb). The findings of this study suggest that slags from Ni smelter
may be effective low-cost reactive media for the PRBs. Fayalite-iron oxide loaded Ni
smelter slag may not be as reactive as conventional magnetite or zero valent iron, but do
have sufficient reactivity so that PRBs containing a reactive zone of typical small
thickness could be constructed to effectively remove arsenic from the subsurface. The
better sorption efficiencies were obtained in continuous flow system. The complex nature
of the sorption process in smelting waste including both chemisorption and physical
sorption was revealed by XPS and Raman studies. The Raman and XPS data indicate that
electrostatic attraction and oxidation–reduction reactions between As species and slag are
the main mechanisms for the removal of arsenic from aqueous solutions. These findings
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can be utilized to build the mixed iron oxide loaded Ni smelter slag PRB as well as
surface water treatment technology.

7.2 Recommendation for future study
1) Field study
Proper design and field investigation are necessary to find out the applicability of
magnetite-maghemite or maghemite-magnetite particles for the construction of permeable
reactive barriers or any treatment units. Permeable reactive barriers containing mixed iron
oxide will be more widely used to remediate contaminated groundwater. More field study
would be necessary to find out much uncertainty in predicting their long-term
performance. Mineral precipitation and mineralogical investigation during field operation
should be investigated. Moreover, the importance of slag heterogeneity, longevity of the
reactivity and the mechanisms controlling removal at field scale also needs to be
evaluated. Due to the availability of a large number of adsorbents on the adsorption of As
and Cr (VI), development of eco-friendly and economically viable adsorbents are more
demanding. Thus, more research is recommended.

2) Natural magnetite-maghemite-goethite loaded soil
Natural deposits of iron oxide minerals (hematite, magnetite, maghemite-goethite) should
be collected and investigated to compare the removal efficiencies with those of
commercial iron oxide and natural iron oxide deposits.
3) Competitive anions and alkalinity studies
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At field scale, more studies should be required to find out the removal efficiencies of the
targeted metal ion in the presence of elevated concentrations of other contaminating
species at field scale. The macromolecules studies for contaminated site sample will also
be required. Potential industrial importance of the study needs to be verified by practical
application of these particles. Moreover, the performance should be checked at lab scale
in the presence of elevated concentration of carbonate and hardness ions in groundwater.

4) Reuse of spent mixed iron oxides
Many researchers showed 20-30% recovery of magnetite or maghemite from the portion
that underwent electrostatic binding. According to Cornell et al. (2003), the desorption rate
from magnetite and hematite in base solution was 20%. To reach 80-90% recovery of iron
oxides from any treatment unit, extensive research is required.

Appendix
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A.1 Operational condition for ICP-OES (inductively coupled plasma-optical
emission spectroscopy)
Table A 1.1: Operational condition for ICP-OES analysis
Power (kW)

1.1

Plasma flow (L/min)

15

Nebulizer flow (L/min)

0.8

Auxiliary flow (L/min)

1.5

Replicate read time (s)

5

Instrument stabilization delay (s)

15

Frequency (MHz)

40

Sample uptake delay (s)

30

Pump rate (rpm)

15

Rinse time (s)

25

Wavelength for As

188-197.2

Wavelength for Cr

205-267

Wavelength for Cd

214-288

ICP-OES results:
Every experiment was run in triplicate and average values were used in the graph. Every
data showed lower than 5% RSD (relative standard deviation) in ICP-OES analysis. The
smaller the value, the higher is the precision of the measurements.
Here, RSD (%) = (Standard deviation / mean) * 100
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A.2 Gibbs free energy calculation for arsenic uptake by mixed magnetite-maghemite
(supplementary information of Chapter 3)
Langmuir equation
Ce/qe = 1/bqm + Ce/qm

(3.1a)

Standard Gibbs free energy (∆G0, kJ/mol) for the adsorption process was measured using
the following equation:
Ln(1/b) = ∆G0/ RT

(3.3)

Where, b represents the Langmuir constant related to the energy of adsorption, R is the
ideal gas constant (8.314 J/K mol) and T is temperature (K).
From equation (3.3) ∆G0 can be calculated
a) For As(V) at room temperature
∆G0= RT Ln(1/b), where b= 6.7 L/mg = 515*103 L/moL. b is calculated from equation
(3.1a))
∆G0= 8.314*298*Ln (1/515*103) = -32.6 KJ/moL.
b) For As(III) at room temperature
∆G0= RT Ln (1/b) where, b= 6.63 L/mg= 510*103 L/moL
∆G0= 8.314*298*Ln (1/515*103) = -32.5 KJ/moL.
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Figure A.2.1: Dispersed mixed magnetite-maghemite in electrolyte
solution

A. 3 Thermodynamic parameter calculation for chromium uptake by mixed
maghemite-magnetite (supplementary information of Chapter 4)
According to Altundogan et al. (2000), standard Gibbs free energy (∆G0), standard
enthalpy (∆H0) and standard entropy changes (∆S0) for the adsorption process may be
calculated from Eqs. (4.3)-(4.5):
Ln(1/b) = ∆G0/ RT

(4.3)

Ln b = Ln b0 - ∆H0/ RT

(4.4)

∆G0 = ∆H0 – T ∆S0

(4.5)
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1) For Temperature = 10 0C;
∆G0= RT Ln(1/b), where b= 3 L/mg = 1.58*105 L/moL.
∆G0= 8.314*295*Ln (1/1.58*105) = -28 KJ/moL.
Using equation 4.4 and from Figure A.2.1,
∆H0= 1156.1* 8.314 = 9.6 kJ/moL.K
Using equation 4.5,
∆S0 = (∆G0+∆H0)/T = (9.6+28)/283 = 0.1 kJ/moL.K
1) For Temperature = 22 0C;
∆G0= RT Ln(1/b), where b= 3.1 L/mg = 1.63*105 L/moL.
∆G0= 8.314*295*Ln (1/1.63*105) = -29.4 KJ/moL.
Using equation 4.4 and from Figure A.2.1,
∆H0= 1156.1* 8.314 = 9.6 kJ/moL.K
Using equation 4.5,
∆S0 = (∆G0+∆H0)/T = (9.6+29.4)/295 = 0.1 kJ/moL.K
1) For Temperature = 50 0C;
∆G0= RT Ln(1/b), where b= 4.8 L/mg = 2.52*105 L/moL.
∆G0= 8.314*295*Ln (1/2.52*105) = -33.45 KJ/moL.
Using equation 4.4 and from Figure A.2.1,
∆H0= 1156.1* 8.314 = 9.6 kJ/moL.K
Using equation 4.5,
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∆S0 = (∆G0+∆H0)/T = (9.6+28)/323 = 0.13 kJ/moL.K

Table A.2.1: Adsorption energies (b) at different temperature (K).

Temperature

Temperature
(1/T)

b, L/mg

Lnb

283

0.003533569

3

1.09

295

0.003389831

3.1

1.13

323

0.003095975

4.8

1.57

Figure A.2.1: Lnb vs 1/T for Standard enthalpy (∆H0) calculation using equation (4.4)
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A. 4 Experimental data used for multiple regression analysis of cadmium uptake
by maghemite-magnetite particles (Supplementary information of Chapter 5)

1) Table A.3.1: Data for XPS wide scan spectra of the fresh maghemite-magnetite
mixture and Cd(II) loaded maghemite-magnetite mixture
Compound

Name

Pos.

FWHM

Area

At%

Mixed

Fe 2p

707.15

3.84

11374.7

8.9

maghemite-

O 1s

526.55

3.26

10183.3

30.1

magnetite

N 1s

396.35

2.86

192.6

0.9

C 1s

281.55

2.74

7248.2

60.1

Cd adsorbed

Fe 2p

707.15

3.66

5910.6

4.7

Mixed

O 1s

526.55

4.67

7602.0

23.0

maghemite-

N 1s

395.65

2.33

348.7

1.7

magnetite

C 1s

281.55

2.75

8306.8

70.4

Cd 3d

401.25

2.58

707.4

0.4

2) Adsorption kinetics study
a) Pseudo first-order equation
Log (qe − qt ) = Log qe − k1ads*t/2.303 ----------------------------(5.3.4)
Using Figure 5.5 for the determination of the rate constant of pseudo-first order
adsorption k1ads and the amount of Cd(II) ion sorbed at equilibrium, qe
Equation 5.3.4 can be written: y = -0.0156x + 0.1538
From the above equation, k1ads/2.303 = 0.0156
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Thus, k1ads = 3.6 x 10-2 min-1

b) The pseudo second order equation
h= k2ads *qe2 ………………………………………(5.3.8)
t/qt =1/h +t/qe--------------------------------------(5.3.9)
From Figure 5.6 for the determination of the rate constant of pseudo-second order
adsorption k2 ads and the amount of Cd(II) ion adsorbed at equilibrium, qe.
Equation 5.3.9 can be written: y = 0.5431x + 7.4521;
Thus, using the above equation, 1/qe= 0.5431; qe= 1.8413 (mg/g) and h= 0.1342
k2ads= h/ qe2 = 0.1342/1.84132
Thus, k2ads = 3.96 x 10-2 g/mg*min

c) The intraparticle diffusion model
From figure 5.7 for the determination of the intra-particle diffusion rate constant, kid
(min-1)
log Yid = log kid + a log t -------------------------- (5.3.11)
Equation 5.3.11 can be written: Y = 0.2697x + 1.3904
Thus, kid = 24.56 min-1
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A.5 Important column parameters used for contaminant transport determination
(supplementary information of Chapter 6)
1)

Figure A.5.1: Slag particles: crushed.
2) Pump type: Master Flex multi-channel high precision peristaltic pump
Pump speed= 2.5 rpm and 1 rpm= 0.17 mL/min;
Thus, pump velocity = 0.425 mL/min.
Table A. 5.1: Parameters for Columns
Parameters
influent, pH
Effluent, pH

Values
3.5-5.5
6-8

Units
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Column inside, Eh
Effluent, DO

-232-704
0.5-3

mV
ppm

a) For Column 1: Weight of Slag in the column = 451 g;
Weight of water in the column = 80.1 g
Table A. 5.2: Important parameters for Column 1
Parameters

Values

Unit

Length = L

10.16

cm

Diameter, D

5.08

cm

V= volume= πr2*L

205.9

cm3

Porosity= n= Vv/V

0.39

A= Area= πr2

20.26

cm2

Bulk Density, ρb

2.19

g/cm3

1 PV = n*V

80.3

mL

Flow rate

522.5

mL/day

No of P.V

6.5

Darcy velocity= v= (Q/A)

v=(522.5/20.26) = 0.258

m/d

T=Resident Time(L/v)

9.45

hrs

Slag particles size

0.3-152.5

micro-meter

Specific Surface area

0.5

m2/g

passed by resident time

205.73

mL

No of P.V by resident time

2.5

Approximate pressure

1.0 for 200 PV

differences

1.0 for 450 PV

psi

4.4* 10-5

cm/s

Total Volume of water

Hydraulic conductivities (k)
K= V*L/(A*h*t)
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Notes: V= collected Voln of water (mL); L= length (cm); t= required time

b) For Column 2
Weight of Slag in the column = 453 g; Weight of water in the column = 83g.
Table A 5.3: Important Parameters for Column 2
Parameters

Values

Unit

Length = L

10.16

cm

Diameter =D=

5.08

cm

V= volume

205.9

cm3

Porosity= n

0.40

A= Area

20.26

cm2

Bulk Density, ρb

2.2

g/cm3

1 PV

82.36

mL

Flow rate

535

mL/day

No of P.V

6.5

6.5

(Q/A)

v=(535/20.26) = 0.264

m/d

T=Resident Time(L/v)

9.24

hrs

Slag particles size

0.3-152.5

micro-meter

Specific Surface area

0.5

m2/g

205.98 mL

mL

resident time

2.5

by resident time

Approximate pressure

1.0 for 200 PV

psi

Darcy velocity= v=

Total Volume passed by
resident time
No of P.V passed by
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differences

1.0 for 450 PV

Hydraulic conductivities
(k)
K= V*L/(A*h*t)

4.43* 10-5

cm/s

Notes: V= collected Voln of water (mL); L= length (cm); t= Required time; A= Area

C) For Column 3
Weight of Slag in the column = 550 g; Weight of water in the column = 95 g.
Table A.5.4: Important Parameters for Column 3
Parameters

Values

Unit

Length = L

11.43

cm

Diameter, D

5.08

cm

V= volume

231.62

cm3

Porosity= n

0.41

A= Area

20.26

cm2

Bulk Density, ρb

2.37

g/cm3

1 PV

94.96

mL

Flow rate

523

mL/day

No of P.V

5.5

5.5

Darcy velocity= v= (Q/A)

v= (523/20.26) =0.258

m/d

T=Resident Time(L/v)

10.6

hrs

Slag particles size

0.3-152.5

micro-meter

Specific Surface area

0.5

m2/g

231 mL

mL

Total volume passed by
resident time
No of P.V by resident time
Approximate pressure

2.5
1.5 for 200 PV

psi
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differences

1.5 for 500 PV

Hydraulic conductivities (k)
3.24* 10-5

K= V*L/(A*h*t)

Notes: V= collected Voln of water (mL); L= length (cm); t= Required time; A= Area

3) Redox potential Data for operation periods

Table A.5.6: Important Redox (mV) data
Redox (Eh);
- mV
Days
3.6
5.5
7.3
9.1
18.2
27.3
36.4
45.5
54.5
63.6
72.7
81.8
85.5
87.3
89.1
90.9
100
109.1
110.9
112.7
114.5
116.4
118.2
120
121.8
125.5

No of P.V
20
30
40
50
100
150
200
250
300
380
400
450
470
480
490
500
550
600
610
620
630
640
650
660
670
690

Port A
380
420
450
510
500
505
507
501
500
510
350
232
280
232
210
220
215
230
232
231
230
220
215
210
231
230

Port B
500
560
565
578
595
600
599
620
704
620
590
432
410
420
400
435
432
428
430
432
432
432
431
432
431
430

cm/s

270
129.1
136.4

710
750

4) Grain Size distribution

231
230

432
430
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5) Data for Figure 6.4, 6.5 and 6.7
1) Tables for Column 1:
Column 1
Sample port-1
Distance = 2.5
cm
Days
3.1
4.6
6.2
7.7
15.4
23.1
30.8
38.5
46.2
53.8
61.5
69
72.3
73.8
75.4
76.9
84.6
92.3
93.8
95.4
96.9

P.V
20
30
40
50
100
150
200
250
300
350
400
450
470
480
490
500
550
600
610
620
630

Ce,
mg/L
0
0.21
0.9
1.8
2.6
3.9
6.4
9.3
9.5
9.9
10
10
10
10
10
10
10
10
10
10
10

Initial, Co,
mg/L
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10

Ce/Co
0
0.021
0.09
0.18
0.26
0.39
0.64
0.93
0.95
0.99
1
1
1
1
1
1
1
1
1
1
1

Removal
(%)
100
97.9
91
82
74
61
36
7
5
1
0
0
0
0
0
0
0
0
0
0
0
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98.5
100

640
650

10
10

10
10

1
1

0
0

Sample port 2
Distance= 4.5
cm
Days
3.1
4.6
6.2
7.7
15.4
23.1
30.8
38.5
46.2
53.8
61.5
69
72.3
73.8
75.4
76.9
84.6
92.3
93.8
95.4
96.9
98.5
100

P.V
20
30
40
50
100
150
200
250
300
350
400
450
470
480
490
500
550
600
610
620
630
640
650

Ce, mg/L
0.003
0.07
0.1
0.72
0.7
1.2
2.81
3.05
4.52
6.79
7.15
8.9
10
10
10
10
10
10
10
10
10
10
10

Initial, Co,
mg/L
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10

Ce/Co
0.0003
0.007
0.01
0.072
0.07
0.12
0.281
0.305
0.452
0.679
0.715
0.89
1
1
1
1
1
1
1
1
1
1
1

Removal (%)
99.97
99.3
99
92.8
93
88
71.9
69.5
54.8
32.1
28.5
11
0
0
0
0
0
0
0
0
0
0
0

Sample port 3
Distance= 7.5
cm
Days
3.1
4.6
6.2
7.7
15.4
23.1
30.8
38.5

P.V
20
30
40
50
100
150
200
250

Ce, mg/L
0
0.01
0.02
0.1
0.8
1.5
1.49
1.7

Initial, Co,
mg/L
10
10
10
10
10
10
10
10

Ce/Co
0
0.001
0.002
0.01
0.08
0.15
0.149
0.17

Removal
(%)
100
99.9
99.8
99
92
85
85.1
83
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46.2
53.8
61.5
69
72.3
73.8
75.4
76.9
84.6
92.3
93.8
95.4
96.9
98.5
100

300
350
400
450
470
480
490
500
550
600
610
620
630
640
650

2.59
3.9
4.5
5.6
6
7.8
8.3
9.8
10
10
10
10
10
10
10

10
10
10
10
10
10
10
10
10
10
10
10
10
10
10

0.259
0.39
0.45
0.56
0.6
0.78
0.83
0.98
1
1
1
1
1
1
1

74.1
61
55
44
40
22
17
2
0
0
0
0
0
0
0

Sample port 4
Distance= 10.16
cm
Days
7.7
15.4
23.1
30.8
38.5
46.2
53.8
61.5
69
72.3
73.8
75.4
76.9
84.6
92.3
93.8
95.4
96.9
98.5
100

2) Tables for Column 2:

P.V
50
100
150
200
250
300
350
400
450
470
480
490
500
550
600
610
620
630
640
650

Ce,
mg/L
0.007
0.06
0.12
0.1
0.14
0.19
0.29
0.5
1.9
2.9
4
6.3
7
8
9.5
10
10
10
10
10

Initial, Co,
mg/L
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10

Ce/Co
0.0007
0.006
0.012
0.01
0.014
0.019
0.029
0.05
0.19
0.29
0.4
0.63
0.7
0.8
0.95
1
1
1
1
1

Removal
(%)
99.93
99.4
98.8
99
98.6
98.1
97.1
95
81
71
60
37
30
20
5
0
0
0
0
0
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Column 2
Sample port-1
Distance = 2.5
cm
Days
7.7
15.4
23.1
29.2
38.5
44.6
53.8
63.1
69.2
72.3
75.4
78.5
81.5
84.6
93.8
95.4
96.9
98.5
100
101.5

P.V
50
100
150
190
250
290
350
410
450
470
490
510
530
550
610
620
630
640
650
660

Ce
0.08
0.5
3.9
5.64
6.2
7.61
8.31
9.9
9.9
10
10
10
10
10
10
10
10
10
10
10

Initial, Co,
mg/L
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10

Ce/Co
0.008
0.05
0.39
0.564
0.62
0.761
0.831
0.99
0.99
1
1
1
1
1
1
1
1
1
1
1

Removal
(%)
99.2
95
61
43.6
38
23.9
16.9
1
1
0
0
0
0
0
0
0
0
0
0
0

Sample port 2
Distance= 4.5
cm
Days
7.7
15.4
23.1
29.2
38.5
44.6
53.8
63.1
69.2
72.3
75.4
78.5
81.5
84.6
93.8
95.4

P.V
50
100
150
190
250
290
350
410
450
470
490
510
530
550
610
620

Ce,
mg/L
0.1
0.2
0.51
0.84
3.62
4.28
5.31
7.6
7.11
8.5
9.3
9.92
9.99
10
10
10

Initial, Co,
mg/L
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10

Ce/Co
0.01
0.02
0.051
0.084
0.362
0.428
0.531
0.76
0.711
0.85
0.93
0.992
0.999
1
1
1

Removal (%)
99
98
94.9
91.6
63.8
57.2
46.9
24
28.9
15
7
0.8
0.1
0
0
0
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96.9
98.5
100
101.5

630
640
650
660

10
10
10
10

10
10
10
10

1
1
1
1

0
0
0
0

Sample port
3
Distance= 7.5
cm
Days
7.7
15.4
23.1
29.2
38.5
44.6
53.8
63.1
69.2
72.3
75.4
78.5
81.5
84.6
93.8
95.4
96.9
98.5
100
101.5

P.V
50
100
150
190
250
290
350
410
450
470
490
510
530
550
610
620
630
640
650
660

Ce,
mg/L
0.006
0.078
0.091
0.31
0.87
1.2
1.49
2.5
4.9
5.1
6.69
8.2
8.9
9.7
10
10
10
10
10
10

Initial,
Co
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10

Ce/Co
0.0006
0.0078
0.0091
0.031
0.087
0.12
0.149
0.25
0.49
0.51
0.669
0.82
0.89
0.97
1
1
1
1
1
1

Removal (%)
99.94
99.22
99.09
96.9
91.3
88
85.1
75
51
49
33.1
18
11
3
0
0
0
0
0
0

Sample port 4
Distance= 10.16
cm
Days
7.7
15.4
23.1
29.2
38.5
44.6
53.8

P.V
50
100
150
190
250
290
350

Ce, mg/L
0.004
0.08
0.11
0.14
0.2
0.21
0.31

Initial, Co,
mg/L
10
10
10
10
10
10
10

Ce/Co
0.0004
0.008
0.011
0.014
0.02
0.021
0.031

Removal (%)
99.96
99.2
98.9
98.6
98
97.9
96.9
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63.1
69.2
72.3
75.4
78.5
81.5
84.6
93.8
95.4
96.9
98.5
100
101.5

410
450
470
490
510
530
550
610
620
630
640
650
660

0.6
1.11
1.5
3.3
4.22
5.24
7.7
9.28
10
10
10
10
10

10
10
10
10
10
10
10
10
10
10
10
10
10

0.06
0.111
0.15
0.33
0.422
0.524
0.77
0.928
1
1
1
1
1

94
88.9
85
67
57.8
47.6
23
7.2
0
0
0
0
0

3) Tables for Column 3:
Column 3
Sample port-1
distance = 2.5
cm
Days
3.6
5.5
7.3
9.1
18.2
27.3
36.4
45.5
54.5
63.6
72.7
81.8
85.5
87.3
89.1
90.9
100
109.1
110.9
112.7
114.5

P.V
20
30
40
50
100
150
200
250
300
350
400
450
470
480
490
500
550
600
610
620
630

Ce, mg/L
0
0.21
0.69
2.8
3.6
6.3
8.4
8.3
9.9
10
10
10
10
10
10
10
10
10
10
10
10

Initial, Co,
mg/L
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10

Ce/Co
0
0.021
0.069
0.28
0.36
0.63
0.84
0.83
0.99
1
1
1
1
1
1
1
1
1
1
1
1

Removal (%)
100
97.9
93.1
72
64
37
16
17
1
0
0
0
0
0
0
0
0
0
0
0
0
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116.4
118.2

640
650

10
10

10
10

1
1

0
0

Sample port-2
distance = 4.5
cm
Days
3.6
5.5
7.3
9.1
18.2
27.3
36.4
45.5
54.5
63.6
72.7
81.8
85.5
87.3
89.1
90.9
100
109.1
110.9
112.7
114.5
116.4
118.2

P.V
20
30
40
50
100
150
200
250
300
350
400
450
470
480
490
500
550
600
610
620
630
640
650

Ce, mg/L
0
0.11
0.49
1.8
1.6
2.3
3.4
6.3
7.39
8.2
9.7
9.9
10
10
10
10
10
10
10
10
10
10
10

Initial, Co,
mg/L
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10

Ce/Co
0
0.011
0.049
0.18
0.16
0.23
0.34
0.63
0.739
0.82
0.97
0.99
1
1
1
1
1
1
1
1
1
1
1

Removal
(%)
100
98.9
95.1
82
84
77
66
37
26.1
18
3
1
0
0
0
0
0
0
0
0
0
0
0

Sample port-3
distance = 6.25
cm
Days
3.6
5.5
7.3
9.1
18.2
27.3
36.4
45.5
54.5
63.6

P.V
20
30
40
50
100
150
200
250
300
350

Ce, mg/L
0
0.071
0.149
1.08
1.6
1.3
1.8
3.3
3.29
5.2

Initial, Co,
mg/L
10
10
10
10
10
10
10
10
10
10

Ce/Co
0
0.0071
0.0149
0.108
0.16
0.13
0.18
0.33
0.329
0.52

Removal (%)
100
99.29
98.51
89.2
84
87
82
67
67.1
48
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72.7
81.8
85.5
87.3
89.1
90.9
100
109.1
110.9
112.7
114.5
116.4
118.2

400
450
470
480
490
500
550
600
610
620
630
640
650

7.7
8.3
9.9
10
10
10
10
10
10
10
10
10
10

10
10
10
10
10
10
10
10
10
10
10
10
10

0.77
0.83
0.99
1
1
1
1
1
1
1
1
1
1

23
17
1
0
0
0
0
0
0
0
0
0
0

Ce/Co
0.003
0.00071
0.0049
0.008
0.02
0.04
0.03
0.13
0.209
0.32
0.47
0.53
0.69
0.7
0.92
0.99
1
1
1
1
1
1

Removal (%)
99.7
99.929
99.51
99.2
98
96
97
87
79.1
68
53
47
31
30
8
1
0
0
0
0
0
0

Sample port-4
distance = 8.5
cm
Days
9.1
18.2
27.3
36.4
45.5
54.5
63.6
72.7
81.8
85.5
87.3
89.1
90.9
100
109.1
110.9
112.7
114.5
116.4
118.2
120
121.8

P.V
50
100
150
200
250
300
350
400
450
470
480
490
500
550
600
610
620
630
640
650
660
670

Ce, mg/L
0.03
0.0071
0.049
0.08
0.2
0.4
0.3
1.3
2.09
3.2
4.7
5.3
6.9
7
9.2
9.9
10
10
10
10
10
10

Initial, Co,
mg/L
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
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125.5
129.1
136.4

690
710
750

10
10
10

10
10
10

1
1
1

0
0
0

Sample port-5
distance = 11.43
cm
Days
9.1
18.2
27.3
36.4
45.5
54.5
63.6
72.7
81.8
85.5
87.3
89.1
90.9
100
109.1
110.9
112.7
114.5
116.4
118.2
120
121.8
125.5
129.1
136.4

P.V
50
100
150
200
250
300
350
400
450
470
480
490
500
550
600
610
620
630
640
650
660
670
690
710
750

Ce, mg/L
0.009
0.05
0.0132
0.1
0.25
0.7
0.8
0.5
1.33
1.84
2.05
2.3
3.177
4.79
6.9
7.2
8.5
9.9
10
10
10
10
10
10
10

Initial, Co,
mg/L
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10
10

Ce/Co
0.0009
0.005
0.00132
0.01
0.025
0.07
0.08
0.05
0.133
0.184
0.205
0.23
0.3177
0.479
0.69
0.72
0.85
0.99
1
1
1
1
1
1
1

Removal
(%)
99.91
99.5
99.868
99
97.5
93
92
95
86.7
81.6
79.5
77
68.23
52.1
31
28
15
1
0
0
0
0
0
0
0
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6) Tables for Figure 6.8
a) Data for 0.5% saturation in column 1
Depth
4.5
7.5
10.16

Service time,
day
4
7
13.5

P.V
26
45.5
87.5

Ce,
mg/L
0.05
0.05
0.05

C/C0
0.005
0.005
0.005

b) Data for 90% saturation in column 1.
Depth
4.5
7.5
10.16

Service time,
day
69.5
76
88.5

P.V
451.5
494
575.3

Ce,
mg/L
0.05
9
9

C/C0
0.9
0.9
0.9

Ce,
mg/L
0.05
0.05
0.05

C/C0
0.005
0.005
0.005

c) Data for 0.5% saturation in column 2

Depth
4.5
7.5
10.16

Service time,
day
5
9
14

P.V
32.5
585
91

d) Data for 90% saturation in column 2
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Depth
4.5
7.5
10.16

Service time,
day
73.5
82
91

P.V
477.5
533
591.5

Ce,
mg/L
0.05
9
9

C/C0
0.9
0.9
0.9

7) Distribution coefficient calculation
Table A.5.5: Batch test results

Initial Conc. mg/L Final Conc (Ce)
0.1
0
1
0.12
2
0.32
3
0.495
4
0.7
5
0.95
8
1.688
10
2.36

% removal
100
88
84
83.5
82.5
81
78.9
76.4

q (mg/g)
0.00666667
0.05866667
0.112
0.167
0.22
0.27
0.4208
0.50933333
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Figure A.5.2: Linear Isotherm plot
Distribution Coefficient (KD) = qe/Ce= 0.2407 L/g.

8) Model results (for Figure 6.7)
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Column-1
THE DARCY VELOCITY (Flux) THROUGH THE LAYERS Va = 94.17 m/year
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Layer Properties
Layer

Thickness

Number of
Sublayers

1

0.1016 m

1

Coefficient of
Hydrodynamic
Dispersion
2
0.02823 m /day

Matrix
Distributon
Dry
Porosity Coefficient Density
0.39

3

0.22 m /kg

2.19
3
g/cm

Boundary Conditions
Contant Concentration
Source Concentration = 10 mg/L
Fixed Outflow Bottom Boundary
Landfill Length = 0.1016 m
Landfill Width = 1 m
Base Thickness = 0.1 mm
Base Porosity = 0.39
Base Outflow Velocity = 0.258 m/day

Laplace Transform Parameters
TAU = 7

N = 20

SIG = 0

RNU = 2

Calculated Concentrations at Selected Times and Depths
Time
day
7.7

Depth
m
0.000E+00
1.016E-01

Concentration
mg/L
1.000E+01
4.024E-06

15.4

0.000E+00
1.016E-01

1.000E+01
8.656E-03

23.1

0.000E+00
1.016E-01

1.000E+01
1.213E-01

30.8

0.000E+00
1.016E-01

1.000E+01
4.722E-01
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38.5

0.000E+00
1.016E-01

1.000E+01
1.093E+00

46.2

0.000E+00
1.016E-01

1.000E+01
1.944E+00

53.8

0.000E+00
1.016E-01

1.000E+01
2.952E+00

61.5

0.000E+00
1.016E-01

1.000E+01
4.094E+00

69

0.000E+00
1.016E-01

1.000E+01
5.283E+00

72.3

0.000E+00
1.016E-01

1.000E+01
5.823E+00

73.8

0.000E+00
1.016E-01

1.000E+01
6.072E+00

75.4

0.000E+00
1.016E-01

1.000E+01
6.338E+00

76.9

0.000E+00
1.016E-01

1.000E+01
6.589E+00

84.6

0.000E+00
1.016E-01

1.000E+01
7.892E+00

92.3

0.000E+00
1.016E-01

1.000E+01
9.209E+00

93.8

0.000E+00
1.016E-01

1.000E+01
9.467E+00

95.4

0.000E+00
1.016E-01

1.000E+01
9.742E+00

96.9

0.000E+00
1.016E-01

1.000E+01
1.000E+01

NOTICE
Although this program has been tested and experience would indicate that it is accurate within
the limits given by the assumptions of the theory used, we make no warranty as to workability of
this software or any other licensed material. No warranties either expressed or implied (including
warranties of fitness) shall apply. No responsibility is assumed for any errors, mistakes or
misrepresentations that may occur from the use of this computer program. The user accepts full
responsibility for assessing the validity and applicability of the results obtained with this program
for any specific case.
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Column-2
THE DARCY VELOCITY (Flux) THROUGH THE LAYERS Va = 96.36 m/year

Layer Properties
Layer

Thickness

Number of
Sublayers

1

0.1016 m

1

Coefficient of
Hydrodynamic
Dispersion
2
0.021756 m /day

Matrix Distributon Dry
Porosity Coefficient Density
0.4

3

0.21 m /kg 2.2 g/cm

3

Boundary Conditions
Contant Concentration
Source Concentration = 10 mg/L
Fixed Outflow Bottom Boundary
Landfill Length = 0.1016 m
Landfill Width = 1 m
Base Thickness = 0.1 mm
Base Porosity = 0.4
Base Outflow Velocity = 0.264 m/day

Laplace Transform Parameters
TAU = 7

N = 20

SIG = 0

RNU = 2

Calculated Concentrations at Selected Times and Depths
Time
day
7.7

Depth
m
0.000E+00
1.016E-01

Concentration
mg/L
1.000E+01
2.268E-07

15.4

0.000E+00

1.000E+01
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1.016E-01

2.330E-03

23.1

0.000E+00
1.016E-01

1.000E+01
5.495E-02

29.2

0.000E+00
1.016E-01

1.000E+01
2.121E-01

38.5

0.000E+00
1.016E-01

1.000E+01
7.508E-01

44.6

0.000E+00
1.016E-01

1.000E+01
1.310E+00

53.8

0.000E+00
1.016E-01

1.000E+01
2.421E+00

63.1

0.000E+00
1.016E-01

1.000E+01
3.802E+00

69.2

0.000E+00
1.016E-01

1.000E+01
4.813E+00

72.3

0.000E+00
1.016E-01

1.000E+01
5.352E+00

75.4

0.000E+00
1.016E-01

1.000E+01
5.904E+00

78.5

0.000E+00
1.016E-01

1.000E+01
6.470E+00

81.5

0.000E+00
1.016E-01

1.000E+01
7.027E+00

84.6

0.000E+00
1.016E-01

1.000E+01
7.611E+00

93.8

0.000E+00
1.016E-01

1.000E+01
9.390E+00

95.4

0.000E+00
1.016E-01

1.000E+01
9.704E+00

96.9

0.000E+00
1.016E-01

1.000E+01
1.000E+01

NOTICE
Although this program has been tested and experience would indicate that it is accurate within
the limits given by the assumptions of the theory used, we make no warranty as to workability of
this software or any other licensed material. No warranties either expressed or implied (including
warranties of fitness) shall apply. No responsibility is assumed for any errors, mistakes or
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misrepresentations that may occur from the use of this computer program. The user accepts full
responsibility for assessing the validity and applicability of the results obtained with this program
for any specific case.
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Column-3
THE DARCY VELOCITY (Flux) THROUGH THE LAYERS Va = 94.17 m/year

Layer Properties
Layer

Thickness

Number of
Sublayers

1

0.1143 m

1

Matrix Distributon Dry
Coefficient of
Hydrodynamic Porosity Coefficient Density
Dispersion
2
3
0.024985 m /day
0.41
0.21 m /kg
2.37
3
g/cm

Boundary Conditions
Contant Concentration
Source Concentration = 10 mg/L
Fixed Outflow Bottom Boundary
Landfill Length = 0.1143 m
Landfill Width = 1 m
Base Thickness = 0.1 mm
Base Porosity = 0.41
Base Outflow Velocity = 0.258 m/day

Laplace Transform Parameters
TAU = 7

N = 20

SIG = 0

RNU = 2

Calculated Concentrations at Selected Times and Depths
Time
day
9.1

Depth
m
0.000E+00

Concentration
mg/L
1.000E+01
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1.143E-01

2.956E-07

18.2

0.000E+00
1.143E-01

1.000E+01
2.545E-03

27.3

0.000E+00
1.143E-01

1.000E+01
5.658E-02

36.4

0.000E+00
1.143E-01

1.000E+01
2.776E-01

45.5

0.000E+00
1.143E-01

1.000E+01
7.381E-01

54.5

0.000E+00
1.143E-01

1.000E+01
1.430E+00

63.6

0.000E+00
1.143E-01

1.000E+01
2.335E+00

72.7

0.000E+00
1.143E-01

1.000E+01
3.402E+00

81.8

0.000E+00
1.143E-01

1.000E+01
4.591E+00

85.5

0.000E+00
1.143E-01

1.000E+01
5.101E+00

87.3

0.000E+00
1.143E-01

1.000E+01
5.354E+00

89.1

0.000E+00
1.143E-01

1.000E+01
5.610E+00

90.9

0.000E+00
1.143E-01

1.000E+01
5.868E+00

100

0.000E+00
1.143E-01

1.000E+01
7.207E+00

109.1

0.000E+00
1.143E-01

1.000E+01
8.590E+00

110.9

0.000E+00
1.143E-01

1.000E+01
8.867E+00

112.7

0.000E+00
1.143E-01

1.000E+01
9.145E+00

114.5

0.000E+00
1.143E-01

1.000E+01
9.424E+00

116.4

0.000E+00
1.143E-01

1.000E+01
9.719E+00

289

118.2

0.000E+00
1.143E-01

1.000E+01
1.000E+01

NOTICE
Although this program has been tested and experience would indicate that it is accurate within
the limits given by the assumptions of the theory used, we make no warranty as to workability of
this software or any other licensed material. No warranties either expressed or implied (including
warranties of fitness) shall apply. No responsibility is assumed for any errors, mistakes or
misrepresentations that may occur from the use of this computer program. The user accepts full
responsibility for assessing the validity and applicability of the results obtained with this program
for any specific case.
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